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Abstract 

 

Multi-scalar drivers of native bee community composition and 

population genetic structure in human-altered landscapes  

 

Kimberly M. Ballare, PhD 

The University of Texas at Austin, 2018 

 

Supervisor:  Shalene Jha 

 

One of the most well-documented ecological impacts of human-caused landscape 

change is the fragmentation of natural habitats by human infrastructure, with potential 

implications for 1) community composition, and 2) species-level gene flow patterns. By 

including quantifiable measurements of local habitat composition, regional land-use, and 

the composition of the landscape matrix in ecological studies, we can better understand 

how multi-scalar environmental factors drive changes in wildlife community composition 

and dispersal processes, and infer subsequent consequences for ecosystem functions and 

services across human-altered landscapes. Pollination is a critical ecosystem service 

driven in part by wildlife community composition and dispersal processes, but despite the 

importance of bee pollination for ecosystem function, very little is known about how 

land-use drives native bee community composition and their population gene-flow 

patterns. This research addresses this literature gap by investigating native bee 

communities (Chapter 1) and native bee gene flow (Chapter 2) across heterogeneous 

human-altered landscapes in Texas, and proposes methods for expanding conservation 

genetic research of pollinators using curated bee specimens (Chapter 3).  



 vi 

In Chapter 1, we conducted an extensive survey of bee communities across two 

urban landscape gradients in Austin and Dallas, Texas, USA comparing communities 

within agricultural and native grassland habitat types. In Chapter 2, we investigate the 

genetic structure and gene flow patterns of the native eastern carpenter bee, Xylocopa 

virginica across a 450 km corridor spanning multiple land-uses in Texas. In Chapter 3, 

we test the effects of sampling and curation methods on next-generation sequencing of 

three widespread North American native bee species. Our results indicate that the 

composition of regional land-use differentially impacts bee abundance and diversity 

depending on local habitat management and between bee functional groups, and that 

contemporary land-use as well as regional and fine-scale geographic distance influence 

the gene flow patterns of a large wood-nesting bee.  Lastly, we find that sampling and 

storage method influence sequence assembly quality, and that curated and trapped 

specimens can be successfully utilized for next-generation sequencing research.   
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Chapter 1. Multi-scalar drivers of biodiversity: local management 
mediates wild bee community response to regional urbanization 

ABSTRACT 

 It is critical to understand the specific drivers of biodiversity across multiple spatial 

scales, given the distinct management recommendations that may result at each scale, 

especially within rapidly urbanizing areas. However, drivers of biodiversity patterns and 

interactions between drivers are often only measured and modeled at a single scale. In this 

study, we assessed bee community composition at three time periods in 20 grassland and 20 

agriculture sites located across two major metroplexes. We examined how local 

environmental variables and surrounding landscape composition impact bee abundance, 

richness, and evenness, including comparisons between groups with different nesting 

strategies and body sizes. We collected nearly 13,000 specimens and identified 172 species. 

We found that levels of regional land-use differentially impacted bee abundance and 

diversity depending on local habitat management. Specifically, within agriculture sites, bee 

richness was greater with increasing landscape-level semi-natural habitat, while in grassland 

sites, bee richness was similar across landscapes regardless of semi-natural habitat cover. 

Bee evenness at both site types declined with increasing landscape-level habitat 

heterogeneity, due to an increase of rare species at the grassland sites, but not in the 

agricultural sites; further indicating that diversity is driven by the interaction of local habitat 

quality and landscape-level habitat composition. We additionally found that agriculture sites 

supported higher abundances, but not richness, of small-bodied and below-ground nesting 

bees, while grassland sites supported higher abundances of above-ground nesting bees, and 

higher richness of large-bodied species. Increased levels of local bare ground were 

significantly related to multiple metrics of bee diversity, including greater below-ground  
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nesting bee abundance and richness. Local floral richness was also significantly related to  

increases of overall bee abundance, as well as the abundance and richness of small bees. 

Overall, we suggest that local land managers can support bee abundance and diversity by 

conserving areas of bare soil and promoting native floral diversity, the latter especially 

critical in highly urban agricultural spaces. Our results provide the first documentation of 

significant interactions between local habitat management and landscape composition 

impacting insect communities in urban systems, indicating that bee conservation practices 

depend critically on land-use interactions across multiple spatial scales. 

INTRODUCTION 

Across the globe, terrestrial ecosystems are increasingly altered and fragmented by 

human-modified habitat, whereby anthropogenic land-use, including agricultural, industrial, 

peri-urban, and urban development, can occur within the heart of natural habitat. Landscape 

modification, which typically results in the loss and fragmentation of natural habitat, is one 

of the main drivers of biodiversity decline (Fahrig 2003, Fischer and Lindenmayer 2007), 

often resulting in altered species compositions, with an accompanying dominance of a 

handful of disturbance-tolerant species (Grimm et al. 2008b, Geslin et al. 2013), and 

decreased ecological function (Hooper et al. 2005, Wardle et al. 2011). Human-dominated 

landscapes are particularly important places to investigate biodiversity patterns, because 1) 

these landscapes continue to expand in size and number with human population growth 

(Vitousek et al. 1997), and 2) they help us understand the impacts of disturbance and habitat 

heterogeneity on biodiversity at multiple spatial scales (McDonnell and Pickett 1990). 

Despite this, biodiversity patterns in urban areas are not well understood and are 

often only investigated at the local scale, even though theoretical and empirical work 

indicate that local habitat composition likely interacts with landscape-level processes to 

influence species composition (Hille Ris Lambers et al. 2012). For example, some 

researchers have hypothesized that complex regional landscapes (typically defined as 
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landscapes with high amounts of semi-natural habitat) may positively impact species 

richness in structurally simple local habitats (i.e. agricultural or industrial areas) via 

dispersal from the regional landscapes.  In contrast, when high diversity is locally supported 

due to complex local habitats (i.e. in remnant natural habitat patches), the surrounding 

landscape may not markedly influence species richness in those areas (Tscharntke et al. 

2012, Lichtenberg et al. 2017). While tests of this “landscape-complexity hypothesis” 

(Tscharntke et al. 2012) have been useful for interpreting biodiversity patterns in 

agricultural systems (Batáry et al. 2007, Rundlof et al. 2008, Carvell et al. 2011, Jonsson et 

al. 2015), its relevance has yet to be explored in other areas, such as urban ecosystems. 

Further, there is increasing evidence that biodiversity underlies a number of key ecosystem 

services in urban areas (Schwarz et al. 2017); thus, it is vital to understand the mechanisms 

regulating the community composition of key ecosystem-service providing organisms 

within heterogeneous urban ecosystems.  

One particularly critical ecosystem service is pollination, where wild and managed 

bees are the most economically important pollinators in both managed and natural 

landscapes (Losey and Vaughan 2006, Gallai et al. 2009). In urban systems, farmers and 

gardeners are often entirely dependent on wild bee pollination services, given the many 

legal and financial restrictions on honey bee management within city limits (Salkin 2011). 

Further, given the national and global declines of wild and managed bee species (Bartomeus 

et al. 2013, Goulson et al. 2015), the increases in urban agriculture (Lin et al. 2015), and the 

increased cultivation of pollinator dependent crops worldwide (Aizen et al. 2008), there is 

increased concern over the pollination services received by both wild and cultivated plants 

in urbanized landscapes (Threlfall et al. 2015, Quistberg et al. 2016).  Although urbanization 

can threaten biodiversity, there are a few local habitat types within urban ecosystems that 

can support bee communities and are also uniquely sensitive to reductions in wild 

pollination services; two of these include 1) urban agricultural spaces (e.g. community 

gardens, urban farms) and 2) remnant grassland patches (e.g. nature preserves, natural 
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parkland). Urban farms and gardens have been shown to provide important habitat for bees 

and other taxa (Matteson et al. 2008, Lin et al. 2015), and the maintenance of urban prairies 

is becoming an increasingly common way to turn vacant lots into biodiversity refuges 

(Goddard et al. 2010, Gardiner et al. 2013).  However, it is currently unknown how the 

surrounding urban landscape composition interacts with local agriculture and prairie 

management to impact bee community composition. 

Past research has indicated that landscape processes can influence bee community 

composition, but the key landscape drivers have been distinct in many past study systems. 

At landscape scales (i.e. ≳	 2km), some studies have documented negative impacts of 

increasing regional urban cover on regional bee abundance and diversity (reviewed in 

Winfree et al. 2009), while others have found relatively high bee diversity in highly 

urbanized areas (e.g. Fortel et al. 2014, Baldock et al. 2015). One reason for this 

discrepancy may be the investigation of different landscape drivers in the past studies, 

where some studies have focused exclusively on landscape-level semi-natural habitat cover 

as a major predictor of bee abundance and diversity (Steffan-Dewenter 2003, Williams et al. 

2010), while others have focused on habitat heterogeneity or other land-cover types (e.g. 

agricultural land, Holzschuh et al. 2007).  Second and relatedly, because distinct bee groups 

require different habitats for nesting and foraging (Westrich 1996, Steffan-Dewenter et al. 

2002, Franzén and Nilsson 2009), responses to land-use and landscape diversity may also 

vary within distinct functional groups (Williams et al. 2010), and differences may not be 

captured in studies which only focus on metrics for the entire bee community. For example, 

bees with different maximum foraging distances (possibly correlated with body size, 

Greenleaf et al. 2007) may vary in their ability to colonize local sites from surrounding land-

use. Community composition of bees has been shown to shift towards larger-bodied bees in 

intensive agricultural landscapes (Steffan-Dewenter and Tscharntke 1999, but see Larsen et 

al. 2005), and greater persistence of pollinator species with longer dispersal abilities has 
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previously been documented in habitats fragmented by human land-use (Wood and Pullin 

2002, Jauker et al. 2009).  

Local habitat features may also differentially influence species colonization patterns 

(Williams and Kremen 2007, Hille Ris Lambers et al. 2012), and thus may additionally 

regulate the response of the whole community to landscape-level habitat cover (Tscharntke 

et al. 2005). For example, local habitats with higher levels of disturbance may support 

higher abundances of common and generalist species, as seen in previous bee studies 

(Threlfall et al. 2015) and in other taxa (Devictor et al. 2008, Mangels et al. 2017). Local 

management may also structure bee communities based on functional trait differences, for 

example different nesting strategies (Williams et al. 2010). Eighty percent of bee species 

nest underground, and it is hypothesized that ground-nesting bees experience decreased nest 

site availability in cities because of increased impervious surface and/or frequent soil 

disturbances (Ahrné et al. 2009). In contrast, some studies have shown that above-ground 

nesting species can be more abundant in urban areas than in surrounding continuous natural 

habitat (Cane et al. 2006, Matteson et al. 2008), presumably due to increased local nest site 

availability in human-associated materials such as firewood and built structures. Thus, 

investigations of landscape interactions with local management may be important for 

understanding responses of the whole bee community, as well as the distinct responses of 

body-size and nesting-based functional groups. 

To assess this, we compared bee community composition in urban grassland and 

agricultural fragments and investigated how local habitat management and landscape-level 

habitat composition affected the abundance, species richness, and evenness of all bees; we 

then specifically compared these drivers for above- and below-ground nesting species, and 

for species of both small and large body size classes. Although richness and abundance are 

the typical indices for assessments of native bee diversity, recent studies have shown that 

evenness is an important aspect to measure separate from richness, as richness is often 

strongly confounded with abundance, and high richness is often driven by increases in rare 
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species (e.g. Lichtenberg et al. 2017). While it has been reported that common species 

provide the majority of pollination services in some agricultural systems (Kleijn et al. 2015), 

it is likely that the presence of rare species contributes to ecosystem resilience and 

functional redundancy (Mouillot et al. 2013). This is especially important in human-

dominated ecosystems where local habitats are often dominated by large abundances of a 

small handful of disturbance-tolerant or “weedy” species. Therefore, patterns of diversity in 

urban ecosystems must be investigated using several metrics to truly address how local 

management and landscape context may affect ecosystem functioning across urban areas.   

Specifically, we asked the following three questions: 1) Does urban bee community 

composition differ between agriculture and grassland management?; 2) What local habitat 

features most correlate with abundance, species richness, and evenness of a) the full bee 

community, and b) bees with different nesting preferences and body sizes?; and 3) Does 

landscape context interact with local management to differentially affect abundance, species 

richness, and evenness of the full bee community and of the distinct nesting- and body-size 

based functional groups? 

METHODS 

Study Area 

 We conducted this research in 40 study sites within a ~350 km corridor from 

Central to Northeastern Texas,  spanning two of the fastest growing cities in the U.S. 

(Figure 1.1): 20 sites in each Dallas-Ft.Worth (centroid: -97.096429, 32.805049) and Austin  

(centroid: -97.890679, 30.329448).  Dallas-Ft. Worth is located in North-Central Texas, and 

is the fourth largest metropolitan area in the U.S. (Population Division 2017). The Austin 

metroplex is located on the southern end of the corridor, with an estimated 2.0 million 

people, and is currently the second fastest growing city in the U.S., exhibiting an increase in 

over 19% of the human population from 2010 to 2016 (Population Division 2017). Current 

land use is comprised of urban, suburban, cropland, pasture, and semi-natural habitats.  
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At the local scale, sites were categorized based on two main management styles: 1) 

grassland sites (20 sites total) which are herbaceous plant communities managed as wildlife 

refuges, state or city parks, or private grassland habitats and 2) agriculture sites (20 sites 

total) which are herbaceous plant communities managed as small-scale farms or community 

gardens (Figure 1.6; Table 1.3, Appendix). Grassland sites were dominated by native 

vegetation and had minimal disturbance regimes, including little to no human disturbance 

except for infrequent mowing (occurring 0-2 times per year). In contrast, agriculture sites 

were dominated by non-native species including crop and horticultural species, and much 

higher levels of local disturbance including frequent soil tillage, plant cultivation, and 

vegetation removal (occurring 2-5 times per month), typical of a small-scale farm or garden. 

Both management types were represented across the gradient of developed land, occurring 

in rural, peri-urban, and central urban areas (see Figure 1.1). Sites were located a minimum 

of 2 km apart to reflect bees’ typical maximum foraging distance (Greenleaf et al. 2007). At 

each site, we established a 50 x 50 m study plot, where all insect collection and vegetation 

surveys were conducted.  To document bees and flowering plants throughout the late spring 

growing season, we surveyed study plots three times in 2013; in the first weeks of May, 

June, and July.  Although central and northeastern Texas exhibits a roughly bimodal bloom 

period extending from February to October, we sampled during the late spring period only 

as this period has the least variable rainfall from year to year (Bomar 1995, Neff, 

unpublished data), and therefore sampling during this time is likely to produce the most 

representative sample of the typical bee community. 
 

Bee Collection 

Bees were collected across sites through a combination of standardized pan traps 

(Potts et al. 2005) and blue vane traps (LeBuhn et al. 2003, Stephen and Rao 2007) in each 

of the three sampling periods. Pan traps were made from 6 oz. Solo ® plastic bowls, either 
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painted fluorescent blue or yellow (Krylon ® brand paint) or left white and filled with soapy 

water. Vegetation above each trap was cleared to ensure traps were visible to flying insects. 

A total of 50 pan traps were placed one meter apart in an “X” formation at the center of each 

plot, alternating blue, white, and yellow traps (as per LeBuhn et al. 2003), and were 

collected after 24 hours. Immediately after the completion of pan trapping, four blue vane 

traps were suspended from a wooden stand one meter above the ground in the center of the 

plot for 5 days. Upon collection from both pan and blue vane traps, bees were preserved in 

100% EtOH, and later washed gently with soap and water, pinned, dried, and identified to 

species or morphospecies level.  Bees were classified as either above- or below-ground 

nesting based on information from published literature (Michener 2000) and taxonomic 

experts (Neff, personal communication). As per Benjamin and Reilly (2014), bees were 

classified into one of two body size groups based on measured intertegular distance (ITD); 

either small (< 2.25 mm), or large (≥ 2.25 mm). Mean ITD per species was calculated from 

measurements of five pinned specimens in our collection, or the maximum number 

available. ITD is a commonly used metric of bee body size (Cane 1987) that is likely 

correlated with maximum foraging and dispersal distance (Greenleaf et al. 2007). 

Local Vegetation Surveys 

During the three sampling periods, each plot was surveyed for local ground cover, 

canopy cover, and floral cover to provide information on potential foraging and nesting 

habitat. Specifically, these three types of cover were surveyed in 30 1 x 1 m quadrats, 

sampled in 3 transects of 10 quadrats which ran North-South in each plot, located at 10m, 

25m and 40m from the NW corner of the plot (as per Ritchie et al. 2016). Within each of the 

30 quadrats per plot, the following was assessed: number of inflorescences, percent cover 

live vegetation, percent cover dead vegetation/leaf litter, percent cover bare ground, percent 

cover rocky or impervious ground, and percent tree canopy cover.  All inflorescences of 
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forb or woody plant species in flower (grasses were not counted) were identified to species 

or morphospecies level.  

Landscape Characterization 

Landscape buffers were created with a radius of 2 km to reflect most bee’s 

maximum foraging distance around each sampled site in qGIS v. 2.14 (QGIS Development 

Team 2014) using the most up-to-date publicly available land use layers from the National 

Land Cover Database (NLCD , Homer et al. 2012) which provides land classification at a 30 

m resolution. To analyze the impact of landscape-level land cover, the percentage area of 11 

land-use types in the 2 km buffers were summed into three land cover categories 

representing broad differences in bee nesting and foraging habitat (as per Ritchie et al. 

2016): 1) Developed, comprised of High Intensity Developed, Medium Intensity Developed, 

Low Intensity Developed, and Developed Open Space (NLCD categories 21-24); 2) Pasture 

& Crop, comprised of Pasture/Hay and Agriculture Crops (NLCD categories 81-82); and 3) 

Semi-Natural, comprised of Deciduous Forest, Evergreen Forest, Mixed Forest, 

Grassland/Herbaceous, and Shrub/Scrub (NLCD categories 41-43, 71, 52). This 

combination also facilitated statistical analyses as these three terms were not highly 

collinear, unlike many of the individual land-use variables, allowing for early variable 

reduction.  Additionally, preliminary t-tests indicated that the amounts of each of these 

landscape types did not differ significantly between management types. In general, across 

all sites, developed land cover ranged from 0 to 98% within a 2 km radius of the sampling 

point.  As per Ritchie et al. (2016), we did not include the areas of open water, barren land, 

or inundated habitats (NLCD categories 11, 31, 90, 95) in these broad habitat categories, as 

these are not typically suitable bee nesting habitats, and made up less than 5% of land-use 

within the buffers. Finally, to acknowledge the potential role of habitat heterogeneity, in 

addition to the coverage of the three summed land cover categories, we quantified 

heterogeneity as the total number of land use patches of all 15 possible NLCD land use 
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types within each 2 km buffer, calculated using qGIS. This metric ranged from 376 total 

patches in the most homogenous buffer to 5206 patches in the most heterogenous buffer 

(also see Figure 1.1 for examples). This metric of heterogeneity is analogous to other 

measures of landscape heterogeneity (i.e. edge density), and is useful for describing 

gradients of habitat diversity in urban systems, especially when combined with class-level 

indices that describe the relative contributions of different land-uses (Luck and Wu 2002). 

Data Analysis 

All analyses were completed using R v 3.4.1 (R Core Team 2015). 

Bee community composition in agriculture and grassland management 

Differences in the bee community between the two management types were tested 

using permutational MANOVA (PERMANOVA, adonis function, R package: vegan) and 

visualized using non-metric multi-dimensional scaling (NMDS) using a Bray-Curtis 

similarity index (NMDS function, R package: vegan), following the recommended 

procedure in Minchin (1987). PERMANOVA has been shown to be a more powerful tool 

than other ordination methods (i.e. ANOSIM or Mantel tests) to detect changes in 

community structure of real ecological data in balanced designs (Anderson and Walsh 

2013). Because of low sample sizes at certain sites and sampling dates, we first pooled all 

bees collected at each site across the three sampling periods (as per Baldock et al. 2015, 40 

total samples), and then conducted the analyses using data from bee species that were 

present in more than one site. Preliminary analyses of log-transformed abundances showed 

that bee communities were significantly different between city regions (PERMANOVA, 

p=0.001), and so city was included as a stratum in the PERMANOVA analysis to account 

for the nested structure of the data. We then conducted the same analysis twice: first, using 

(log+1) transformed raw abundance data, and second, using only presence absence data to 

further reduce biased contributions of the more abundant species (Clarke 1993). The 
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contribution of each species to the Bray-Curtis dissimilarity between management types, 

and the probability of each species occurring in either agriculture or grassland sites, was 

analyzed using a similarity percentage analysis (SIMPER, Clarke 1993) using log (x+1) 

abundance and presence absence data with 1000 permutations (simper function, R package: 

vegan). SIMPER performs pairwise comparisons of species collected at each site and finds 

the average contributions of each species to overall Bray-Curtis dissimilarity, as well as the 

likelihood of each species occurring in one site type over another. To mitigate the tendency 

of SIMPER to preferentially detect more variable species as having between-group effects 

(Warton et al. 2011), we only considered species as significant drivers of community 

difference if they were significant in both the presence-absence and log (x+1) abundance 

transformations, and interpreted these species not as single drivers of community difference, 

but rather as indicator species of bee groups with different habitat preferences.  

Effects of local environmental drivers and landscape context on bee abundance and 
diversity in agriculture and grassland management  

To understand how different management types impact bee communities at multiple 

scales, we used linear mixed models (LMMs, R package:lme4) to examine differences 

between agriculture and grassland sites, as well as their local and landscape environmental 

conditions. Specifically, we examined effects on bee abundance, bee species richness 

(Chao1 , Chao 1984), and evenness (Evar, Smith and Wilson 1996) for 1) the total bee 

community, 2) above- and below-ground nesting bees, and 3) small- and large-bodied bees. 

Chao1 is an extrapolated measure of species richness which accounts for potential 

undersampling by estimating higher species richness for samples with more rare taxa 

present (Chao 1984). Evar ranges from 0 (one taxon present/dominant) to 1 (equal abundance 

for all taxa). Lower levels of Evar indicate a greater difference in abundance of common and 

rare taxa (i.e. lower evenness), and higher levels of Evar indicate a lower level of difference 

between the abundance of common and rare taxa (i.e. higher evenness, Smith and Wilson 
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1996). Evenness was only analyzed for samples where we collected at least three species (as 

per Lichtenberg et al. 2017). We used a normal distribution for all models, after log (x+1) 

transforming bee abundance and richness. In all models, we included the random effect of 

site nested within city to account for overdispersion and potential community differences 

based on geography of regions and individual sites (Zuur et al. 2009). For these linear mixed 

models, we analyzed bees collected at each site and sampling period as a separate sample 

(120 samples, 3 samples at each of 40 sites), with sampling date included as an additional 

random effect to account for the natural decline of floral abundance and diversity over the 

course of the season (Neff, unpublished data). The three response variables were modeled as 

a function of explanatory variables including management type (grassland or agriculture) 

and two sets of environmental variables: local variables (plot level) or landscape variables 

(within 2km of the center of the plot). Local variables included measurements of floral 

availability, ground cover, and canopy cover (Table 1.1; Figure 1.8, Appendix) and were 

included in the model as single terms to understand how local environmental variation 

affected bee communities regardless of the management type. To specifically investigate the 

landscape-complexity hypothesis within our urban system, landscape variables were 

included as interaction terms with management (sensu Batáry et al. 2007, Rundlof et al. 

2008) to analyze potential differences in the effect of surrounding landscape composition for 

the two management types. These included percentage of different land-uses and measures 

of habitat heterogeneity (Table 1.1).  All continuous variables were standardized using the 

scale function in R. The same explanatory variables were included in starting models for all 

response variables.  We tested for multiple collinearity using variance inflation scores (Fox 

and Weisberg 2014), eliminating variables from the model with VIF scores higher than 

three.  In each model, % developed land had a high VIF score and was co-linear with % 

semi-natural land.  The local variables % dead vegetation and % rocky ground also showed 

high VIF scores within each model. After removing these three explanatory variables from 

the initial models, all remaining variables showed VIF scores of approximately two or 
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lower, and so we proceeded constructing initial models including all remaining variables. 

All model residuals conformed to a normal distribution, and did not show evidence of 

spatial autocorrelation.  We then tested all combinations of the explanatory variables and 

conducted model selection via AIC using the MuMIn package. We constructed our final 

models by averaging all models within delta AIC <2  of the top model (Grueber et al. 2011) 

also using MuMin.  We report the full model average which incorporates relative variable 

importance to the averaged model, and is therefore a more conservative estimate of 

significant model factors than the conditional average which does not incorporate variable 

weights (Burnham and Anderson 2003). 

Finally, because low evenness can be caused by the outsized presence of rare or 

common species (Hillebrand et al. 2008), we conducted two separate post-hoc LMM’s for 

each resulting significant variable from the averaged model outputs for evenness. The 

response variables for these models were 1) the (log+1) number of rare species, and 2) the 

(log +1) number of common species in a sample. Following Lichtenburg et al. (2017), we 

classified a species as rare if abundance was <5% of total abundance for a sample, and 

common if  ≥5% of a sample. All post-hoc models consisted of one response variable and 

one explanatory variable from the evenness output and included the same random effects as 

described above.   

RESULTS 

We collected, preserved, and identified 12,654 bee specimens across the 40 sites, 

consisting of 172 species, 44 genera, and six families (Table 1.4, Appendix). We collected 

between 2 and 43 species and 6 and 1095 individuals at each site and sampling period. We 

found 39 species that were represented by a single specimen in the entire collection. 

Although European honey bees (Apis mellifera) were observed at some sites, the vast 

majority of specimens collected in traps were native species, with honey bees making up 

less than one percent of all bees collected (n=68). The most abundant species collected were 



 
 

 
 

14 

Lasioglossum coactum (3703), Lasioglossum hudsoniellum (1076), and Melissodes tepaneca 

(796). The most abundant genera were Lasioglossum and Mellissodes, representing 61% and 

12% of all specimens respectively. The most speciose genera were Lasioglossum (44 

species) and Megachile (18 species). Twenty species were morphospecies; 19 of these in the 

genus Lasioglossum, primarily in the subgenus Dialictus- a notoriously difficult group to 

assign taxonomy, and whose species have not yet been fully revised for Texas. Among the 

species we collected, 134 species were below-ground nesting (94% total specimens) and 34 

species were above-ground nesting (5%), with the remaining four species’ nesting location 

classified as unknown or variable between above- and below-ground habitats. These four 

species (<1%) were not included in nesting analyses. Small-bodied bees represented 83 

species (68%), and large-bodied bees 87 species (32%).  

Bee community composition in agriculture and grassland management 

PERMANOVA showed that bee community composition was significantly different 

between grassland and agriculture sites, both with log (x+1) transformed abundance data 

(p=0.003) and presence absence data (p=0.004). Visual separation of communities in NMDS 

analyses was similar between log (x+1) transformed abundance and presence-absence data 

(Figure 1.7, Appendix), and stress levels using two dimensions were slightly above 0.2 for 

both datasets. SIMPER analysis on transformed bee abundance and presence absence data 

did not reveal any species that contributed >4% to overall dissimilarity between 

communities of agriculture and grassland sites; thus no single species had a major 

disproportionate influence on the differences in communities between the two management 

types. However, some species were significantly more likely to be more abundant or occur 

in either agriculture or grassland sites. Specifically, in both presence-absence and abundance 

analyses, the representation of six species (including one morphospecies) was consistently 

significantly different between grassland and agriculture sites (See Table 1.5, Appendix for 

each species’ relative contribution to dissimilarity and significance for each analysis): 
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Lasioglossum longifrons , Lasioglossum sp. TX-18, Perdita ignota crawfordi, and 

Xenoglossa strenua were significantly more likely to be both present and abundant in 

agriculture sites, while Osmia subfasciata and Xylocopa virginica were significantly more 

likely to be present and abundant in grassland sites.  

Effect of local environmental drivers and landscape context on bee abundance and 
diversity in agriculture and grassland management 

Across response variables, model selection resulted in multiple models with delta 

AIC < 2; these top models were averaged incorporating the relative importance of each 

variable in the final averaged model (See Table 1.2; Tables S1.4-S1.5, Appendix).  

Abundance 

Mean overall bee abundance (±SE) across all sites was 105.45 (±11.17). Overall 

mean abundance at the agriculture sites was 125.11 (±19.05), and at the grassland sites was 

85.78 (±11.21), but this difference was not significant in the averaged model (p=0.648, 

Figure 1.2a), as local and landscape factors were better predictors of overall abundance than 

management type. At the local scale, across both management types, sites with higher levels 

of % bare ground (z=3.369, p=0.001, Figure 1.3a) and species richness of flowers (z=2.502, 

p=0.012) had significantly higher overall bee abundance. At the landscape scale, overall bee 

abundance was significantly positively affected by the amount of heterogeneity within 2km 

surrounding sites, but only at the grassland sites (z=2.710, p=0.007, Figure 1.4a), with a 

marginally significant negative effect on bee abundance at the agriculture sites (z=−1.817, 

p=0.069, Figure 1.4a).  

Mean above-ground nesting bee abundance (±SE) was 5.73 (± 0.69), and mean 

below-ground nesting bee abundance was 99.51 (±11.12). Above-ground nesting bees had 

significantly higher abundance at the grassland sites as compared to the agriculture sites 

(z=2.414, p=0.016, Figure 1.2b). At the local scale across management types, higher floral 

species richness had a significant positive relationship with abundance of both above 
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(z=2.230, p=0.026, Figure 1.3b) and below-ground nesting bees (z=2.327, p=0.020), and 

below-ground nesting species also had higher abundance with higher levels of % bare 

ground (z=3.488, p<0.001). Below-ground nesting bees at the grassland sites had 

significantly higher abundance with higher levels of surrounding landscape heterogeneity 

(z=3.265, p=0.001, Figure 1.4b), but at agriculture sites they had significantly lower 

abundance with higher levels of surrounding landscape heterogeneity (z=−2.310, p=0.021, 

Figure 1.4b).  

Mean small bee abundance was 71.53 (±10.21) and mean large bee abundance was 

33.92 (±3.72).  Small bees were significantly less abundant at the grassland sites than at the 

agriculture sites (z=−2.139, p=0.032, Figure 1.2c). At the local scale across management 

types, small bees were significantly more abundant at sites with higher levels of bare ground 

(z=2.629, p=0.009) and floral species richness (z=2.830, p=0.005). Large bees were also 

significantly more abundant with higher local levels of bare ground (z=2.697, p=0.007, 

Figure 1.3c). Small bees were significantly more abundant with a higher percentage of semi-

natural land, but only at agriculture sites (z=2.056, p=0.040), and were significantly more 

abundant if surrounded by higher levels of heterogeneity, but only at grassland sites 

(z=2.506, p=0.012). At the landscape scale, large bees were more abundant at sites with 

higher levels of surrounding pasture and cropland, but only in agriculture sites (z=2.638, 

p=0.008, Figure 1.4c).  

Species Richness 

Mean species richness (± SE) across all sites was 26.74 (±1.36). Species richness at 

agriculture sites was 26.97 (±1.87)), and at grassland sites was 26.50 (±2.01). At the local 

scale across management types, species richness increased significantly with increased bare 

ground (z=3.275, p=0.001, Figure 1.3d), and exhibited a marginally significant increase 

with % live vegetation (z=1.759, p=0.079). At the landscape scale, there were significantly 

more species with higher levels of surrounding % semi-natural land (z=2.742, p=0.006, 
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Figure 1.4d), and % pasture and crop (z=2.591, p=0.010), but only at the agriculture sites. 

There was not a significant difference in species richness with any landscape variable at the 

grassland sites.  

Mean above-ground nesting species richness (±SE) was 2.67 (±0.21), and mean 

below-ground nesting species richness was 22.02 (±1.18). No local or landscape variables 

were significantly correlated with species richness of above-ground nesting bees (Figure 

1.4e). At the local scale across management types, below-ground nesting bees had higher 

species richness at sites with higher levels of % bare ground (z=4.357, p<0.001, Figure 1.3e) 

and % live vegetation (z=2.684, p=0.007). 

Mean species richness of small bees was 11.77 (±0.73) and of large bees was 12.82 

(±0.77). Species richness of both size classes was mainly affected by local factors. 

Specifically, at the local scale across management types, small bees had significantly higher 

species richness with higher levels of floral species richness (z=2.878, p=0.004, Figure 

1.3f), and bare ground (z=2.352, p=0.019). There was a marginally significant positive 

effect on small bee species richness surrounded by higher levels of landscape heterogeneity, 

but only at the grassland sites (z=1.799, p=0.072, Figure 1.4f). Large bees had higher 

species richness at grassland sites (z=2.695, p=0.007, Figure 1.2c), and at sites with higher 

levels of bare ground (z=3.448, p=0.001, Figure 1.3c). There was a marginally significant 

positive effect of surrounding pasture and crop on large bee richness at the agriculture sites 

(z=1.926, p=0.054).  

Evenness 

Mean evenness (± SE) across all sites was 0.505 (±0.014); evenness at agriculture 

sites was 0.464 (±0.016), while evenness at grassland sites was 0.545 (±0.022), with 

grassland sites exhibiting marginally more evenness than agriculture sites (z=1.710, 

p=0.087). None of the local variables significantly affected overall evenness at the p<0.05 

level. At the landscape scale, evenness was significantly lower with higher levels of 



 
 

 
 

18 

surrounding heterogeneity, but only at the grassland sites (z=−2.314, p=0.021, Figure 1.4g). 

Post-hoc LMM’s for evenness found that there were marginally significantly more rare 

species at the grassland sites with increased landscape heterogeneity (df=20.00, t=1.987, 

p=0.060, Figure 1.5a), but there were not significantly more common species (df=20.20, 

t=−0.731, p=0.473, Figure 1.5a).  

 Mean evenness of above-ground nesting bees was 0.82 (±0.03), and of below-

ground nesting bees was 0.49 (±0.01). There were no significant local or landscape 

predictors of above-ground nesting evenness in the averaged model. At the local scale 

across management types, below-ground nesting bees had significantly lower evenness with 

higher amounts of bare ground (z=−2.043, p=0.041). Across management types, post-hoc 

LMM’s for evenness showed that sites with higher levels of bare ground had significantly 

more rare species (df=56.400, t=3.057, p=0.003), and no difference in common species 

(df=50.390, t=−0.537, p=0.593). At the grassland sites, below-ground nesting bees also had 

significantly lower evenness with higher levels of surrounding heterogeneity (z=−2.735, 

p=0.006, Figure 1.4h), but did not have significantly more rare (df=7.03, t=0.516, p=0.621) 

or common below-ground nesting species (df=20.00, t=-0.955, p=0.351). There was a 

marginally significantly higher level of evenness of below-ground nesting bees at the 

agriculture sites (z=1.667, p=0.095, Figure 1.4h). This was caused by agriculture sites with 

higher levels of landscape heterogeneity having significantly lower levels of rare below-

ground nesting species (df=18.30, t=−3.31, p=0.004), but there was no significant effect on 

number of common below-ground nesting species (df=19.51, t=−0.22, p=0.828).  

Mean evenness of small bees was 0.47 (± 0.02), and of large bees was 0.68 (±0.02). 

There were no significant predictors of evenness for large bees in the averaged models. For 

small bees, grassland sites had significantly higher evenness than agriculture sites (z=3.794, 

p<0.001, Figure 1.2c). Post-hoc LMM’s indicated that the grassland sites had significantly 

fewer rare small species than agriculture sites (df=33.58, t=−3.552, p=0.001), but there was 

no significant difference in common small species between the two management types 
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(df=24.38, t=1.60, p=0.123). Small bees had significantly less even communities with 

higher levels of surrounding semi-natural land (z=−3.729, p=0.001, Figure 1.4i) and 

landscape heterogeneity (z=−2.518, p=0.012), but only at the agriculture sites. Post-hoc 

LMM's indicated that agriculture sites with higher levels of semi-natural land had 

significantly more rare small species (df=21.28, t=2.532, p=0.0193, Figure 1.5c), while 

there was no difference in number of common small species (df=25.96, t=−1.21, p=0.237). 

In contrast, post-hoc LMM's indicated that agriculture sites with higher levels of landscape 

heterogeneity had significantly fewer small rare species (df=13.99, t=−2.717 p=0.0167, 

Figure 1.5b), but no significant effect of heterogeneity on the number of common species 

(df=15.442, t=1.143, p=0.270). 

DISCUSSION 

Our results provide the first documentation of significant local and landscape 

interactions in urban ecosystems. We found that the abundance and diversity of 

communities in locally simple habitats responded positively to landscape-level habitat 

complexity, while communities in locally complex habitats did not (as per Tscharntke et al. 

2012). In particular, we show that levels of surrounding semi-natural land, cropland, and 

habitat heterogeneity differentially impact bee abundance and diversity depending on the 

local habitat management as an agriculture or grassland site. We additionally found that 

local management type structured the bee community within different functional groups, 

and that floral richness and bare ground positively influenced bee abundance and diversity 

regardless of management type. 

Landscape context mediates bee abundance and diversity differently for agriculture 
and grassland habitats 

In theory, local disturbance regimes may mediate the effects of landscape 

composition on species diversity, whereby local differences in resource availability can 

determine the species capable of successfully colonizing from the surrounding landscape 
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(Tscharntke et al. 2012, Hille Ris Lambers et al. 2012). There is increasing evidence that 

local management interacts with landscape complexity to affect insect abundance and 

diversity in agricultural systems (Williams and Kremen 2007, Carvell et al. 2011, Kennedy 

et al. 2013, Lichtenberg et al. 2017), but similar studies in urban landscapes have been 

lacking. Past urban studies have instead often highlighted the importance of local habitat 

characteristics to bee communities, while documenting little to no impact of landscape-level 

habitat composition (e.g. Matteson and Langellotto 2010, Quistberg et al. 2016).  

Our results show that the species richness of the overall bee community was greater 

in landscapes with a higher percentage of semi-natural land, but only in sites where the local 

management was agriculture. This pattern suggests that agriculture sites likely have reduced 

local resources that limit the number of species able to persist without re-colonization from 

semi-natural habitat. Although agricultural areas can provide floral resources for native 

bees, including crop flowers and weeds (Westphal et al. 2003, Saunders et al. 2013), these 

areas are less likely to provide adequate habitat for bee species that nest in or collect pollen 

and nectar from semi-natural habitats (Westrich 1996). Our result reflects other studies 

which have also suggested that areas with limited rather than high quality pollinator 

resources at the local scale have more positive responses in pollinator diversity to 

landscape-level natural habitat availability (Kleijn and van Langevelde 2006, Lichtenberg et 

al. 2017). We also documented a greater abundance of small-bodied bees in agriculture sites 

with larger amounts of surrounding semi-natural land. Small bees are believed to have lower 

dispersal abilities (Greenleaf et al. 2007, but see Castilla et al. 2017), and therefore may be 

more likely to nest closer to foraging resources (Jauker et al. 2009, Carrié et al. 2017), 

which are often located in semi-natural habitat. Interestingly, in our agriculture sites, we 

also found that increases in semi-natural land led to decreases in the evenness of small-

bodied bees, which was due to an increase in the representation of rare species, highlighting 

a mechanism by which semi-natural land influences bee communities in urban agriculture. 

A recent meta-analysis suggests a similar mechanism, where agricultural landscapes with 
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higher levels of natural area supported less even pollinator communities, driven specifically 

by increases in the numbers of rare species (Lichtenberg et al. 2017). Although levels of 

resource specialization are not known for many of the species in our study, past studies have 

shown that specialists, which are often rare, tend to decline or are more rare in urban areas 

(Hernandez et al. 2009) and thus may be more dependent on semi-natural habitats for 

foraging and nesting resources (Harrison et al. 2017). 

We also found that surrounding pasture and cropland positively impacted overall bee 

species richness and large-bodied bee abundance, but again only at the agriculture sites. 

Much of the pasture and cropland present in our system was comprised of livestock grazing 

land, likely containing valuable floral forage for bees including native and non-native forb 

species and flowering trees. Large bees may benefit from crop forage (e.g. Westphal et al. 

2003), or may better navigate through altered landscapes due to increased flight abilities 

(Greenleaf et al. 2007).  Low-intensity agriculture, such as minimally-grazed grasslands or 

heterogeneous cropland, has been shown to promote biodiversity at a landscape scale 

(Freemark et al. 2002, Tscharntke et al. 2005, Fahrig et al. 2015), and our results support 

this pattern, indicating that some types of agricultural land-use can provide important habitat 

for bees, especially for larger species.   
In our study, landscape-level habitat heterogeneity had somewhat contrasting effects 

on bee communities between the two local habitat management types, especially in regards 

to bee evenness. We found that the patterns of lower evenness in the grassland sites were 

driven by an increase in the abundance of a few common species, as well as an increase in 

richness of rare species. Although higher levels of habitat heterogeneity suggests a more 

fragmented landscape, both common and rare bee species persisting in high-quality local 

habitat such as natural grasslands may benefit from the multiple land-use types in 

heterogeneous surrounding landscapes, as bees frequently use distinct habitat types for 

nesting and foraging (Westrich 1996, Winfree et al. 2007). Some studies have found that 



 
 

 
 

22 

moderate increases in human dominated land-use can increase abundance and species 

richness due to greater resource breadth that covers the diet and nesting requirements of 

more pollinator species, including rare species (Cane et al. 2006, Winfree et al. 2007, 

Matteson et al. 2008).  

In contrast, increased habitat heterogeneity surrounding agriculture sites led to a less 

even community for both below-ground nesting and small-bodied species, but this was not 

due to an increase in rare species at these sites; instead, the richness of rare below-ground 

nesting and small-bodied species declined. These sites were instead dominated by a few 

common species and had few or no rare species. For small-bodied bees, most of which nest 

below-ground, this result may be driven by the combined force of lower local habitat quality 

in the agriculture sites and fragmented surrounding habitat that small species may not as 

easily penetrate, preventing re-colonization of the agriculture sites by a more diverse bee 

community (sensu Hillebrand et al. 2008). Our results provide evidence that rarer small bees 

may be particularly sensitive to regional losses in semi-natural habitat and/or increases in 

habitat fragmentation, especially in agricultural areas that are more disturbed and have less 

diverse local habitat resources. Because rare taxa are likely important to ensure functional 

redundancy and resilience in ecosystem functions and services (Mouillot et al. 2013), our 

results suggest that urban farms and community gardens may be more vulnerable to losses 

in pollination service than more rural farms or grassland habitats across landscape gradients. 

Bee community composition is differentially influenced by agriculture and grassland 
management, but similar local environmental drivers influence bee abundance and 
diversity across sites  

Results from both LMM and community ordination analyses support the hypotheses 

that agriculture and grassland sites differ in their ability to support bees across a range of 
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nesting preferences and body sizes. Both species that were more likely to occur in grassland 

sites were above-ground nesting species: Xylocopa virginica is a large species that excavates 

nests in sound wood (Michener 2000), and Osmia subfasciata is a small species which 

makes its nests in pre-formed cavities (Neff and Simpson 1992). These results suggest that 

grassland sites may contain more resources to support bee species that utilize above-ground 

resources than the agriculture sites. Indeed, grassland sites had less frequent removal of 

woody debris and other potential nesting material, as well as higher levels of live vegetation 

as compared to the agriculture sites. Williams and colleagues (2010) similarly found that 

above-ground nesting bees were less abundant at more highly disturbed sites with higher 

levels of vegetation removal. Other studies have similarly shown that different land-use 

practices can produce different bee communities in urban environments worldwide (Pardee 

and Philpott 2014, Threlfall et al. 2015), and that this is often driven by nest site availability 

(Neame et al. 2013).  

The majority of the species in our collection are small and nest below-ground, and 

our regression analyses indicate that the availability of below-ground nesting habitat 

(represented by % bare ground) was consistently a significant predictor of bee abundance 

and diversity across both agriculture and grassland management. However, agriculture sites 

tended to have higher levels of bare soil, and SIMPER analyses showed that all four species 

that were significantly more likely to occur in agriculture sites nest below ground 

(Lasioglossum longifrons, L. sp. TX-18, Perdita ignota crawfordi, Xenoglossa strenua). This 

indicates that, despite having higher levels of surface-level soil disturbance, agriculture sites 

are able to provide crucial nesting habitat for below-ground nesting bees. Our finding is 

consistent with other studies which have shown that increased bare soil is significantly 

related to abundance and species richness of bees in urban community gardens (Quistberg et 

al. 2016).  

Floral species richness also had a significant positive effect on overall bee 

abundance, abundance of bees of both nesting groups, and the abundance and species 
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richness of small bees across both management types. Floral pollen and nectar are the 

primary food resources for bees at both adult and larval life stages (Michener 2000). Sites 

that have a more diverse flora may have more consistent pollen and nectar availability 

throughout the blooming season and between years, providing essential food resources that 

support greater offspring provision and contribute to a more abundant bee fauna (Roulston 

and Goodell 2011, Blaauw and Isaacs 2014). Our results are also in line with previous 

studies in urban systems, which have shown that bee abundance in urban areas was most 

positively correlated with local habitat characteristics including floral diversity (Matteson 

and Langellotto 2010, Hennig and Ghazoul 2012, Pardee and Philpott 2014, Quistberg et al. 

2016). 

Conservation implications and management recommendations 

Our data adds to the growing literature showing that urban areas can provide 

important bee habitat (Hall et al. 2017), and highlights the great potential that local- and 

landscape-specific management practices have to enhance urban bee biodiversity and 

conservation. Specifically, our study indicates that the best practices for supporting higher 

abundance and diversity of bees differs substantially depending on the local management 

goals as well as the landscape context. While bee diversity levels in grassland sites were 

similar across the urban/natural landscape gradient, agriculture sites did not support as 

diverse of a bee community when located in highly developed areas. Therefore, farms 

located within a more semi-natural landscape context may be able to leverage adjacent semi-

natural habitat fragments to augment wild bee communities and pollination service, while 

community gardens and farms with less semi-natural landscape context should focus on 

efforts to augment local habitat resources in order to support bee abundance and diversity in 

these areas.  

 Our results also show that both urban grasslands and agriculture sites have the 

opportunity to make small changes to their local habitat management that can have large 
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impacts on the bee community. First, a diversity of floral forage with a variety of blooming 

phenologies should be encouraged in both management types to ensure consistent nectar and 

pollen resources are available throughout the blooming season. Gardens and farms should 

include some native floral species in their plantings as this has been shown to promote bee 

diversity in urban gardens (Pardee and Philpott 2014). While we did not find a local 

environmental driver for above-ground nesting bee abundance other than grassland 

management, above-ground nesting habitat can generally be created by reducing or 

eliminating mowing, and by retaining some dead woody vegetation such as logs and shrub 

stems. Although artificial nest boxes may also be added where above-ground nesting 

resources are more scarce, the true utility of these may vary regionally and among species 

(MacIvor and Packer 2015).  We also strongly encourage the practice of maintaining 

patches of untilled, un-mulched, and non-compacted soil within urban green space to 

provide critical nesting habitat for below-ground nesting bees, the most common bee nesting 

type. Encouraging the maintenance of native floral forage, vegetation, and non-mulched 

areas of pervious soil can also benefit a wide variety of taxa in addition to bees in urban 

areas (McKinney 2002). City governments can implement these recommendations in both 

planned and existing urban green spaces to attract a more diverse group of bee pollinators 

with different life history traits. Given the global increases in human population size, 

expanding patterns of urban agriculture, and increased cultivation of pollinator-dependent 

crops, it is essential to manage urban green spaces for pollinator conservation in order to 

safeguard biodiversity and the associated ecosystem services it provides.  
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CHAPTER 1 TABLES 

Table 1.1  List of measured variables for linear mixed model analysis.  
 Indicates scale, type of effect (either fixed or random), and whether or not each was 
included in the initial model. Agriculture management was the intercept (i.e. reference 
category) in all models. After running models with all measured variables included, we 
dropped four explanatory variables (bottom four rows) from the initial models based on high 
Variance Inflation Factor (VIF) scores (>3): % Dead Vegetation and % Rocky Ground were 
dropped because they were highly negatively correlated with % live vegetation, % 
Developed Land within 2 km was dropped due to high negative correlations with % Semi-
Natural Land. 
 

Scale 
 
Measured Variable 

Type of 
Effect 

Included in 
Initial Models? 

Site Management Type (Grassland or Agriculture) Fixed Yes 
Local Floral Abundance   
 Floral Species Richness   
 % Live Vegetation   
 %Bare Ground   
 % Canopy Cover   
Landscape % Semi-Natural Land × Management Type   
 % Crop/Pasture × Management Type   
 Heterogeniety × Management Type   
NA Sample Date Random  
Local Site nested within City Region Random  
 % Dead Vegetation Fixed No 
 %Rocky or Impervious Ground   
Landscape % Developed Land    
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Table 1.2.  Full results of averaged linear mixed models for the full bee community.  
Averaged models include all models with AIC <2 for abundance, species richness (Chao1 index), and evenness (Evar index), as well as 
the number of models in which each variable was included.  *indicates p<0.05.  Agriculture management served as the reference 
category (intercept) for all models.  

 Abundance:  N models=9  Species Richness: N models =11  
 
Evenness: N models=15 
 

Scale Variable Estimate SE z value Pr(>|z|) 

 
N 
Models 
 

 Estimate SE z value Pr(|>z|) N 
Models  Estimate SE z value Pr(|>z|) N 

Models 

Local Management: 
Agriculture (Intercept) 4.267 0.171 24.684 <0.001* 9  3.191 0.071 44.665 <0.001* 11  0.489 0.023 20.621 <0.001* 15 

 Management: Grassland −0.098 0.212 −0.457 0.648 9  0.01 0.107 0.098 0.922 9  0.057 0.034 1.71 0.087 15 

 Floral Abundance −0.009 0.036 −0.256 0.798 2  −0.001 0.012 −0.033 0.974 1  −0.001 0.005 −0.192 0.847 2 

 Floral Species Richness 0.215 0.085 2.502 0.012* 9  −0.001 0.014 −0.047 0.963 1  −0.008 0.014 −0.536 0.592 5 

 % Vegetation 0.027 0.069 0.391 0.696 3  0.124 0.07 1.759 0.079 10  0.002 0.009 0.259 0.796 3 

 % Bare Ground 0.296 0.087 3.369 0.001* 9  0.197 0.06 3.275 0.001* 11  −0.026 0.018 −1.420 0.156 12 

 % Canopy Cover     0  −0.023 0.046 −0.487 0.626 3  −0.001 0.005 −0.101 0.919 2 

Landscape % Semi−Natural Land × 
Agriculture 0.106 0.112 0.943 0.346 6  0.18 0.065 2.742 0.006* 11      0 

 % Pasture and Crop × 
Agriculture 0.022 0.061 0.36 0.719 2  0.145 0.056 2.591 0.010* 11  0.0003 0.004 0.098 0.922 1 

 Heterogeniety × 
Agriculture −0.595 0.325 −1.817 0.069 9  0.099 0.105 0.931 0.352 9  0.055 0.041 1.323 0.186 15 

 % Semi−Natural Land × 
Grassland 0.003 0.048 0.053 0.958 1  −0.188 0.126 −1.478 0.139 9  −0.001 0.007 −0.070 0.944 1 

 % Pasture and Crop × 
Grassland     0  −0.004 0.029 −0.140 0.889 1      0 

 Heterogeniety × 
Grassland 0.783 0.286 2.71 0.007* 9  0.018 0.077 0.233 0.816 2  −0.100 0.042 −2.314 0.021* 15 
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CHAPTER 1 FIGURES 

 

Figure 1.1. Map of study sites.  

 a) in Texas, N. America (inset) showing broadly defined land-use categories (white is 
Developed, light gray is Semi-Natural, and dark gray is Pasture and Crop). The location of 
b) 20 study sites in Dallas city region (centroid: -97.096429, 32.805049) and c) 20 study 
sites in Austin city region (centroid: -97.890679, 30.329448), where agriculture sites are 
shown as black circles, and grassland sites are shown as white circles. An example of 2 km 
buffer at site with d) low landscape heterogeneity and e) high landscape heterogeneity, 
where patches of different NLCD land-cover types are outlined in black. 
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Figure 1.2.  Effects of local habitat management on mean bee abundance, species richness 
(Chao1 index), and evenness (Evar).  

Cohen’s d effect size with 95% CI of Agriculture management for a) the full bee 
community, b) above and below ground nesting bees, and c) small and large bees.  A “*” 
above an effect size denotes a significant (p<0.05) difference found between Agriculture 
and Grassland management in Linear Mixed-Effects models (Table 1.2; Tables S1.4-S1.5, 
Appendix). 
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Figure 1.3. Selected significant local effects on the bee community.   

a-c) bee abundance and d-e) bee richness for the full bee community (a,d), nesting groups 
(above- or below-ground nesting bees; b,e) and size groups (large or small bees, measured 
by intertegular distance; c,f). Trendlines were made from the linear model relationship 
between the two variables (R package: ggplot2).  
  

a) b) c)

d) e) f)
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Figure 1.4. Selected landscape effects on (a-c) bee abundance, (d-f) species richness, and (g-
i)  bee evenness.  

Scatterplots show results for the full bee community (a,d,g), nesting groups (above or 
below-ground nesting bees; b,e,h), and size groups (large or small bees; c,f,i). Grassland 
management is shown in gray and agriculture management is shown in black. Trendlines are 
shown for significant(p <0.05, solid line) and marginally significant (p<0.10, dashed line) 
relationships, and  made from the linear model relationship between the two variables (R 
package: ggplot2). Heterogeneity (total number of land-use patches) was log transformed 
for plot visualization but was not transformed in the models. 
  

Fig 4

a) b) c)

d) e) f)

g) h) i)
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Figure 1.5. Select results of post-hoc LMM tests on landscape factors contributing to 
decreases in evenness of a) total bees, b) below-ground nesting bees, and c) 
small bees.  

Richness of rare species (open circles, solid trendline) and common species (open diamonds, 
dashed trendline) is shown for each group. Symbols indicate a significant (** indicates 
p<0.01, * <0.05) or marginally significant († indicates <0.10) relationship for number of 
rare species.  There were no significant relationships found between any variable and 
number of common species. Trendlines were made from the linear model relationship 
between the two variables (R package: ggplot2). Heterogeneity (total number of land-use 
patches) was log transformed for plot visualization but was not transformed in the models. 
  

a) b) c)

† ** *
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CHAPTER 1 APPENDIX  

 

Figure 1.6  Examples of typical collection sites. 
Sites included a) grassland sites, which included semi-natural parkland or prairie fragments,  
and b) agriculture sites, which included small commercial farms and community gardens. 
  

a) b)
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Figure 1.7.  Non-metric multidimensional scaling (NMDS) of the sampled bee community  
NMDS plots show analyses comparing bee communities in grassland (gray triangles) and 
agriculture sites (black circles), using a) log (+1) abundance and b) presence-absence data of 
bees that were sampled in more than one site, using a Bray-Curtis similarity index.  Ellipses 
represent 95% confidence intervals for either grassland or agriculture sites.   
  

a) b)2D stress: 0.218 2D stress: 0.225
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Figure 1.8.  Standard boxplots showing the relative amounts of a) live vegetation, b) canopy 
cover, c) bare ground, d) floral abundance, and c) floral species richness 
between agriculture (black) and grassland (gray) management.  

  

a)

b)

c)

d)

e)
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Table 1.3  Individual site information including site name, city location, management type, 
geographical location and property size in hectares.   

Property size reflects the legal property boundaries and was obtained from directly from site 
managers, online information, or by polygon calculation in Google Earth. 
 

Site Name City Region Management Type Latitude Longitude 

Approximate  
Property Size 
 (hectares) 

Bastrop Gardens Austin Agriculture 30.1574 -97.4917 3.8 
Brackenridge Field Laboratory (BFL) Austin Grassland 30.2843 -97.7813 33.02 
Clear Creek Natural Heritage Dallas Grassland 33.262 -97.0649 1173.588 
Commerce Community Garden Dallas Agriculture 33.2444 -95.9143 0.129 
Common Ground Community Garden Dallas Agriculture 32.845 -97.2147 0.225 
Connemara Prarie Dallas Grassland 33.0828 -96.7034 29.13 
County Line Prairie Dallas Grassland 33.2662 -96.2955 8.093 
Creekwater Ranch Dallas Agriculture 32.5628 -98.1479 2.79 
Deer Park at Maple Run Austin Grassland 30.2034 -97.8626 13.435 
Elisabet Ney Museum (ENM) Austin Grassland 30.3068 -97.7267 1.245 
Festival Beach Community Garden Austin Agriculture 30.2536 -97.735 0.979 
Gnsimer Farms Dallas Agriculture 32.6962 -97.151 3.593 
Green Gate Farms Austin Agriculture 30.2862 -97.6351 3.156 
Harry Moss Park Dallas Grassland 32.893 -96.7476 103.195 
Heard Natural Science Museum Dallas Grassland 33.1602 -96.6189 116.954 
Henrietta Orchard Dallas Agriculture 32.987 -97.2943 1.46 
Homestead Farm Dallas Agriculture 32.938 -97.273 0.542 
Hornsby Bend Austin Grassland 30.2358 -97.6462 485.623 
Indiangrass Wildlife Sanctuary Austin Grassland 30.3082 -97.5933 80.937 
Johnson's Backyard Garden (JBG) Austin Agriculture 30.1913 -97.521 70.415 
Lake Whitney State Park Dallas Grassland 31.9246 -97.3556 313.631 
Lewisville Lake Environmental Learning Area Dallas Grassland 33.0634 -96.9377 1307.944 
M&J Farms Austin Agriculture 30.457 -98.3311 7.85 
Majestic Orchards Dallas Agriculture 32.0325 -97.2853 13.354 
McKinney Roughs Nature Park Austin Grassland 30.1444 -97.4568 461.341 
Mineral Wells State Park Dallas Grassland 32.8114 -98.0282 1328.404 
Onion Creek Wildlife Sanctuary Austin Grassland 30.1978 -97.6137 114.121 
Pedernales Falls State Park Austin Grassland 30.3321 -98.259 2109.027 
Promise of Peace Community Garden Dallas Agriculture 32.8092 -96.7307 0.202 
R&C Ranch Dallas Agriculture 33.5315 -96.9096 12.504 
Ray Roberts Lake State Park Dallas Grassland 33.3517 -97.0905 132.34 
Springdale Farms Austin Agriculture 30.2571 -97.6991 1.626 
Stengl Lost Pines Field Station Austin Grassland 30.0851 -97.173 84.174 
Stephenson Nature Preserve Austin Grassland 30.2063 -97.8267 56.656 
Sunshine Community Garden Austin Agriculture 30.3171 -97.7364 1.752 
Sweetberry Farm Austin Agriculture 30.6059 -98.3043 11.331 
Trinity Audubon Center Dallas Grassland 32.7092 -96.7067 40.468 
Twin Oaks Blueberry Farm Dallas Agriculture 33.1839 -95.9296 4.451 
Urban Roots Farm Austin Agriculture 30.2629 -97.6645 0.963 
UT Concho Community Garden Austin Agriculture 30.2821 -97.7258 0.082 
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Table 1.4. List of 172 bee species collected at 40 sites along two urban gradients in Austin 
and Dallas, TX, USA.  

Includes nesting location (above or below ground), body size category based on measured 
intertegular distance (ITD; small < 2.25 mm ITD or large > 2.25 mm ITD), and the total number 
collected.  
 

Family Species Nest Location Size n collected 
Andrenidae Andrena crawfordi below large 3 
 Andrena krigiana below small 1 
 Andrena melanochroa below small 2 
 Andrena rudbeckiae below large 1 
 Andrena sitiliae below large 13 
 Calliopsis andreniformis below small 5 
 Calliopsis hondurasica below small 2 
 Peponapis pruinosa below large 57 
 Perdita albipennis albipennis below small 1 
 Perdita foveata below small 1 
 Perdita ignota crawfordi* below small 11 
 Perdita ignota isopappi* below small 19 
 Perdita perpulchra flavidior* below small 1 
 Perdita perpulchra punctatissima* below small 1 
 Perdita xanthisma below small 15 
Apidae Ancyloscelis apiformis below small 60 
 Ancyloscelis sejunctus below small 10 
 Anthophora californica below large 8 
 Anthophora capistrata below large 4 
 Anthophora fedorica below large 4 
 Anthophora occidentalis below large 260 
 Anthophorula compactula below small 1 
 Anthophorula completa below small 2 
 Apis mellifera above large 68 
 Bombus auricomus below large 1 
 Bombus griseocollis below large 1 
 Bombus pensylvanicus below large 141 
 Centris atripes below large 3 
 Centris lanosa below large 7 
 Ceratina calcarata above small 1 
 Ceratina cockerelli above small 5 
 Ceratina diodonta above small 3 
 Ceratina dupla above small 1 
 Ceratina shinnersi above small 98 
 Ceratina strenua above small 53 
 Diadasia afflicta below large 5 
 Diadasia australis below large 4 
 Diadasia diminuta below large 2 
 Diadasia enavata below large 325 
 Diadasia ochracea below large 13 
 Diadasia piercei below large 2 
 Diadasia rinconis below large 161 
 Epeolus interruptus below small 1 
 Eucera hamata below large 8 
 Eucera rosae below large 1 
 Exomalopsis solani below small 2 
 Leiopodus singularis unknown§ large 1 
 Melissodes bimaculata below large 344 
 Melissodes communis below large 246 
 Melissodes coreopsis below large 134 
 Melissodes denticulata below small 1 
 Melissodes fimbriata below large 1 



 
 

38 
 

Table 1.4, cont. 
 Melissodes rivalis below large 5 
 Melissodes tepaneca below large 795 
 Melissodes tristis below large 10 
 Melissodes wheeleri below large 6 
 Melissoptila otomita below large 21 
 Melitoma marginella below large 13 
 Melitoma taurea below large 2 
 Neolarra cockerelli below small 1 
 Nomada texana below small 1 
 Ptilothrix bombiformis below large 197 
 Svastra atripes below large 150 
 Svastra grandissima below large 4 
 Svastra obliqua below large 56 
 Svastra petulca below large 30 
 Triepeolus lunatus below large 2 
 Triepeolus rhododontus below large 4 
 Triepeolus subnitens below large 1 
 Xenoglossa kansensis below large 25 
 Xenoglossa strenua below large 65 
 Xylocopa micans above large 1 
 Xylocopa tabaniformis parkinsoniae above large 6 
 Xylocopa varipuncta above large 3 
 Xylocopa virginica above large 221 
Colletidae Colletes birkmanni below large 2 
 Colletes mandibularis below large 2 
 Colletes texanus below large 12 
 Colletes willistoni below large 2 
Halictidae Agapostemon angelicus‡ below small 2 
 Agapostemon melliventris below small 4 
 Agapostemon splendens below large 2 
 Agapostemon texanus‡ below small 40 
 Agapostemon texanus/angelicus‡ below large 331 
 Augochlorella aurata below small 14 
 Augochloropsis metallica below large 36 
 Augochloropsis sumptuosa below large 7 
 Halictus ligatus below small 111 
 Halictus parallelus below large 2 
 Halictus tripartitus below small 184 
 Lasioglossum (Dialictus) sp.TX-01† below small 62 
 Lasioglossum (Dialictus) sp.TX-02† below small 4 
 Lasioglossum (Dialictus) sp.TX-03† below small 776 
 Lasioglossum (Dialictus) sp.TX-06† below small 11 
 Lasioglossum (Dialictus) sp.TX-14† below small 157 
 Lasioglossum (Dialictus) sp.TX-16† below small 440 
 Lasioglossum (Dialictus) sp.TX-17† below small 7 
 Lasioglossum (Dialictus) sp.TX-18† below small 4 
 Lasioglossum (Dialictus) sp.TX-24† below small 7 
 Lasioglossum (Dialictus) sp.TX-26† below small 9 
 Lasioglossum (Dialictus) sp.TX-31† below small 1 
 Lasioglossum (Dialictus) sp.TX-32† below small 30 
 Lasioglossum (Dialictus) sp.TX-33† below small 10 
 Lasioglossum (Dialictus) sp.TX-34† below small 265 
 Lasioglossum (Dialictus) sp.TX-35† below small 11 
 Lasioglossum (Dialictus) sp.TX-37† below small 3 
 Lasioglossum (Dialictus) sp.TX-38† below small 1 
 Lasioglossum (Hemihalictus) sp. TX-01† below small 10 
 Lasioglossum (Sphecodogastra) sp. DF-01† below small 2 
 Lasioglossum bardum below small 348 
 Lasioglossum bruneri below small 125 
 Lasioglossum callidum below small 28 
 Lasioglossum coactum below small 3703 
 Lasioglossum connexum below small 109 
 Lasioglossum coreopsis below small 16 
 Lasioglossum creberrimum below small 1 
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Table 1.4, cont. 
 Lasioglossum cressonii below small 4 
 Lasioglossum disparile below small 117 
 Lasioglossum fedorense below small 8 
 Lasioglossum floridanum below small 11 
 Lasioglossum hitchensi below small 4 
 Lasioglossum hudsoniellum below small 1076 
 Lasioglossum hunteri below small 39 
 Lasioglossum illinoense below small 44 
 Lasioglossum imitatum below small 31 
 Lasioglossum longifrons below small 13 
 Lasioglossum lusorium below small 8 
 Lasioglossum lustrans below small 14 
 Lasioglossum nelumbonis below small 1 
 Lasioglossum pectorale below small 16 
 Lasioglossum semicaeruleum below small 8 
 Lasioglossum tegulare below small 284 
 Lasioglossum texanum below small 2 
 Lasioglossum vierecki below small 8 
 Nomia nortoni below large 4 
 Sphecodes sp. TX-05† below small 10 
Megachilidae Ashmeadiella bucconis above small 1 
 Ashmeadiella meliloti above small 1 
 Coelioxys edita unknown§ large 1 
 Dianthidium curvatum above large 32 
 Dianthidium heterulkei fraternum above large 3 
 Dianthidium subrufulum above large 10 
 Dianthidium texanum above large 1 
 Heriades variolosa above small 6 
 Hoplitis pilosifrons above small 5 
 Hoplitis producta above small 2 
 Lithurgopsis gibbosa above large 21 
 Lithurgopsis littoralis above large 1 
 Megachile amica below large 1 
 Megachile brevis above and below§ large 23 
 Megachile casadae below large 1 
 Megachile comata unknown§ large 20 
 Megachile concinna above large 1 
 Megachile exilis above large 2 
 Megachile fortis below large 10 
 Megachile gentilis above and below§ large 1 
 Megachile inimica above large 5 
 Megachile montivaga above large 16 
 Megachile mucorosa below large 2 
 Megachile oenotherae below large 1 
 Megachile parallela below large 3 
 Megachile parksi below large 1 
 Megachile policaris above large 3 
 Megachile prosopidis above large 7 
 Megachile rotundata above large 3 
 Megachile townsendiana below large 1 
 Osmia chalybea above large 7 
 Osmia conjuncta above small 17 
 Osmia subfasciata above small 100 
 Osmia texana above large 12 
 Stelis lateralis above small 1 
Melittidae Hesperapis n. sp. TX-01¶  below large 4 

 

*Perdita subspecies were analyzed as separate species. 
‡Agapostemon texanus and A. angelicus males are morphologically distinct, but females are not. For all 
statistical analyses, males and females of these species were combined and analyzed as one species.  
†Morphospecies use J. Neff collection names.  
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§In rare cases the nesting behavior was unknown or was classified as variable between above- and below- 
ground nesting.  These species were removed from the nesting analysis but included in other community and 
diversity analyses.   
¶Hesperapis n. sp. TX-01 refers to unpublished manuscript species H. “infuscata” (Stage 1966).  
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Table 1.5.  Results of abundance and presence-absence SIMPER analysis with 1000 
permutations for species that occurred at more than one site.  

This includes each species relative % contribution to overall Bray-Curtis dissimilarity 
between grassland and agriculture sites, and significance value indicating if the species was 
more likely to occur at one management type over the other (p<0.05 in bold).   Table also 
includes number of each species collected at grassland and agriculture sites, as well as the 
total number of sites where each species was collected.   
    Simper 

Results   

    Abundance  Presence-Absence 

Bee Species n 
Grassland 

n 
Agriculture 

 n Sites 
Collected 

% 
Contribution P-value  % 

Contribution P-value 

Agapostemon melliventris 3 1 2 0.157 0.949  0.275 0.590 
Agapostemon splendens 1 1 2 0.108 0.915  0.256 0.863 
Agapostemon texanus/angelicus* 112 261 35 2.305 0.068  0.739 0.276 
Ancyloscelis apiformis 20 40 10 1.252 0.349  1.148 0.310 
Ancyloscelis sejunctus 6 4 4 0.337 0.891  0.483 0.672 
Andrena crawfordi 1 2 2 0.146 0.849  0.270 0.815 
Andrena melanochroa 2 0 2 0.132 0.411  0.308 0.397 
Andrena sitiliae 2 11 7 0.508 0.133  0.837 0.334 
Anthophora californica 6 2 6 0.376 0.794  0.774 0.612 
Anthophora capistrata 2 2 4 0.250 0.632  0.569 0.644 
Anthophora fedorica 0 4 2 0.153 0.075  0.268 0.149 
Anthophora occidentalis 75 185 11 1.450 0.951  1.205 0.753 
Anthophorula completa 1 1 2 0.120 0.903  0.281 0.854 
Apis mellifera 28 40 23 1.533 0.136  1.660 0.060 
Augochlorella aurata 14 0 5 0.501 0.062  0.790 0.032 
Augochloropsis metallica 22 14 16 1.051 0.582  1.521 0.413 
Augochloropsis sumptuosa 6 1 3 0.268 0.947  0.411 0.865 
Bombus pensylvanicus 49 92 22 1.876 0.583  1.595 0.334 
Calliopsis andreniformis 5 0 2 0.200 0.800  0.302 0.409 
Calliopsis hondurasica 0 2 2 0.126 0.061  0.284 0.126 
Centris atripes 2 1 3 0.182 0.930  0.463 0.820 
Centris lanosa 7 0 2 0.290 0.469  0.344 0.349 
Ceratina cockerelli 5 0 4 0.298 0.113  0.615 0.109 
Ceratina diodonta 2 1 3 0.188 0.648  0.432 0.855 
Ceratina shinnersi 21 77 21 1.931 0.027  1.658 0.133 
Ceratina strenua 41 12 14 1.254 0.321  1.480 0.236 
Colletes mandibularis 0 2 2 0.121 0.069  0.308 0.106 
Colletes texanus 4 8 8 0.526 0.446  0.981 0.428 
Colletes willistoni 0 2 2 0.107 0.089  0.253 0.168 
Diadasia afflicta 2 3 5 0.255 0.405  0.644 0.386 
Diadasia australis 2 2 3 0.215 0.238  0.442 0.252 
Diadasia diminuta 1 1 2 0.090 0.921  0.224 0.889 
Diadasia enavata 189 136 28 2.492 0.786  1.372 0.750 
Diadasia ochracea 4 9 8 0.515 0.376  0.943 0.719 
Diadasia rinconis 101 60 32 1.713 0.740  1.035 0.825 
Dianthidium curvatum 13 19 14 1.055 0.289  1.468 0.215 
Dianthidium heterulkei fraternum 3 0 2 0.174 0.475  0.324 0.383 
Dianthidium subrufulum 3 7 5 0.392 0.500  0.641 0.771 
Eucera hamata 2 6 3 0.267 0.558  0.430 0.500 
Halictus ligatus 30 81 29 1.676 0.093  1.281 0.459 
Halictus parallelus 1 1 2 0.112 0.900  0.272 0.829 
Halictus tripartitus 90 94 13 1.660 0.690  1.377 0.294 
Heriades variolosa 3 3 5 0.299 0.603  0.651 0.858 
Hesperapis n.sp. TX-01‡ 3 1 3 0.188 0.970  0.374 0.896 
Hoplitis pilosifrons 4 1 3 0.279 0.776  0.444 0.832 
Lasioglossum (Dialictus) sp. TX-01† 10 52 17 1.304 0.099  1.576 0.180 
Lasioglossum (Dialictus) sp. TX-02† 4 0 3 0.208 0.239  0.449 0.178 
Lasioglossum (Dialictus) sp. TX-03† 454 322 39 2.190 0.619  0 0.212 
Lasioglossum (Dialictus) sp. TX-06† 6 5 7 0.497 0.885  0.912 0.552 
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Table 1.5, cont 
Lasioglossum (Dialictus) sp. TX-14† 96 61 23 2.205 0.264  1.627 0.137 
Lasioglossum (Dialictus) sp. TX-16† 384 56 22 2.532 0.762  1.561 0.660 
Lasioglossum (Dialictus) sp. TX-18† 0 4 4 0.258 0.020  0.627 0.020 
Lasioglossum (Dialictus) sp. TX-24† 3 4 6 0.310 0.922  0.702 0.914 
Lasioglossum (Dialictus) sp. TX-26† 2 7 4 0.272 0.764  0.484 0.901 
Lasioglossum (Dialictus) sp. TX-32† 30 0 2 0.378 0.872  0.324 0.397 
Lasioglossum (Dialictus) sp. TX-33† 1 9 2 0.226 0.439  0.269 0.835 
Lasioglossum (Dialictus) sp. TX-34† 19 246 23 2.145 0.014  1.635 0.111 
Lasioglossum (Dialictus) sp. TX-35† 5 6 5 0.498 0.639  0.680 0.483 
Lasioglossum (Dialictus) sp. TX-37† 1 2 2 0.142 0.848  0.272 0.829 
Lasioglossum (Hemihalictus) sp. TX-01† 4 6 6 0.393 0.296  0.776 0.268 
Lasioglossum (Sphecodogastra) sp. DF-01† 1 1 2 0.111 0.539  0.261 0.597 
Lasioglossum bardum 145 203 14 2.282 0.274  1.465 0.133 
Lasioglossum bruneri 66 59 16 1.736 0.969  1.475 0.763 
Lasioglossum callidum 3 25 10 0.722 0.120  1.118 0.257 
Lasioglossum coactum 1202 2501 40 3.415 0.010  0.146 1 
Lasioglossum connexum 38 71 17 1.685 0.403  1.505 0.467 
Lasioglossum coreopsis 1 15 4 0.419 0.200  0.516 0.478 
Lasioglossum cressonii 2 2 3 0.191 0.802  0.377 0.599 
Lasioglossum disparile 43 74 19 1.883 0.456  1.561 0.538 
Lasioglossum fedorense 1 7 2 0.213 0.447  0.272 0.829 
Lasioglossum floridanum 9 2 4 0.389 0.939  0.521 0.904 
Lasioglossum hitchensi 3 1 3 0.187 0.962  0.374 0.789 
Lasioglossum hudsoniellum 113 963 31 3.714 0.008  1.215 0.114 
Lasioglossum hunteri 21 18 8 0.796 0.815  0.910 0.546 
Lasioglossum illinoense 6 37 8 0.805 0.128  1.034 0.099 
Lasioglossum imitatum 9 22 13 0.988 0.270  1.379 0.904 
Lasioglossum longifrons 0 13 4 0.393 0.033  0.532 0.045 
Lasioglossum lusorium 2 6 8 0.401 0.132  0.986 0.152 
Lasioglossum lustrans 1 13 5 0.459 0.078  0.631 0.177 
Lasioglossum pectorale 1 15 4 0.425 0.152  0.502 0.411 
Lasioglossum semicaeruleum 3 5 6 0.370 0.720  0.762 0.732 
Lasioglossum tegulare 73 211 23 2.659 0.068  3.396 0.034 
Lasioglossum texanum 0 2 2 0.088 0.129  0.230 0.209 
Lasioglossum vierecki 6 2 3 0.296 0.781  0.422 0.393 
Lithurgopsis gibbosa 16 5 10 0.820 0.181  1.210 0.172 
Megachile brevis 14 9 15 0.833 0.772  1.422 0.614 
Megachile comata 17 3 11 0.778 0.058  1.341 0.044 
Megachile exilis 1 1 2 0.124 0.525  0.298 0.530 
Megachile fortis 6 4 5 0.429 0.960  0.674 0.796 
Megachile inimica 5 0 3 0.269 0.265  0.473 0.175 
Megachile montivaga 15 1 7 0.677 0.075  1.006 0.071 
Megachile parallela 1 2 3 0.178 0.431  0.441 0.433 
Megachile policaris 2 1 3 0.176 0.930  0.450 0.853 
Megachile prosopidis 2 5 4 0.320 0.592  0.579 0.883 
Megachile rotundata 2 1 2 0.179 0.438  0.330 0.541 
Melissodes bimaculata 230 114 19 2.674 0.844  1.576 0.507 
Melissodes communis 79 167 33 2.198 0.207  1.006 0.418 
Melissodes coreopsis 38 96 30 1.354 0.960  1.237 0.653 
Melissodes tepaneca 521 274 40 2.103 0.821  0 1 
Melissodes tristis 5 5 5 0.402 0.614  0.694 0.404 
Melissodes wheeleri 3 3 5 0.310 0.922  0.643 0.838 
Melissoptila otomita 9 12 9 0.732 0.496  1.032 0.512 
Melitoma marginella 2 11 4 0.441 0.169  0.540 0.173 
Nomia nortoni 2 2 4 0.212 0.929  0.514 0.888 
Osmia chlaybea 6 1 5 0.323 0.330  0.671 0.257 
Osmia conjuncta 17 0 2 0.330 0.823  0.302 0.409 
Osmia subfasciata 92 8 17 1.838 0.019  1.700 0.044 
Osmia texana 10 2 9 0.612 0.043  1.168 0.076 
Peponapis pruinosa 6 51 14 1.488 0.011  1.467 0.127 
Perdita ignota crawfordi§ 0 11 4 0.374 0.030  0.537 0.046 
Perdita ignota isopappi§ 5 14 12 0.630 0.466  1.221 0.671 
Perdita xanthisma 1 14 3 0.286 0.338  0.360 0.690 
Ptilothrix bombiformis 50 147 12 1.468 0.230  1.305 0.509 
Sphecodes sp. TX-05† 1 9 5 0.457 0.067  0.715 0.137 
Svastra atripes 67 83 26 1.961 0.700  1.480 0.329 
Svastra grandissima 1 3 3 0.200 0.250  0.409 0.475 
Svastra obliqua 29 27 16 1.255 0.854  1.478 0.700 
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Table 1.5, cont. 
Svastra petulca 11 19 17 1.004 0.105  1.545 0.320 
Triepeolus lunatus 0 2 2 0.154 0.021  0.358 0.058 
Triepeolus rhododontus 3 1 3 0.179 0.973  0.373 0.874 
Xenoglossa kansensis 3 22 12 0.828 0.029  1.336 0.080 
Xenoglossa strenua 1 64 11 1.240 0.001  1.479 0.003 
Xylocopa tabaniformis parkinsoniae 4 2 5 0.323 0.950  0.689 0.801 
Xylocopa virginica 187 34 24 2.528 0.006  1.695 0.028 
 

*Agapostemon texanus and A. angelicus males are morphologically distinct, but females are not. For all 
statistical analyses, males and females of these species were combined and analyzed as one species. 
‡Hesperapis n. sp. TX-01 refers to unpublished manuscript species H. “infuscata” (Stage 1966). 
†morphospecies use J. Neff collection names.   
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Table 1.6.  Results of averaged linear mixed models of above- and below-ground nesting bees  

 
Table includes results for  a) abundance, b) species richness (Chao1) and c) evenness (Evar) as well as the total number of models with 
AIC <2 in which each variable was included. *indicates p<0.05. Agriculture management served as the intercept (reference category) 
for all models. 
 
a) Abundance Above-Ground Nesting: N Models=9  Below-Ground Nesting: N Models=9 

Scale Variable Estimate SE z value Pr(>|z|) N Models 
Containing 

 Estimate SE z value Pr(>|z|) N Models 
Containing 

Local Management: Agriculture (Intercept) 1.267 0.133 9.423 <0.001* 9  4.125 0.199 20.549 <0.001* 9 
 Management: Grassland 0.457 0.187 2.414 0.016* 9  −0.075 0.221 −0.334 0.738 9 
 Floral Abundance 0.001 0.025 0.043 0.966 1  −0.021 0.053 −0.389 0.697 3 
 Floral Species Richness 0.193 0.086 2.230 0.026* 9  0.216 0.092 2.327 0.020* 9 
 % Vegetation 0.004 0.033 0.141 0.888 1  0.036 0.082 0.439 0.661 3 
 % Bare Ground 0.001 0.028 0.041 0.967 1  0.330 0.094 3.488 <0.001* 9 
 % Canopy Cover −0.004 0.029 −0.114 0.909 1      0 
Landscape % Semi-Natural Land × Agriculture 0.006 0.037 0.169 0.866 1  0.066 0.103 0.643 0.520 4 
 % Pasture & Crop × Agriculture 0.0003 0.055 0.006 0.995 2  0.011 0.052 0.214 0.830 2 
 Heterogeneity × Agriculture −0.017 0.054 −0.300 0.764 1  −0.791 0.340 −2.310 0.021* 9 
  % Pasture & Crop × Grassland 0.029 0.102 0.283 0.777 1      0 
 Heterogeneity × Grassland     0  0.983 0.298 3.265 0.001* 9 
b) Richness Above-Ground Nesting:  N Models=12  Below-Ground Nesting:  N Models=18 

Scale Variable Estimate SE z value Pr(>|z|) N Models 
Containing   Estimate SE z value Pr(>|z|) N Models 

Containing 
Local Management: Agriculture (Intercept) 1.060 0.090 11.617 <0.001*  12  2.890 0.095 30.239 <0.001 16 
 Management: Grassland 0.138 0.136 1.006 0.314 12  0.067 0.122 0.539 0.590 16 
 Floral Abundance 0.022 0.048 0.454 0.649 5  −0.019 0.041 –0.453 0.650 6 
 Floral Species Richness 0.075 0.073 1.014 0.310 11  0.003 0.023 0.136 0.892 3 
 % Vegetation −0.001 0.014 –0.059 0.953 1  0.178 0.066 2.684 0.007* 18 
 % Bare Ground     0  0.263 0.060 4.357 <0.001* 18 
 % Canopy Cover 0.094 0.076 1.234 0.217 12  −0.024 0.049 –0.495 0.621 7 
Landscape % Semi-Natural Land × Agriculture 0.089 0.090 0.984 0.325 11  0.025 0.052 0.482 0.630 6 
 % Pasture & Crop × Agriculture 0.008 0.031 0.261 0.794 3  0.064 0.074 0.861 0.389 11 
  Heterogeneity × Agriculture −0.004 0.025 –0.173 0.862 1  −0.291 0.232 –1.248 0.212 18 
 % Semi-Natural Land × Grassland −0.203 0.172 –1.177 0.239 11      0 
 % Pasture & Crop × Grassland     0   0.003 0.028 0.115 0.908 1 
 Heterogeneity × Grassland     0  0.418 0.214 1.946 0.052 16 
c) Evenness Above-Ground Nesting:  N Models=9  Below-Ground Nesting: N Models=12 

Local Variable Estimate SE z value Pr(>|z|) N Models 
Containing   Estimate SE z value Pr(>|z|) N Models 

Containing 
 Management: Agriculture (Intercept) 0.700 0.085 8.099 <0.001* 9  0.484 0.023 20.474 <0.001* 12 
 Management: Grassland 0.152 0.103 1.452 0.147 7  0.048 0.033 1.420 0.156 12 
 Floral Abundance 0.0004 0.008 0.047 0.962 1  0.0003 0.003 0.080 0.936 1 
 Floral Species Richness −0.005 0.02 −0.219 0.827 2  −0.011 0.016 −0.700 0.484 6 
 % Vegetation −0.064 0.039 −1.615 0.106 8  0.003 0.01 0.276 0.782 3 
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Table 1.6c, cont. 
 % Bare Ground −0.001 0.010 −0.086 0.932 1  −0.032 0.016 −2.043 0.041* 12 
 % Canopy Cover −0.001 0.009 −0.067 0.946 1  −0.002 0.009 −0.287 0.774 3 
Landscape % Semi-Natural Land × Agriculture −0.003 0.013 −0.228 0.819 1  −0.009 0.015 −0.603 0.547 4 
 % Pasture & Crop × Agriculture −0.0004 0.008 −0.042 0.967 1  0.001 0.004 0.076 0.939 1 
  Heterogeneity × Agriculture −0.190 0.125 −1.492 0.136 7  0.072 0.042 1.667 0.095 12 
  Heterogeneity× Grassland 0.182 0.122 1.468 0.142 7  −0.119 0.043 −2.735 0.006* 12 

Table 1.7.  Results of averaged linear mixed models of small- and large-bodied bees 
Table includes results for a) abundance, b) species richness (Chao1) and c) evenness (Evar) as well as the total number of models with 
AIC <2 in which each variable was included. *indicates p<0.05. Agriculture management served as the intercept (reference category) 
for all models. 
a) Abundance Small Bees: N Models=5  Large Bees: N Models=19 

Scale Variable Estimate SE z value Pr(>|z|) N Models 
Containing  Estimate SE z value Pr(>|z|) N Models 

Containing 
Local Management: Agriculture (Intercept) 3.892 0.196 19.64 <0.001* 5  2.986 0.166 17.874 <0.001* 19 
 Management: Grassland −0.554 0.256 –2.139 0.032* 5  0.155 0.219 0.702 0.483 10 
 Floral Abundance 0.003 0.037 0.091 0.927 1  −0.125 0.084 –1.474 0.140 17 
 Floral Species Richness 0.323 0.113 2.830 0.005* 5  0.023 0.062 0.367 0.714 4 
 % Vegetation 0.022 0.074 0.294 0.769 1  0.026 0.072 0.350 0.727 4 
 % Bare Ground 0.308 0.116 2.629 0.009* 5  0.292 0.107 2.697 0.007* 19 
 % Canopy Cover     0  −0.023 0.066 –0.353 0.724 5 
Landscape % Semi-Natural Land × Agriculture 0.280 0.135 2.056 0.040* 5  −0.001 0.020 –0.038 0.970 1 
 % Pasture & Crop × Agriculture 0.007 0.053 0.136 0.892 1  0.288 0.108 2.638 0.008* 19 
 Heterogeneity × Agriculture −0.427 0.345 –1.224 0.221 5  0.024 0.073 0.325 0.745 5 
 %Semi-Natural Land × Grassland 0.020 0.106 0.192 0.848 1      0 
 % Pasture & Crop × Grassland     0  −0.002 0.039 –0.056 0.956 1 
 Heterogeneity × Grassland 0.873 0.344 2.506 0.012* 5      0 
b) Richness Small Bees:  N Models=16  Large Bees: N Models=27 

Scale Variable Estimate SE z value Pr(>|z|) N Models 
Containing  Estimate SE z value Pr(>|z|) N Models 

Containing 
Local Management: Agriculture (Intercept) 2.471 0.106 23.155 <0.001* 16  2.269 0.098 22.871 <0.001 27 
 Management: Grassland −0.155 0.14 −1.098 0.272 16  0.341 0.126 2.695 0.007* 27 
 Floral Abundance −0.005 0.026 −0.196 0.844 3  −0.001 0.009 –0.054 0.957 1 
 Floral Species Richness 0.187 0.064 2.878 0.004* 16  −0.052 0.066 –0.766 0.444 14 
 % Vegetation 0.016 0.045 0.344 0.731 3  0.075 0.083 0.895 0.371 16 
Landscape % Bare Ground 0.146 0.061 2.352 0.019* 16  0.223 0.064 3.448 0.001* 27 
 % Canopy Cover 0.002 0.014 0.095 0.924 1  −0.033 0.057 –0.560 0.576 10 
 % Semi-Natural Land × Agriculture 0.113 0.092 1.215 0.225 12  0.030 0.058 0.514 0.607 10 
 % Pasture & Crop × Agriculture 0.056 0.077 0.717 0.473 8  0.122 0.063 1.926 0.054 26 
 Heterogeneity × Agriculture −0.375 0.238 −1.570 0.116 14  −0.005 0.145 –0.032 0.975 11 
 % Semi-Natural Land × Grassland −0.039 0.096 −0.413 0.680 4  −0.054 0.103 –0.522 0.602 8 
 % Pasture & Crop × Grassland −0.016 0.063 −0.262 0.793 2  0.004 0.039 0.118 0.906 2 
 Heterogeneity × Grassland 0.451 0.249 1.799 0.072 14  0.047 0.137 0.349 0.727 5 
c) Evenness Small Bees: N=9  Large Bees: N=14 

Scale Variable Estimate SE z value Pr(>|z|) N Models 
Containing  Estimate SE z value Pr(>|z|) N Models 

Containing 
Local Management: Agriculture (Intercept) 0.395 0.027 14.657 <0.001* 9  0.687 0.028 24.082 <0.001* 14 
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Table 1.7c, cont. 
 Management: Grassland 0.155 0.041 3.744 <0.001* 9  −0.005 0.021 –0.219 0.827 2 
 Floral Abundance −0.001 0.006 –0.237 0.813 1  0.028 0.020 1.383 0.167 14 
 Floral Species Richness −0.001 0.007 –0.225 0.822 1  −0.001 0.006 –0.127 0.899 1 
 % Vegetation −0.001 0.007 –0.133 0.894 1  −0.006 0.017 –0.370 0.711 3 
 % Bare Ground −0.030 0.020 –1.453 0.146 8  −0.040 0.027 –1.505 0.132 14 
 % Canopy Cover −0.0002 0.005 −0.039 0.969 1  0.011 0.019 0.529 0.597 6 
Landscape % Semi-Natural Land × Agriculture −0.064 0.019 –3.279 0.001* 9  0.0004 0.005 0.076 0.940 1 
 % Pasture & Crop × Agriculture −0.0004 0.005 –0.075 0.941 1  −0.044 0.027 –1.621 0.105 14 
 Heterogeneity × Agriculture −0.070 0.027 –2.518 0.012* 9  −0.001 0.009 –0.120 0.904 2 
 % Semi-Natural Land × Grassland −0.001 0.011 –0.122 0.903 1      0 
 Heterogeneity × Grassland −0.005 0.022 –0.219 0.827 1      0 
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Chapter 2. Genetic structure at multiple spatial scales reveals resource 
specialization and philopatry in the eastern carpenter bee, Xylocopa virginica 

 

ABSTRACT  

Human activity continues to impact global ecosystems, often by altering the habitat 

suitability, persistence, and movement of native species. It is thus increasingly critical to measure 

population genetic diversity and structure of key species across human-altered landscapes in 

order to provide insight into the habitats that facilitate or impede wildlife movement across 

spatial scales. Recent studies have documented widespread declines of wild bee pollinators 

caused primarily by habitat loss due to human activity, however some bees may benefit from 

altered land-use due to increases in food or nesting resources for certain species. We investigated 

population structure and gene flow of the eastern carpenter bee, Xylocopa virginica, across 14 

sites spanning more than 450 km and multiple land-use types in the southern USA. X. virginica 

is a large bee which constructs nests in both natural and human-associated wooden substrates, 

and is thus hypothesized to disperse broadly across human-altered areas. Ten microsatellite loci 

revealed moderate levels of regional-scale population structure across the study region (GʹST = 

0.146), although Bayesian clustering analyses revealed high levels of co-ancestry between the 

sampling regions. We also provide evidence for significant genetic isolation by geographic 

distance, and even stronger support for significant isolation by land use, where urban and crop 

lands were most conducive to gene flow. Interestingly, we also found genetic evidence for strong 

site-level philopatry in this species, with spatial autocorrelation analyses revealing significantly 

high levels of genetic relatedness very fine scales (<1km). Our results provide the first genetic 

evidence of site-level philopatry in this species, and additionally gives support that, despite this 

high nesting fidelity, X. virginica disperses broadly across landscapes dominated by human 

activity. 
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INTRODUCTION 

Anthropogenic land use can dramatically alter ecological processes, often creating 

homogenized habitats and leaving behind isolated remnant habitat patches (Saunders et al. 1991, 

Grimm et al. 2008a). These fragmented landscapes can result in long distances between suitable 

habitat patches that may prevent the dispersal of reproductive individuals (McRae 2006, Jha and 

Kremen 2013b), creating isolated populations more vulnerable to deleterious effects of 

inbreeding and genetic drift (sensu Wright 1948, Bohonak 1999). How species can adapt to 

landscape change is in part dependent on their genetic structure, which can be defined by a 

species’ demographic history and the amount of gene flow between populations over many 

generations (Slatkin 1985). Hence, measuring population structure is often used as a proxy for 

gene flow, and can provide a glimpse into a species’ colonization and dispersal patterns (Broquet 

and Petit 2009). Specifically, measurements of genetic structure can reveal how organisms 

disperse through altered landscapes, and what types of land use may facilitate or impede wildlife 

movement at multiple scales. Examining the gene flow patterns of key species within human-

dominated landscapes have revealed unique colonization histories, past bottleneck events, and 

habitat barriers (Epps et al. 2005, Holderegger and Di Giulio 2010, Sackett et al. 2012). While 

the overall number of studies investigating the impacts of landscape composition on species 

population genetics have increased in recent years (reviewed in Storfer et al. 2010, Jha 2015), 

past work has largely focused on vertebrates, primarily evaluating patterns at large spatial scales 

(>10 km), and have not focused on assessing finer scale patterns that could provide insight into 

dispersal and nesting dynamics for more abundant and biodiverse taxa such as insects (Scheffers 

et al. 2012). This literature gap is especially important to consider given national priorities to 

conserve and understand the management implications for species that provide valuable 

ecosystem services, particularly pollination (Vilsack and McCarthy 2015). 

Recent studies have documented widespread declines of wild bee pollinators caused 

primarily by habitat loss due to human activity (Winfree et al. 2011, Goulson et al. 2015). Bees 
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may be be uniquely vulnerable to landscape alteration because of potentially low underlying 

levels of genetic diversity due to their haplodiploid genetic systems (Zayed and Packer 2005). 

For example, contemporary urban and other human-altered land use has been shown to be a 

significant barrier to gene flow in several bee species (Davis et al. 2010, Jha 2015). On the other 

hand, some bee species may thrive in anthropogenically disturbed landscapes given their ability 

to rapidly colonize restored habitats in cities (Gardiner et al. 2013). Indeed, many bee species are 

dependent on human-modified land-use for generalist and specialist foraging habitats (e.g. mass 

flowering crops, Westphal et al. 2003) and nesting sites (e.g. soil at field edges, Concepción et al. 

2007). While human activity may increase (e.g. Cane 2001) or decrease (Deguines et al. 2016) 

the availability of floral and nesting resources for certain species in human-modified areas, it is 

unknown whether these habitats impede or facilitate bee dispersal. Further, while key life-history 

traits, such as body size, nesting behavior, and resource specialization may interact with habitat 

fragmentation to affect the population genetic characteristics for many pollinator species, 

including butterflies and beetles (Brouat et al. 2003, Hanski 2011), how these life-history traits 

may impact gene flow processes for bees is still under debate (Stow et al. 2007 Lopez-Uribe et 

al. in revision) 

In particular, body size is often hypothesized to correlate with levels of genetic structure 

and isolation in many taxa, because of the strong correlation with mobility and maximum 

dispersal distances (Böhning Gaese et al. 2006, Sekar 2012). Additionally it is probable that the 

genetic effects of limited mobility can be compounded by fragmented landscapes further limiting 

dispersal (Hanski 2011). Like in many other species, levels of mobility in bees are generally 

thought to be correlated with body size (Greenleaf et al. 2007, but see Castilla et al. 2017). 

Therefore, larger species may be expected to exhibit lower levels of population structure and/or 

show lower levels of isolation by distance (where genetic differentiation is greater with 

increasing geographic distance) than smaller species. Indeed, a recent meta-analysis of 43 studies 

found that measures of population structure, including FST and GʹST, significantly decreased with 
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increasing bee body size (Lopez-Uribe et al. in revision), with many larger species exhibiting 

little to no regional-scale genetic structure (Lozier et al. 2011).  

Resource specialization on specific foods or nesting materials can also influence 

population genetic structure and other regional-scale genetic patterns. Investigation of 

specialization in relation to population genetic structure in bees has mainly focused on foraging 

specialists (Davis et al. 2010). However, many bee species also require distinct materials to 

construct their nests, including specific soil types, certain types of wood, or pre-existing cavities 

of the correct size (Michener 2000). Because such resources are often patchily distributed across 

a landscape, it is likely that land-use may influence dispersal patterns and levels of gene flow for 

specialist species, with certain land-uses more restrictive or “resistant” to gene flow (McRae 

2006). In addition, bee species with distinct nesting and foraging preferences often show strong 

philopatric tendencies, leading to population structure at small geographic scales, even if there 

are signals of substantial gene flow evident at larger scales (Franzén et al. 2007, Lopez-Uribe et 

al. 2015, Schenau and Jha 2016). While strong philopatry can potentially result in high levels of 

inbreeding, natal site fidelity can have certain evolutionary benefits, such as limiting various 

high costs of dispersal (Bonte et al. 2011), or local adaptation to environmental resources 

(Danforth et al. 2003, Stelkens et al. 2012). Understanding the level of natal site fidelity for a 

species is critical for understanding population dynamics at multiple scales, but is very difficult 

to measure directly for aerial species. Analyses of genetic spatial autocorrelation can be used to 

infer levels of nest site fidelity, and have previously documented high levels of population 

genetic structure at scales of 10 km or lower, specifically for bees with strong nest-resource 

specialization (Stow et al. 2007, Lopez-Uribe et al. 2015), but rarely for nesting specialists that 

also have long-distance flying abilities. Although a few recent studies have shown both fine and 

large-scale bee population genetic responses to the distribution of specialist nesting resources 

(Lopez-Uribe et al. 2015, Vickruck and Richards 2017), how different land-use types may 
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influence the gene-flow patterns of nesting resource specialists remains a largely unexplored 

topic. 

In this study, we investigated both regional and fine-scale population genetic structure in 

the eastern carpenter bee Xylocopa virginica across a ~450 km area in Central and Northern 

Texas across variable landcover types. X. virginica is a large bee commonly found in both urban 

and rural areas across Southern and Eastern North America. Females exhibit solitary to semi-

social nesting behavior and construct their nests by excavating holes in sound wood (Michener 

2000), including soft pine trees and logs, and often in human-associated materials including 

man-made wooden structures, timber, and firewood (Balduf 1962). Natural history accounts 

suggest that individuals exhibit high levels of philopatry; often refurbishing nests of previous 

generations (Balduf 1962, Chaves-Alves et al. 2011) and are “exceedingly slow at dispersing to 

new sites” (Balduf 1962 p. 266), but these accounts have never been evaluated quantitatively or 

with genetic tools. However, because of their large size (Intertegular Distance (ITD) = 5.68 mm 

(Cane 1987)) Xylocopa species have potential for long-distance flying abilities (Greenleaf et al. 

2007) but how far they actually disperse, especially in human-altered landscapes, is unknown 

(Cane 2001). Urban and agricultural landscapes have been shown to be significant barriers of 

dispersal in other large-bodied bees that nest underground (Davis et al. 2010, Jha and Kremen 

2013b), but because X. virginica nests above ground, often in man-made structures, it is possible 

that human altered landscapes may actually facilitate their dispersal by increasing numbers of 

potential nesting sites in human-altered areas, as well as by human-mediated dispersal through 

movement of firewood or lumber.  

Specifically, in this study we utilized genotypes from 10 polymorphic microsatellite loci 

in X. virginica to determine 1) Levels of regional scale population structure at the 10-450 km 

scale, 2) signatures of regional genetic isolation by geographic distance (IBD) and isolation by 

resistance (IBR) across contemporary land-use, and 3) levels of fine scale genetic structure (at 

the ≤1 km scale). Specifically, we predicted that i) X. virginica will show low levels of regional-
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scale population genetic structure because of the species’ large body size and thus potential for 

long-distance dispersal, ii) X. virginica populations experience decreased levels of gene flow 

with increasing geographic distance, as well as across land use with lower levels of woody cover 

and anthropomorphic change, due to nesting resource specialization within wooden materials, 

and iii) at local scales, X. virginica shows fine-scale genetic structure due to high levels of nest 

site fidelity and nest philopatry.  
  

METHODS 

Specimen Collection 

 Adult female Xylocopa virginica (N=598) were collected from 33 sites across 14 regions 

that spanned a ~450 km corridor in Central-Northern Texas between May and July in 2013 

(Table 2.1). Regions were separated by at least 10 km, with the most distant sites separated by 

more than 450 km (mean = 210.27 km, SD = 145.25 km). Specimens were collected while 

foraging within a 50 x 50 m plot established at each site (as described in Chapter 1), by hand-

netting into an ethyl acetate kill jar and by passive trapping using blue vane traps located within 

the plot (as per Stephen and Rao 2007). Blue vane traps were suspended from a wooden stand at 

the center of each plot and collected after five days. In order to test for fine-scale population 

structure, five regions were selected for fine scale sampling. In these regions, four additional 

sites were sampled located 300m, 600, 900m, and 1200m away from the original sites to form a 

1.2 km transect, for a total of five study sites at each of these regions.  Specimens were collected 

at each site using the same sampling methods as described above. Individual specimens were 

then pinned and dried for specimen curation and species identification.  
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DNA Extraction, Microsatellite Amplification, and Genotyping 

Genomic DNA was extracted from a single hind leg of each dried specimen, using a 

modified DNAzol ® extraction protocol (Chomczynski et al. 1997). We used the manufacturer’s 

recommended protocol with volumes scaled to fit in a 96-well plate format with a maximum well 

volume of 0.2 mL. Tissue was ground to a powder using a MiniBeadBeater 96 (BioSpec) and 10 

1.0 mm Zirconia Silica beads per sample (BioSpec 11079110z) before proceeding with the 

remaining lysis and DNA extraction steps. 

Genomic DNA was amplified at 10 polymorphic microsatellite loci (Table 2.3, 

Appendix) using the Qiagen Multiplex PCR kit. We optimized 7 species-specific markers 

described by Vickruck (2014), two markers developed for X. frontinalis (Augusto et al. 2012), 

and one marker developed for X. grisescens (Augusto et al. unpublished, Genbank Accession: 

KC168062). Markers were grouped into two multiplexes with each primer at 2 µM per mix, and 

forward primers contained a fluorescent tag (6-FAM, VIC, NED, or PET) to detect individual 

markers during electrophoresis. Each multiplex was amplified in a 15 uL PCR using 7.5 µL of 

Qiagen 2x multiplex PCR Master Mix, 1.5 µL primer mix, approximately 1-2 ng genomic DNA, 

and 3 µL of RNAse free water. PCR conditions were the same for each multiplex: Initial heat 

activation at 95 °C for 15 minutes, then 30 cycles of 94 ° C for 30 seconds, 60.7° C for 90 

seconds, 72° C for 60 seconds, and a final extension step of 60° C for 30 minutes. Labelled PCR 

products were run on a 3730 Sequencer (Applied Biosystems) at the Center for Biomedical 

Research Support DNA Sequencing Facility at the University of Texas at Austin. Alleles were 

called using GENEMARKER version 2.4.0 (Softgenetics) and checked by eye. Thirty randomly 

chosen individuals (5%) were re-genotyped to confirm accuracy of allele calls and to detect any 

genotype shifts or errors. Genotypes at all loci were found to be identical between runs. 
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Analyses 

Although most carpenter bees are believed to be largely solitary species (Michener 2000), 

because the sociality of X. virginica is not known in Texas and this species has been documented 

to be facultatively social at the northern edge of its range (Richards and Course 2015), we tested 

for the presence of full siblings in our dataset using COLONY v. 2.0.6.4 (Jones and Wang 2010). 

Using the high precision method and assuming random mating, we detected the presence of 19 

possible full siblings in the dataset and these were removed from further downstream analyses, 

making the full dataset a total of 579 non-sib individuals (Table 2.1; Table 2.4, Appendix). 

Locus and Population Characteristics 

 We calculated basic allelic and population genetic statistics using the poppr 

package in R v 3.5.0 (Kamvar et al. 2014). We performed tests for Hardy-Weinburg equilibrium 

(HWE) and linkage disequilibrium at each locus pair. We also calculated levels of observed and 

expected heterozygosity, as well as levels of inbreeding (FIS) within each population and locus. 

Effective population size (Ne) of each site (transect locations were combined and analyzed as a 

single site for Ne analysis) was estimated using COLONY 2.0.3.4 (Jones & Wang 2010), using 

the full sib-ship assignment method and assuming random mating.  

Regional-Scale Population Structure  

We quantified levels of genetic structure using two different F-statistics: FST (Nei 1987) 

and the standardized index GʹST (Hedrick 2005), which is more suitable for use with highly 

variable markers such as microsatellites (Meirmans and Hedrick 2010). We calculated levels of 

global genetic structure in poppr (Kamvar et al. 2014), and calculated pairwise FST and GʹST 

between sites in GenAlEx v6.5 (Peakall and Smouse 2006). We calculated these indices on a per 

region basis, where individuals collected at sites with multiple transect locations were analyzed 

together as a single site. Significance of these indices was evaluated by bootstrapping over loci 

for 9999 permutations. As the pairwise F-statistic is quite sensitive to missing data, it was 
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necessary to remove individuals that had over 20% missing data for the pairwise analysis (Table 

2.4, Appendix). The full dataset of 579 individuals were included in the global analysis. 

To estimate the number of possible genetic groups (K) in the sampled populations, we 

used STRUCTURE v 2.3 (Pritchard et al. 2000). As in the F-statistic calculations, we also analyzed 

individuals collected at regional transect locations together. However, as sampling was not even 

between sites, and STRUCTURE can be biased by highly unequal population sizes (Puechmaille 

2016), we selected an equal number of random individuals from each transect location to have a 

maximum of 30 individuals per site (Table 2.4, Appendix). Twenty runs of each K=1 through 

K=10 (200 total runs) were then performed with a burn-in of 10,000 iterations followed by 

1,000,000 Markov Chain Monte Carlo (MCMC) iterations using the default recommended model 

of correlated allele frequencies and admixture. We then used the output from these STRUCTURE 

runs to infer the true number of populations (K) using the Evanno method (Evanno et al. 2005) 

implemented in the program STRUCTURE Harvester (Earl and vonHoldt 2011). This method infers 

the most likely K by calculating the rate of change of the log posterior probability across 

increasing K values. We additionally used the program CLUMPAK to visualize results (Kopelman 

et al. 2015).  

Because traditional Bayesian clustering programs can be prone to deducing artificial 

levels of population structure due to increasing geographic distance between collection points 

(Bradburd et al. 2013, e.g. Renner et al. 2016), we also inferred population clustering using the 

program GENELAND (Guillot et al. 2005). GENELAND employs Bayesian clustering techniques in a 

similar way to STRUCTURE, but also incorporates the spatial coordinates of each site location in 

the model, returning the most probable number of genetic groups. We used the uncorrelated 

alleles model with the same range of possible populations as in the STRUCTURE analysis (K=1 

through 10). While the correlated alleles model can sometimes detect more subtle population 

differentiation than other clustering algorithms, it is more sensitive to potential confounding 

effects of isolation by distance (Latch et al. 2006). We set the uncertainty of geographic 
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coordinates to “0” and the null model to “true”.  The final model was based on 1,000,000 

MCMC iterations and a thinning value of 100. Five replicate runs were conducted to compare the 

similarity of results between models, as per Vickruck and Richards (2017).  

Regional-Scale Patterns of Genetic Differentiation 

We created a matrix of pairwise genetic distances for the full dataset of 579 individuals 

by calculating the Bruvo’s genetic distance with the poppr package in R. Bruvo’s distance is a 

measure of genetic differentiation specific to microsatellite data that takes into account the 

different numbers of repeat lengths and numbers of alleles per locus (Bruvo et al. 2004). To 

calculate the level of genetic differentiation explained by geographic distance alone (Isolation by 

Distance or IBD), we then performed Multiple Regression on Distance Matrices (MRDM) 

between the matrix of the mean pairwise Bruvo’s distance per site and the matrix of pairwise 

geographic distances (Matrix name “Geo”) using the MRM function in the R package ecodist 

(Goslee and Urban 2007) with 10,000 permutations. All 33 collection points were included in 

these analyses, with transect locations considered as separate sites. MRDM’s are increasingly 

preferred over traditional Mantel tests due to lower occurrences of Type I errors (Balkenhol et al. 

2009). Geographic distances between each pair of sites were calculated using great-circle 

distance which incorporates the curvature of the earth (van Etten 2017).  

In addition to testing for genetic IBD, we also tested for relationships between pairwise 

population genetic distance and contemporary land-use, using circuit-theory, or Isolation by 

Resistance (IBR, McRae 2006). IBR evaluates environmental and/or geographic variation as 

predictors of genetic variation between populations, with the factors most limiting to gene-flow 

considered “high resistance”. Although resistance can be calculated in a variety of ways, one of 

the fundamental approaches in landscape genetics is to develop resistance maps to test 

hypotheses based on landscape composition as well as predicted gene flow (Storfer et al. 2010, 

Jaffé et al. 2015, e.g. Jha 2015). Therefore, we created multiple resistance surfaces based on 
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results from past studies of other bee species and knowledge of X. virginica natural history. 

While there are no studies that investigate land-use effects on gene flow in any wood-nesting 

species, recent studies of bumblebees sampled across various land-uses have shown that 

contemporary land-use predicts gene flow significantly better than historic land use (Jha and 

Kremen 2013a, Jha 2015). Thus, we utilized the most recent National Landcover Database 

(NLCD) land-use data (Homer et al. 2012) and created resistance maps to test multiple 

hypotheses of effects of land-use on X. virginica gene flow. First, we tested the hypothesis that 

gene flow of X. virginica would be similarly limited by the same land-uses that have been 

previously documented to limit gene flow in a number of bee species, specifically open water, 

impervious surfaces, and cropland (Goulson et al. 2010, Jha and Kremen 2013b). As per Jha 

(2015) we assigned open water, developed land, and cropland types a resistance value of 0.9, and 

Grassland and Forest types a resistance value of 0.1(Matrix name: “GrassForest”). However, as 

X. virginica is likely dependent on anthropogenic habitats in addition to forested habitats for 

nesting, we additionally tested the hypothesis that urban and farmed habitats would have lower 

resistance to gene flow than open grassland habitats which contain little woody substrate. Thus, 

we assigned open water and grassland land-use types a resistance value of 0.9, and developed 

land, cropland, and forest habitats a resistance value of 0.1 (Matrix name: 

“DevelopedCropForest”).  To see if any of these land-uses are primarily driving gene flow, we 

additionally tested each of the land-use types within DevelopedCropForest as single terms, with 

each assigned a resistance value of 0.1, and all other land-use types assigned a resistance value of 

0.9 (Matrix names “Developed”, “Crop”, and “Forest” respectively).  

We calculated pairwise land-use resistance distances (McRae 2006) between all 33 

sampling locations for all of these hypotheses-driven maps with the R package gdistance (van 

Etten 2017), using a resolution of 240 m per pixel to account for the limited size of the study 

region, the short distances between transect sites (300 m), and the high levels of nest-site fidelity 

presumed for this species. MRDM’s were used to test for the relationship between calculated 
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resistance distance matrices and mean Bruvo’s genetic distances per site. We constructed models 

including both geographic distance and land-use resistance as independent variables, as well as 

resistance alone (10 total IBR models).  

Fine-Scale Spatial Population Structure 

To assess any genetic signatures of site-level philopatry, fine-scale spatial population 

genetic structure was examined using the program SpaGeDi 1.5a (Hardy and Vekemans 2002). 

All individuals in the dataset (n=579) were included in this analysis. Pairwise geographic 

distances between individuals were calculated using Loiselle’s Fij (Loiselle et al. 1995) and 

binned in intervals that maximized evenness of pairs between the sub-region (transect) sites. The 

binning intervals were as follows: 0 to 250 m, 250 to 500 m, 500 to 750 m, and 750 m to 1 km. 

The remaining individuals that were located at a greater distance than 1 km were combined in a 

single bin at a distance of 25 km. The number of pairs in each interval was >2500. Standard 

errors were computed by jackknifing over loci, and 95% confidence intervals were computed by 

permuting over genotypes and location with 10,000 permutations. 

RESULTS 

Locus and Population Characteristics 

We scored 148 total alleles at 10 loci (mean 14.8 ± 2.93; Table 2.3, Appendix). After 

testing for departure from Hardy-Weinburg Equilibrium (HWE) at each locus and site pair (330 

total tests), we found six significant results after Bonferonni correction, but no locus was 

consistently out of HWE across all sites. There was no linkage disequilibrium detected between 

any pairs of loci, and thus all loci were retained for further analyses. 

We detected private alleles at nine of the sampled sites, with the WQ site containing the 

highest number of 11 total private alleles (Table 2.1). Observed heterozygosity ranged from 

0.449-0.686, and expected heterozygosity ranged from 0.300-0.715. Mean levels of inbreeding 
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calculated by Fis was relatively low (0.097 ± 0.010) although one site at the southern edge of the 

study area (BC) showed somewhat higher levels of Fis (0.210, Table 2.1). Estimated effective 

population sizes (Ne) were also low, and ranged from 41 at site RRL and 144 at both HRM and 

RCR, although some sites had estimated Ne of infinity, likely due to low sample sizes at those 

sites (Jones and Wang 2010).  

Regional-Scale Population Structure  

Global FST and GʹST values indicated moderate levels of regional-scale population structure 

(FST =0.042, GʹST =0.146). Examination of pairwise FST and GʹST across sites indicated significant 

differentiation at all GʹST comparisons (Table 2.5, Appendix), although several values were 

negative, indicating that the true GʹST value is 0 in these cases. Several FST comparisons were not 

significant, most often at sites with low sample sizes (Table 2.5, Appendix).   

We found that the likely number of K genetic populations was not completely consistent 

between GENELAND and STRUCTURE analyses. STRUCTURE analyses revealed that K=4 was the most 

likely number of genetic populations by using the Evanno method to determine K (Evanno et al. 

2005). However, after running GENELAND, results indicated that K=1 was the most likely number 

of genetic populations in our study (Figure 2.4, Appendix), suggesting that little distinct genetic 

clustering could be seen across our study region. Additionally, visualization of the STRUCTURE 

results indicates that individuals are highly admixed among genetic populations (Figure 2.1a); 

this combined with the GENELAND results further suggests that highly distinct genetic clusters 

could not be detected within the sampling region. Sites that had the lowest amounts of admixture 

in the STRUCTURE analysis had the highest probability of assignment in either genetic population 

1 or 2. These were located in the central (LKW) or northwestern (MA, SM) regions of the 

sampling area (Figure 2.1b). 
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Regional-Scale Patterns of Population Genetic Differentiation 

MRDM models with single variables showed significant support for IBD (Geo, p=0.005), 

and IBR when developed land and crop land had lower resistance values (DevelopedCropForest, 

p=0.006, Developed, p=0.012; Crop, p=0.0005), although R2 values were relatively small (Table 

2.2, Figure 2.2). There was not significant support for the single variable IBR models when 

developed and crop land had high resistance values (GrassForest, p=0.257; Forest, p=0.201). 

Models incorporating both geographic distance and land use showed marginal support for the 

Geo + GrassForest model (p=0.061) and significant support for the Geo + Developed (p=0.044) 

and Geo + Crop models (p=0.003). The best overall model was isolation by resistance with Crop 

as a single significant variable (MRDM, p=0.0005; Table 2.2).  

Fine-Scale Spatial Population Structure 

We found evidence for significant fine-scale spatial autocorrelation in genetic relatedness 

in X. virginica at the within-site scale (Fij=0.064, p < 0.001), 0 to 0.25 km scale (Fij=0.054, 

p=0.013), and 0.25 to 0.5 km scale (Fij=0.026, p=0.021), where individuals sampled within these 

distances were significantly more related to each other than expected at random. Average genetic 

relatedness declined as distance increased (Figure 2.3).  

DISCUSSION 

In this study, we found evidence for moderate levels of regional-scale population 

structure in the large-bodied bee Xylocopa virginica across more than 450 km in Central Texas. 

We also found evidence for significant genetic isolation by distance (IBD), and stronger support 

for significant genetic isolation by land use (IBR), where urban and crop land were most 

conducive to gene flow.  Lastly, we also found genetic evidence for strong site-level philopatry 

in this species, with spatial autocorrelation showing significant high levels of genetic relatedness 

at geographic scales lower than one km.  
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Evidence for moderate regional-level population structure but little genetic clustering 

First, we found evidence for significantly greater genetic differentiation in X. virginica 

than expected by the null expectation across the study system. The levels of global GʹST and FST 

were moderate, but these indices were higher than what would be expected based on X. 

virginica’s large body size (ITD=5.68 mm), because large-bodied bees tend to have lower levels 

of population structure as compared to smaller-bodied bees (Lopez-Uribe et al. in revision). 

Lower levels of genetic structure have been frequently found in large-bodied species and are 

presumably due to their greater flying abilities (Greenleaf et al. 2007), which could enable longer 

dispersal distances (Sekar 2012, Stevens et al. 2014). For example, population structure for a 

number of bumblebee species with similar or smaller body size to X. virginica have lower 

genetic structure at similar geographic scales to our study (e.g. B. distinguendus, ITD= 5.36 mm,, 

GʹST= 0.091)  (Charman et al. 2010), or no discernable genetic structure (e.g. Lozier and Cameron 

2009). In contrast, the differentiation we document in X. virginica is more similar to smaller 

species such as the solitary foraging specialist Andrena fuscipes (ITD=2.76, GʹST=0.159) (Exeler 

et al. 2010). While our results are surprising, we posit that current correlations of genetic 

structure with bee body size may be misleading, as past studies have focused largely within the 

genera Apis and Bombus (honey bees and bumble bees), and thus are not representative of the 

immense diversity within the Apoidea (Lopez-Uribe et al. in revision). Thus, any correlates of 

population structure across species are highly biased towards these two groups, both of which are 

eusocial and are not nesting resource specialists. Our results add to increasing evidence that the 

impacts of body size on bee genetic structure are not linear across species (Knight et al. 2005, 

Jaffé et al. 2016), and may be driven by other variables such as habitat resource availability, 

including nesting availability.  

The Bayesian clustering analyses in our study revealed little genetic clustering within the 

sampling area, finding the most likely K between K=1 and K=4 depending on the analysis 

program used. Vickruck and Richards (2017) found more distinctive genetic clustering in X. 
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virginica at a continental scale, perhaps due to their larger sampling area. However, the patterns 

of admixture shown in our STRUCTURE analysis across all likely K revealed some interesting 

genetic patterns across the study area. Most notably, the most distinct populations were located 

in the center (site LKW) and northeastern edge (sites MA and SM) of the study region. The 

remaining sites were more closely clustered around the urban areas of Austin and Dallas, and had 

higher levels of admixture, indicating that is more genetic mixing between these sites despite 

being located farther distances apart. This might be explained by the fact that LKW and MA/SM 

are not as directly connected by major highways as the remaining sites, which could suggest that 

populations closer to urban centers are connected through the human-mediated transport of 

wooden materials such as lumber and/or firewood. There are several accounts of human-

mediated transport of nesting materials creating new bee populations in new areas (Gibbs and 

Sheffield 2009, Westrich et al. 2015), and it is possible that some amount of unintentional 

anthropogenic movement is causing the high levels of admixture and low levels of genetic 

clustering found in our study. 

Land-use analyses suggests higher IBR in comparison to IBD 

We found significant genetic isolation by geographic distance (IBD) across the entire 

study area. Geographic IBD results from genetic drift differentiating allele frequencies at a faster 

rate than dispersal and gene flow can normalize them (Rousset 1997). Thus IBD can be used as a 

proxy for inferring a species’ dispersal distance, and is expected to show more pronounced 

patterns in species which have low levels of dispersal (Aguillon et al. 2017). Although IBD is 

often found to some degree in many population genetics studies (Storfer et al. 2010, Bradburd et 

al. 2013), it was surprising to find significant IBD within the relatively small scale of our study 

region, especially within a large bodied insect. IBD has been observed in other bee species 

presumed to have limited dispersal due to resource requirements (Jaffé et al. 2016), as well as in 
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X. virginica at a continental scale (Vickruck and Richards 2017). Based on the results of our 

study, it is evident that X. virginica has limited dispersal even at small scales.  

In addition to significant IBD, we also found significant isolation by resistance (IBR) due 

to human-altered land-use, with models showing that urban and crop land-use both significantly 

predict gene flow for X. virginica.  This indicates that urban and cultivated areas are conducive 

to dispersal and therefore are mediating higher levels of gene flow for X. virginica, either 

through human-facilitated or natural dispersal. This result was largely in line with our 

expectations, as it has been documented that X. virginica is quite reliant on built structures made 

of wood in both urban and agricultural landscapes for nesting habitat (e.g. houses, barns, 

fenceposts, Gerling and Hermann 1978). Models that incorporated pasture and crop land-use as 

most conducive to gene flow had the best support, and it is likely that pasture and crop land-use 

is contributing to increased gene flow for X. virginica by providing continuous forage habitat 

within pastures and fields in addition to abundant nesting habitat within wooden substrates. In 

contrast, previous studies investigating landscape resistance to gene flow in bees have only 

shown urban and crop land-use as highly restrictive to gene flow (Davis et al. 2010, Jha 2015). 

We also tested the same model of resistance previously used by Jha (2015), similar to other 

resistance models utilized in other taxa (Zellmer and Knowles 2009, Sackett et al. 2012), which 

predicted that urban and crop land would be limiting to gene flow. This model was not 

significant and had the lowest F value (3.950) of any model that we tested. The disparity between 

our result and those of previous studies can again be explained by differences in nesting habitat 

requirements of the focal species. Jha (2015) and Davis and colleagues (2010) both investigated 

bee species that nest underground, which were therefore expected to be sensitive to the increases 

in impervious surfaces associated with human-altered landscapes. While there are very few 

studies which directly investigate human-altered land-use effects on gene flow in any taxa 

(reviewed in LaPoint et al. 2015), one study of an urban-associated mouse (Peromyscus 

leucopus) showed low resistance to gene flow through New York City, although this was mainly 
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via connectivity through parks and semi-natural habitat patches (Munshi-South 2012). Our study 

is the first landscape genetic study of insects indicating that human-altered land-use facilitates 

gene flow. Further, while it is unclear if the mechanism behind the pattern observed in our study 

system is due to human-mediated or natural dispersal, we posit that it is likely a combination of 

both, given past documentation of unintentional insect movement (e.g. Gibbs and Sheffield 

2009) and frequent natural colonization of human-associated structures by carpenter bees 

(Chaves-Alves et al. 2011). These patterns of movement could result in both increased 

population sizes and higher genetic diversity in X. virginica across human-altered landscapes. 

Genetic Signatures of Philopatry: Fine Scale Population Structure 

We detected significant spatial autocorrelation in genetic relatedness at very fine scales, 

providing genetic evidence for limited dispersal from natal sites in this large-bodied species. We 

expected to see moderate levels of fine-scale spatial genetic structure, however the magnitude of 

the observed significant overall relatedness values at local sites (Fij ≅	0.03 - 0.06) observed at 

scales as small as 0.25 km was astonishing. Lopez-Uribe and colleagues (2015) also found 

significant spatial autocorrelation for the small-bodied ground nesting bee Colletes inaequalis at 

similarly small spatial scales, but the genetic relatedness measured within a site was an order of 

magnitude lower than found within our study (Fij=0.004). The disparity between these studies is 

likely due to the distinctive nesting specialization of X. virginica as compared to these previously 

studied species. Most other bees nest underground and do not tend to re-use nests from year to 

year, unlike carpenter bees, which require wooden substrates to build their nests and have been 

observed to re-use nests built by previous generations.  Because of X. virginica’s nesting 

specialization, nests are likely distributed patchily across landscapes (Richards 2011), potentially 

contributing to higher levels of population genetic structure at multiple scales. Additionally, new 

nests are often constructed nearby established nests, creating nesting aggregations that can 

persist for years (Richards and Course 2015). We posit that the patchy spatial distribution of 
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nesting resources, along with the high energetic costs of finding and constructing new nests may 

contribute to high levels of natal site fidelity, resulting in the observed fine-scale genetic 

relatedness. While very little work has been done to investigate the population genetic structure 

of nesting resource specialists, other studies have shown that pollinators which are foraging 

resource specialists tend to show higher levels of population genetic structure than generalist 

foragers (Dellicour et al. 2015, 2017). While X. virginica is a forage generalist, our results are 

consistent with the hypothesis that nesting resource specialists could be expected to exist in 

smaller isolated populations than generalist species, depending on the spatial distribution of 

those resources (Brouat et al. 2003, Stow et al. 2007). Overall, our result is one of the first 

studies to provide strong genetic evidence for high site-level philopatry in a large-bodied insect 

species.  

Low effective population sizes may suggest similar mating behavior across the X. virginica 
range 

Although we did not specifically investigate any hypotheses related to effective 

population size (Ne), we found that estimated Ne’s tended to be low, ranging from between 41 and 

144 for 11 of the 14 sites. Previous studies in other areas of the X. virginica range have also 

demonstrated low effective population sizes in X. virginica, which Vickruck and Richards (2017) 

attribute to the combination of patchy availability of nesting substrate and mating behavior. For 

instance, the size, location, and availability of nesting in either natural (e.g. fallen logs in forested 

areas) or human-associated materials (fenceposts, firewood, wooden structures), may limit the 

numbers of nests that can exist in aggregations. Although the amount of raw nesting substrate 

may be increasing across the study region due to increased woody encroachment of Juniperus sp. 

in traditionally managed range and grassland in Central Texas (Van Auken 2009), as well as 

rapidly increasing urbanization, the likely patchy distribution of those resources may limit Ne. 

Additionally, the social structure and mating behavior of X. virginica likely also limits Ne. 
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Behavioral studies at the northern edge of their range have found that X. virginica nests usually 

contain multiple adult females, but only one female at a time provisions the nest and lays eggs 

(Gerling and Hermann 1978), and many adult X. virginica adult females never reproduce 

(Richards and Course 2015). Additionally, males aggressively defend a mating territory, where 

competition for mates likely constrains the number that reproduce. Therefore, mating limitation 

in both sexes has been suggested as a mechanism that likely reduces Ne (Vickruck and Richards 

2017), and this is also reflected in our study, suggesting that nesting and mating behavior in this 

species is likely similar across its range. As this species is increasingly utilized as a model 

species for investigating the evolution of sociality (Richards 2011), future behavioral analyses 

across the entirety of the X. virginica range will be useful in confirming if levels of sociality and 

nesting behavior are truly consistent across geographic areas. 

Conservation implications 

There have been many recent reports of wild bee declines across the globe, most often 

linked to human-caused habitat loss (Cameron et al. 2011, Goulson et al. 2015). In order to 

develop effective conservation strategies for bees and their associated pollination services, 

genetic tools are increasingly employed to understand demographic history and patterns of 

genetic structure (reviewed in Lopez-Uribe et al. 2017). In this study, we show that the eastern 

carpenter bee Xylocopa virginica displays both regional and localized levels of population 

genetic structure related to their nesting resource specialization and tendencies towards natal site 

fidelity. Although this fine-scale genetic relatedness and significant IBD indicates somewhat 

limited dispersal in this species, significant genetic isolation by land-use indicates that urban and 

agricultural landscapes may facilitate X. virginica gene flow across the study region. This 

suggests that X. virginica is one of the few “anthrophillic” species that thrives in human-altered 

habitats.  These results have positive implications for the conservation of pollination services 

both locally and globally, as Xylocopa species are important pollinators for both crops and native 



 

67 
 

plants (Sampson et al. 2004, Chaves-Alves et al. 2011, Junqueira et al. 2012). As human 

alteration of natural landscapes continues, X. virginica will likely benefit, reinforcing wild 

pollination services in both urban and agricultural areas. 
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CHAPTER 2 TABLES  
 

Table 2.1. Collection locations, coordinates, and genetic characteristics for 579 female Xylocopa 
virginica genotyped at 10 microsatellite loci.  

Site Name Transect 
Number 

Region 
(Nearest City) 

Site 
Code Latitude  Longitude N Np Ho He FIS Ne 

Barton Creek Habitat Preserve 1 Austin BC1 -97.915 30.306 18 0 0.555 0.632 0.123 - 
Barton Creek Habitat Preserve 2 Austin BC2 -97.916 30.303 10 0 0.449 0.600 0.253 - 
Barton Creek Habitat Preserve 3 Austin BC3 -97.912 30.300 0 - - - - - 
Barton Creek Habitat Preserve 4 Austin BC4 -97.910 30.298 13 0 0.516 0.622 0.171 - 
Barton Creek Habitat Preserve 5 Austin BC5 -97.909 30.296 11 0 0.478 0.631 0.243 - 
Barton Creek Habitat Preserve All Austin BC - - 52 0 0.509 0.645 0.211 61 
Clymer Meadow Preserve 1 Dallas CL1 -96.242 33.302 1 0 0.600 0.300 NA - 
Clymer Meadow Preserve 2 Dallas CL2 -96.243 33.305 16 1 0.628 0.669 0.061 - 
Clymer Meadow Preserve 3 Dallas CL3 -96.243 33.308 5 0 0.502 0.565 0.112 - 
Clymer Meadow Preserve 4 Dallas CL4 -96.243 33.311 7 0 0.586 0.598 0.020 - 
Clymer Meadow Preserve 5 Dallas CL5 -96.243 33.314 8 0 0.553 0.655 0.157 - 
Clymer Meadow Preserve All Dallas CL - - 37 0 0.587 0.691 0.151 44 
Clear Creek Natural Heritage NA Dallas CNH -97.065 33.261 7 1 0.614 0.651 0.056 ∞ 
Connemara Prairie NA Dallas CON -96.703 33.083 5 0 0.572 0.550 -0.040 ∞ 
Harry S Moss Park NA Dallas HRM -96.748 32.893 9 1 0.594 0.642 0.075 144 
Lake Whitney State Park NA Waco LKW -97.355 31.925 26 2 0.589 0.676 0.130 44 
Mathew's Prairie 1 Dallas MA1 -96.237 33.172 6 0 0.592 0.653 0.093 - 
Mathew's Prairie 2 Dallas MA2 -96.238 33.170 10 0 0.620 0.622 0.003 - 
Mathew's Prairie 3 Dallas MA3 -96.239 33.168 36 1 0.588 0.639 0.080 - 
Mathew's Prairie 4 Dallas MA4 -96.241 33.167 26 2 0.623 0.653 0.046 - 
Mathew's Prairie 5 Dallas MA5 -96.242 33.165 22 1 0.606 0.698 0.132 - 
Mathew's Prairie All Dallas MA - - 100 4 0.604 0.687 0.121 92 
M & J Farms NA Austin MJF -98.331 30.457 9 0 0.651 0.684 0.048 90 
Onion Creek Wildlife 
Sanctuary NA Austin ONC -97.614 30.198 5 0 0.640 0.674 0.050 ∞ 

Pedernales Falls State Park NA Austin PED -98.259 30.332 17 1 0.518 0.642 0.193 78 
R & C Dairy NA Dallas RCR -96.910 33.531 9 0 0.629 0.696 0.097 144 
Ray Roberts Lake State Park NA Dallas RRL -97.091 33.352 26 1 0.580 0.662 0.123 41 
Smiley Woodfen Prairie 1 Dallas SM1 -95.698 33.646 19 0 0.684 0.715 0.044 - 
Smiley Woodfen Prairie 2 Dallas SM2 -95.698 33.648 29 0 0.638 0.677 0.058 - 
Smiley Woodfen Prairie 3 Dallas SM3 -95.698 33.652 26 0 0.568 0.627 0.093 - 
Smiley Woodfen Prairie 4 Dallas SM4 -95.698 33.654 40 5 0.612 0.653 0.063 - 
Smiley Woodfen Prairie 5 Dallas SM5 -95.698 33.657 13 1 0.626 0.655 0.044 - 
Smiley Woodfen Prairie All Dallas SM - - 127 6 0.609 0.701 0.137 108 
Water Quality Protection Lands 1 Austin WQ1 -97.957 30.066 29 0 0.616 0.650 0.052 - 
Water Quality Protection Lands 2 Austin WQ2 -97.957 30.065 25 1 0.627 0.708 0.114 - 
Water Quality Protection Lands 3 Austin WQ3 -97.957 30.063 35 3 0.676 0.693 0.024 - 
Water Quality Protection Lands 4 Austin WQ4 -97.957 30.060 32 5 0.600 0.692 0.133 - 
Water Quality Protection Lands 5 Austin WQ5 -97.957 30.057 29 2 0.686 0.695 0.013 - 
Water Quality Protection Lands All Austin WQ - - 150 11 0.643 0.709 0.092 111 
 
N, number of individuals collected at the location; Np, number of private alelles; Ho, observed heterozygosity; He, expected heterozygosity; FIS, 
inbreeding coefficient; Ne, effective population size.  
  



 

69 
 

 

Table 2.2. MRDM results investigating geographic distance (Geo), and resistance distances for 
multiple land-use resistance surfaces (GrassForest, DevelopedCropForest, 
Developed, Crop, and Forest) and their relationship to average Bruvo’s genetic 
distance per site (N=528 pairs). 

Models are arranged by increasing F-test value.  
 
Model F R2 p-val 
GrassForest 3.950 0.007 0.257 
Forest 5.889 0.011 0.201 
Geo + Forest  7.941 0.029 0.084 
Geo + GrassForest 8.631 0.032 0.061 
Geo + Developed  11.030 0.040 0.044 
Geo + DevelopedCropForest 12.325 0.045 0.022 
Geo 15.561 0.028 0.005 
Developed 19.723 0.036 0.012 
Geo + Crop 21.997 0.077 0.003 
DevelopedCropForest 24.119 0.044 0.006 
Crop 43.766 0.077 0.0005 
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CHAPTER 2 FIGURES 

 
 

Figure 2.1. STRUCTURE results for Xylocopa virginica at all 14 collection sites.   
 
A subsample of random individuals were selected from transect locations and analyzed together 
as a single site for sites BC, CL, MA, SM, and WQ, each having a maximum of n=30 individuals 
included in the analysis. A) Population membership as computed by STRUCTURE for K=2, 
K=3 and K=4 from 10 microsatellite loci and visualized using CLUMPAK. Sites are arranged 
left to right by increasing latitude. Each vertical bar represents the probability that an individual 
genotype can be assigned to a particular population, indicated by different colors. Blue 
represents membership to genetic population 1, orange represents membership to genetic 
population 2, purple genetic population 3, and green population 4. K=4 was the most likely 
number of genetic populations based on the Evanno (2005) method. B) Map of collection sites 
displaying pie charts of mean population membership for K=2 genetic populations. Blue 
represents membership to genetic population 1, orange represents membership to genetic 
population 2.  Sampling was focused primarily near the urban areas of Austin (Southern sites) 
and Dallas (Northern sites). Sites that had the highest probability of assignment in either 
population 1 (MA, SM) or 2 (LKW) were located in the central (LKW) or northwestern (MA, 
SM) regions of the sampling area, where the other sites that were located nearer to the Dallas and 
Austin regions had higher levels of admixture. 
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Figure 2.2. a) Isolation by distance (IBD), and b,c) Isolation by Resistance (IBR) for two 
resistance maps (GrassForest and Crop) among 33 sampling locations.  

Each point represents the average pairwise genetic distance (Bruvo et al. 2004) between sample 
sites. ** indicates significance at the α <0.01 level, and *** indicates significance at the α < 
0.001 level for the MRDM models.  
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Figure 2.3. Spatial autocorrelation of genetic relatedness (Loiselle’s Fij) versus geographic 
distance.  

The solid black line represents the mean of all pairwise relatedness coefficients between 
individuals at different distance intervals. Dashed lines represent permuted 95% confidence 
intervals (CI) for the null hypothesis that there was no correlation between relatedness and 
distance (Fij = 0). Upper and lower CI values at distance 0 are small but do not equal zero. 
Individuals at distances lower than 0.75 show significantly higher genetic relatedness than 
expected by random mating. * indicates significance at α<0.05, and *** indicates significance at 
α<0.001.  
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*
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CHAPTER 2 APPENDIX 

Table 2.3 Characteristics of ten microsatellite loci amplified in 579 Xylocopa virginica females.  

Size range indicates allele DNA fragment length. 
 
Locus Multiplex 

Number 
Size 
Range NA Ho He FST  G'ST  

XV03 1 204-258 14 0.693 0.871 0.012 0.089 
XV14 1 287-322 9 0.455 0.560 0.161 0.402 
XV24 1 176-217 13 0.436 0.554 0.017 0.035 
XV07 1 296-349 15 0.608 0.850 0.047 0.270 
XV09 1 170-210 11 0.634 0.727 0.036 0.114 
XV28 1 243-295 19 0.821 0.892 0.004 0.041 
XF27 2 136-151 3 0.228 0.492 0.211 0.328 
XF13 2 217-264 16 0.715 0.773 0.012 0.060 
XG75 2 148-166 10 0.579 0.648 -0.018 -0.057 
XV01 2 211-404 38 0.795 0.923 0.023 0.239 
Global value 14.8 0.596 0.729 0.042 0.146 
NA , number of alleles; Ho, observed heterozygosity; He, expected heterozygosity; FST, fixation index (Weir and Cockerham 1984) ; GʹST; genetic 
differentiation measure (Hedrick 2005). All FST and GʹST values are significantly different from zero (p<0.001) aside from XG75 where negative 
values indicate no differentiation from zero. 
 

Table 2.4. Numbers of genotypes from each site included in each analysis.  

 
   Analyses Conducted   

    Sibship  

Global FST, Global 
GʹST, Ho, He, Ne, Fis, 
IBD, IBR, Fine-
Scale Spatial Auto-
correlation 

Pairwise FST and 
GʹST  

Bayesian Genetic 
Clustering 

Site Name 
City 
Region 

Site 
Code 

N original 
genotypes 

N genotypes with 
full sibs removed 
(main dataset) 

N genotypes with 
20% missing 
data removed 

N genotypes with 
random 
individuals 
removed from 
transect sites 

Barton Creek Habitat Preserve Austin BC 55 52 34 29 
Clymer Meadow Preserve Dallas CL 41 37 17 27 
Clear Creek Natural Heritage Dallas CNH 7 7 7 7 
Connemara Prairie Dallas CON 5 5 0 5 
Harry S Moss Park Dallas HRM 9 9 8 9 
Lake Whitney State Park Waco LKW 30 26 20 26 
Mathew's Prairie Dallas MA 103 100 96 29 
M & J Farms Austin MJF 10 9 8 9 
Onion Creek Wildlife Sanctuary Austin ONC 5 5 5 5 
Pedernales Falls State Park Austin PED 17 17 11 17 
R & C Dairy Dallas RCR 9 9 7 9 
Ray Roberts Lake State Park Dallas RRL 26 26 20 26 
Smiley Woodfen Prairie Dallas SM 130 127 115 30 
Water Quality Protection Lands Austin WQ 151 150 119 30 
  Total 598 579 467 258 
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Table 2.5. Pairwise measures of genetic differentiation among the sampled sites.  

 
Pairwise GʹST values are below diagonal, FST values are above diagonal. Significant pairwise 
differences are indicated in black (α < 0.05), non-significant differences are italicized and in 
gray. Significance is based on 9999 permutations in GenAlEx.  
 
Population 
Code BC CL CNH HRM LKW MA MJF ONC PED RCR RRL SM WQ 
BC  0.026 0.047 0.044 0.039 0.057 0.025 0.039 0.014 0.049 0.021 0.038 0.023 
CL 0.070  0.039 0.039 0.036 0.040 0.030 0.040 0.032 0.026 0.026 0.018 0.024 
CNH 0.113 0.057  0.061 0.060 0.051 0.048 0.060 0.057 0.057 0.035 0.038 0.033 
HRM 0.102 0.065 0.115  0.036 0.081 0.042 0.061 0.050 0.033 0.045 0.061 0.052 
LKW 0.136 0.114 0.179 0.050  0.086 0.037 0.050 0.050 0.042 0.050 0.061 0.049 
MA 0.258 0.170 0.162 0.325 0.420  0.053 0.061 0.064 0.058 0.043 0.020 0.018 
MJF 0.011 0.017 0.054 0.026 0.066 0.196  0.043 0.028 0.044 0.032 0.039 0.021 
ONC 0.025 0.009 0.055 0.073 0.075 0.185 -0.037  0.050 0.054 0.048 0.041 0.035 
PED -0.018 0.055 0.122 0.086 0.152 0.259 -0.026 0.034  0.048 0.027 0.045 0.027 
RCR 0.127 -0.027 0.089 -0.051 0.080 0.214 0.025 0.009 0.071  0.040 0.043 0.041 
RRL 0.045 0.056 0.038 0.094 0.183 0.178 0.037 0.063 0.031 0.064  0.027 0.022 
SM 0.171 0.047 0.096 0.232 0.305 0.099 0.122 0.066 0.170 0.132 0.104  0.018 
WQ 0.092 0.090 0.066 0.181 0.229 0.090 0.010 0.034 0.069 0.124 0.072 0.097  
 
 

 
 

Figure 2.4. Plots showing the likely number of genetic clusters inferred by the Bayesian 
clustering program GENELAND (Guillot et al. 2005).  

Both plots show a clear mode at K=1 across 1,000,000 Markov Chain Monte Carlo runs.  
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Chapter 3. Utilizing field collected insects for next generation sequencing: 
effects of sampling, storage, and DNA extraction methods 

ABSTRACT  

DNA sequencing technologies continue to advance the biological sciences, expanding 

opportunities for genomic studies of non-model organisms for basic and applied questions. 

Despite these opportunities, many next-generation sequencing protocols have been developed 

assuming a large quantity of high molecular weight DNA, which can be difficult to obtain for 

many study systems. In particular, the ability to sequence field-collected specimens that exhibit 

varying levels of DNA degradation remains largely unexplored. In this study we investigate the 

influence of five traditional insect capture and curation methods on Double-Digest Restriction 

Enzyme Associated DNA (ddRAD) sequencing success for three wild bee species. We 

sequenced a total of 103 specimens (between 7-13 specimens per species and treatment). We 

additionally investigated how different DNA quality metrics (including pre-sequence 

concentration and contamination) predicted downstream sequencing success, and also compared 

two DNA extraction methods. We report successful library preparation for all specimens, with 

all treatments and extraction methods producing enough highly reliable loci for population 

genetic analyses. Although results varied between species, we found that specimens collected by 

net sampling directly into 100% EtOH or by passive trapping methods that allowed for quick 

specimen desiccation before pinning tended to produce higher quality ddRAD assemblies. 

Surprisingly, we found that specimens preserved in propylene glycol during field sampling 

exhibited lower-quality assemblies. We provide recommendations for each treatment, extraction 

method, and DNA quality assessment, and further encourage researchers to consider utilizing a 

wider variety of specimens for genomic analyses.  
 

Ballare, K.M., Pope, N., Cusser, S., Castilla, A., Metz, R., and S. Jha.  (In Review) Utilizing field collected insects for next-
generation sequencing: effects of sampling, storage, and DNA extraction methods. Ecology and Evolution.  
 
Contributions:  K. Ballare designed experiments, collected and preserved specimens, performed experiments, analyzed the data 
and wrote the manuscript. 
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INTRODUCTION 

The rapid expansion of molecular techniques throughout the last 60 years has 

revolutionized the field of biology and the study of wild populations across taxonomic and 

spatial scales. Development of various molecular markers and sequencing technologies have 

allowed for essential empirical tests of population genetics theory (Charlesworth and 

Charlesworth 2017), improved resolution of phylogenies (Whelan et al. 2001), greater insights 

into behavioral and evolutionary ecology (Hughes 1998, Woodard et al. 2015), and a more 

informed identification of genetic conservation units (DeSalle and Amato 2004). Most recently, 

next generation genetic sequencing (NGS) techniques have been employed to advance 

understanding of critical ecological and evolutionary processes for non-model species (Davey et 

al. 2011, Woodard et al. 2015). Specifically, the increased genome coverage provided by NGS 

markers and the recent advancement of assembly pipelines for non-model species have made 

NGS techniques especially suitable for the investigation of species where sample availability 

may be limited. For example, one recent study used NGS techniques to compare museum 

specimens from an extinct mainland population of an extremely rare and evolutionarily distinct 

insect with a newly discovered extant island morph.  These data confirmed that the two 

populations belong to the same species, providing evidence that island individuals may be 

suitable for mainland reintroduction (Mikheyev et al. 2017). Given the large number of species 

that are ecologically critical yet understudied (e.g. McKinney 1999, Fisher et al. 2011), and the 

increasing interest in the evolutionary ecology of non-model organisms (Ekblom and Galindo 

2011), NGS tools provide key opportunities for the exploration of basic biological questions and 

the development of species-specific conservation guidelines.  

However, despite the great potential of NGS tools, most protocols have been developed 

assuming a large quantity of high molecular weight DNA, and have gone relatively untested with 

more readily available degraded forms of DNA. For example, in a recent review of NGS 

methods, approximately 80% of the studies cited used tissue that was either freshly sampled or 
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preserved in EtOH (Andrews et al. 2016). This pattern belies the difficulty of obtaining high 

quality DNA for many species, the greater availability of specimens that may have lower quality 

DNA, and the untapped potential of these samples to address key questions in ecology and 

evolution. Tremendous biological insight can be gained from road-killed specimens (Say et al. 

2012, Rusterholz et al. 2015), shed substances including feces, feathers, or fur (Waits and 

Paetkau 2005, Alda et al. 2013, Hans et al. 2015), as well as museum and herbarium specimens 

(Gilbert et al. 2007, Beck and Semple 2015, Sproul and Maddison 2017). Whereas some studies 

have shown that traditional marker-based approaches such as microsatellites work well with low-

quality DNA (e.g. Piggott 2004, Ledoux et al. 2013), very little is known about how degraded 

DNA specimens may fare in NGS studies (Graham et al. 2015). This is particularly relevant for 

taxonomically diverse groups, like insects, which represent an estimated 40% of the world’s non-

microbial biodiversity (Scheffers et al. 2012), but have limited marker-based resources and 

typically need substantial curation before expert identification is possible (Wheeler and Miller 

2017), possibly leading to greater DNA degradation than in other taxa. 

Specifically, molecular studies of insects can be challenging because many of the 

standard field sampling and lab preservation methods used for insects are especially prone to 

DNA degradation problems. The most common ways of collecting insects often involve 

capturing insects in traps without preservative, or in soapy water, where they can remain for 

several days (e.g. pan, pitfall, and blue vane traps; LeBuhn et al. 2003, Rubink et al. 2003, Potts 

et al. 2005), likely leading to DNA degradation. Hand netting into a kill jar may expose 

specimens to chemicals that could also degrade DNA (e.g. ethyl acetate, Dillon et al. 1996). 

Trapping using a preservative such as propylene glycol has been shown to be an effective 

method for DNA preservation of several invertebrate species (Dillon et al. 1996, Ferro and Park 

2013), but the effects of propylene glycol on NGS results are not known. Further, after netting 

and trapping, the pinning and drying required for morphological identification and specimen 

cataloguing may lead to additional DNA degradation. While some studies suggest collecting 
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samples directly into EtOH for NGS (e.g. Moreau et al. 2013), this technique presents major 

challenges as it is time-consuming, with a capture rate that can be 3-17x lower than trapping 

(Roulston et al. 2007, Fig. 1, Stephen and Rao 2007), and can only be used on field-identifiable 

species. In practice, species identification of many insect groups requires morphological trait 

assessment that can only be obtained after pinning and drying in order to visualize minute 

morphological features (Huber 1998).  

One possible NGS tool for use with degraded DNA is Double Digest Restriction Enzyme 

Associated DNA sequencing (ddRAD, Peterson et al. 2012) as it relies upon analyzing restriction 

enzyme cut fragments, and thus it could be potentially well-suited to analyzing fragmented 

DNA. However, because it also requires completely intact 5ʹ and 3ʹ overhangs, its use may be 

compromised if genomic DNA quality is very low (Puritz et al. 2014). The ddRAD method is 

often used in marker discovery (Jansson et al. 2016), whole genome association mapping (Wu et 

al. 2016, Barría et al. 2018), phylogenetics (DaCosta and Sorenson 2016), and population 

genomics . It is considered especially useful for non-model organisms as it does not require a 

reference genome, though its utility for degraded specimens is still debated. One past ddRAD 

study using whitefish specimens found that proportions of low-quality reads increased 

exponentially for specimens with high levels of degradation (extracted 96 hours post-euthanasia), 

while specimens with moderate degradation (12-48 hours post-euthanasia) produced similar 

results to the non-degraded DNA, including high levels of read depth and numbers of 

polymorphic loci (Graham et al. 2015). Other studies have shown that degraded DNA from 

museum specimens (collected 50-100 years ago) can be successfully used for RAD procedures 

(Tin et al. 2014, Sproul and Maddison 2017), but these studies have not examined the impacts of 

differing sampling techniques (e.g. netting vs. trapping), different DNA extraction methods, or 

use of different focal species on ddRAD sequencing success.  

In this study we investigate the effects of capture method, preservation method, and DNA 

extraction method on ddRAD sequencing success for three wild bee species: Bombus 
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pensylvanicus, Melissodes tepaneca, and Lasioglossum bardum. These species vary in size 

(large, medium, and small respectively), and are all common throughout much of North 

America. We assessed three main measures as proxies for evaluating ddRAD sequencing 

success: number of polymorphic loci, sequencing read depth, and levels of missing loci between 

treatments within a species. While number of loci is often utilized as a standard measurement of 

sequencing success (Graham et al. 2015), depth of coverage (number of sequence reads for a 

given locus) is also an important metric of sequence quality, as higher depth allows for greater 

detection of sequencing errors, heterozygous loci, and differences between individuals and 

populations (Sims et al. 2014, Maroso et al. 2018). Quantifying the amount of missing data is 

also an important aspect of assessing RAD success, as there is a finite number of sequencing 

reads spread across multiple individuals during sequencing, and the assembly of genomes, either 

de novo or mapped to a reference, depends on sequence similarity (low levels of missing data) 

between specimens (Catchen et al. 2011). Overall, we predicted that different sampling and 

extraction treatments would affect both DNA quality and sequencing success for the three 

species. Specifically, we expected that specimens that were netted directly into and stored in 

EtOH would have the highest levels of DNA quality and sequencing success including higher 

numbers of loci, higher read depth, and less missing data between specimens. We also predicted 

that trapped specimens which included propylene glycol as a preservative would have higher 

DNA quality and better sequencing results than those specimens trapped without a preservative.  

MATERIALS AND METHODS 

Insect sampling and storage 

Specimens were captured using three standardized methods including hand netting, blue 

vane trapping (Stephen and Rao 2007), and pan trapping (Roulston et al. 2007) at 39 sites across 

Texas during the summers of 2012-2014 (Table 3.3, Appendix). Sample numbers ranged from 7 

to 13 specimens per treatment based on sample availability in our collection; this sample size is 
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higher than most experimental studies that test NGS protocols, which often only include one or 

two specimens per treatment (Sproul and Maddison 2017). Hand-netted specimens were 

collected via two methods: either directly into 100% EtOH (hereafter “Net-EtOH”) or into a jar 

using ethyl acetate vapor as a killing agent (hereafter “Net-Dry”). Blue vane-trapped specimens 

were also trapped via two methods: with no preservation agent or bait in the trap (hereafter 

“Vane-Dry”) or using propylene glycol as a preservation agent (hereafter “Vane-Gly”). 

Propylene glycol is commonly used for short- and long-term trapping to preserve insects for later 

morphological identification (Rubink et al. 2003, Sudan 2016). In both blue vane trapping 

methods, traps were left for 5 days in the field before collection. Pan-trapped specimens 

(hereafter referred to as “Pan”) were trapped in small plastic bowls filled with soapy water 

(approximately one tablespoon Dawn® dishwashing liquid/ gallon water).  Pan traps were left in 

the field for 24 hours before collection. Net-EtOH specimens were stored at room temperature in 

100% EtOH until extraction. The specimens collected by the remaining four methods were 

pinned and dried for long-term storage. Net-Dry and Vane-Dry specimens were kept on ice for 

~8 hours in the field and then frozen at -20° C before pinning, while Vane-Gly and Pan 

specimens were stored in 100% EtOH at room temperature until pinning. All pinned specimens 

were ultimately stored at room temperature in pine Cornell drawers (BioQuip item 1012AF) 

within closed steel Cornell University system cabinets (BioQuip item 2525) until extraction. Due 

to the variation in size of each species and various logistic restrictions, specimens were not 

captured in all methods across species. For example, B. pensylvanicus was captured via hand-

netting and dry blue vane trapping, but due to its large size was not captured in pan traps (see 

Table 3.1 for specimen trapping and storage summary). 

DNA extraction and pre-sequence DNA quality quantification 

All specimens were extracted in Spring 2016 using Qiagen ® Dneasy Blood and Tissue 

Kit using the standard protocol with a few minor modifications to maximize DNA yield. We 
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extracted approximately 1 cm2 tissue from each specimen, using thoracic tissue from B. 

pensylvanicus and M. tepaneca, and using the entire specimen for the smaller species L. bardum. 

We ground tissue using a MiniBeadBeater 96 (BioSpec) and 10 1.0 mm Zirconia Silica beads per 

sample (BioSpec 11079110z) before proceeding with lysing steps. Prior to final DNA elution we 

included three EtOH wash steps. We eluted DNA using Qiagen® elution buffer AE warmed to 

56° with two separate elution steps. We additionally investigated the DNAzol ® extraction 

technique for only B. pensylvanicus specimens given the larger size and ample tissue availability. 

B. pensylvanicus thoraces were divided in half and extracted using a customized DNAzol ® 

protocol (Chomczynski et al. 1997) using the same pre-lysis protocol as for the Qiagen extracted 

samples, and adding 5 µL of polyacryl carrier to 500 µL of DNAzol isolation reagent in the lysis 

step. Samples were washed three times with 75% EtOH and eluted in TE buffer.  

We quantified DNA using both UV spectroscopy and fluorometry to measure levels of 

contamination and DNA concentration respectively, as recommended by Simbolo et. al (2013). 

Levels of potential RNA and protein contamination of the extracted DNA was measured using a 

NanoDrop 8000 spectrophotometer including quantification of 260/280 and 260/230 nm ratios 

with 1 uL of sample. A 260/280 value of 1.8 is considered “pure” DNA with little to no protein 

contamination, while a substantially lower value indicates the presence of protein or other 

contaminants that absorb light at or near 280 nm (Simbolo et al. 2013). The 260/230 ratio is a 

secondary measurement of DNA purity, where expected values are ~2.0-2.2 for pure DNA. A 

lower value indicates the presence of contaminants that absorb at 230 nm, including EDTA, 

carbohydrates, and phenol. Total amount of DNA per extraction was quantified using a Qubit 

Fluorometer (Life Technologies), with a Quant-iT dsDNA HS assay Kit using 2 µL of sample. 

Qubit has been shown to be much more accurate in detecting dsDNA concentration and is less 

influenced by RNA contamination than spectroscopy (Simbolo et al. 2013). DNA was then 

stored at -20° C until sequencing. 
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Library preparation and ddRAD sequencing 

One hundred µg of DNA per sample were digested in 1X NEB Cut Smart Buffer and 100 

U each EcoRI-HF and MspI (NEB), for a final volume of 25 µL, at 37°C for 4 hours. Following 

a 20 minute 80°C enzyme inactivation, samples were held at 12°C until ligation. To each 25µL 

digest was added 3.5 µL 10X Ligase buffer (Promega), 0.5 µL T4 DNA Ligase (Promega), 

adapters containing 1 of 48 unique barcodes, Illumina-compatible P5 sequences coupled to an 

EcoRI overhang, and Illumina-compatible P7 sequences coupled to the MspI overhang. Plates 

were incubated 8 hours at 16°C and heat inactivated at 80°C for 20 min. Three pools of 45, 45 

and 46 samples respectively were mixed and combined with 0.1 volume 3M NaAc pH 5.2 and 

two volumes of 100% EtOH, and then placed at -20°C for 1 hour before spinning at high speed 

for 10 minutes in a bench top microfuge. Pellets were washed twice in one mL 70% ethanol and 

re-suspended in 200 µL of EB. Samples were purified with Qiagen ® PCR Purification columns 

and eluted in 2X 50 µL EB for a total of 100 µL. One volume of AMPure XP beads was added to 

the elutant, and then DNA was purified as per the manufacturers protocol, eluted in 35 µL EB. 

Thirty µL of each pool containing between 1.9 – 2.2 µg DNA was subjected to Pippin Prep size 

selection on a 2% agarose gel with internal size markers aiming for 270-330 base pair inserts. 

Recovered samples were cleaned with 1X AMPure XP beads and quantified on a DeNovix 

spectrophotometer. One hundred and fifty ng of each pool was then subjected to a pre-selection 

PCR (PreCR) where a biotinylated forward primer and unique indexed reverse primers were 

used to amplify and tag desired DNA fragments. Reactions (200 µL total) contained 200 nM 

dNTPs, biotinylated forward and two P7-index primers per pool, and 4 units Phusion Hi-Fidelity 

Taq (NEB). Reactions were then split into 2 X 100 µL volumes for thermocycling. Following an 

initial denaturation at 98°C for 30 seconds, samples were subjected to 18 cycles of 98°C for 10 

seconds, 58°C for 30 seconds, and 72°C for 30 seconds, with a final elongation step for 5 min at 

72°C and then held at 4°C. PCR products were cleaned up in Qiagen ® PCR purification 

columns and 1X AMPure XP beads, and quantified as before. Removal of EcoRI-EcoRI and 
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MspI-MspI fragments was achieved using Dynabeads M-270 Streptavidin coupled magnetic 

beads (ThermoFisher). Briefly, 50 µL of beads per sample were captured and washed twice with 

1X Bead Washing Buffer (1X BWB, 10 mM Tris-HCl (pH 7.5), 1 mM EDTA, 2 M NaCl). 

Beads were resuspended in 100 µL 2X BWB and mixed with 2000 ng of PreCR product in 100 

µL EB, and then incubated at room temperature for 20 minutes. Beads were then washed three 

times in 200 µL 1X BWB, twice in 200 µL water, and once in 100 µL 1X SSC. Beads were then 

resuspended in 50 µL 1X SSC and heated at 98°C for 5 min, placed on a magnet and supernatant 

removed. This elution was repeated and the final supernatants were cleaned up with Qiagen ® 

PCR columns. The eluted ssDNA was DeNovix quantified and diluted to 1 ng/µL with EB. A 

final PCR was performed on 10 ng of input DNA using P5 and P7 primers in a 75 µL reaction as 

described above but with only 8 cycles. Final PCR products were purified with 1X AMPure XP 

beads, quantified and assessed for quality on a Fragment Analyzer (Advanced Analytics). 

Sequencing of all 136 samples was done in a single lane of Illumina HiSeq 2500 operated by the 

Genomics and Bioinformatics service at Texas A&M University (TAMU), with 250 million 

reads per lane. Trimming of adapters, removal of barcodes, and de-multiplexing of sequencing 

reads was performed using bclfastq2 v2.19 (Illumina).  

Statistical Analysis 

Raw sequence data were assembled into putative loci and called to SNP’s using the 

STACKS pipeline (v. 2.0 beta 9). To determine the optimal parameter settings for the pipeline, 

we used the strategy detailed by Paris and colleagues (2017). Briefly, we repeated the assembly 

across a grid of values of the “m”, “M” and “n” parameters (the minimum depth allowed for a 

putative allele, the number of mismatches allowed when merging putative alleles into putative 

loci, and the number of mismatches allowed when matching putative loci across samples 

respectively). We selected those values that resulted in the greatest number of polymorphic loci 



 

84 
 

shared across 80% of the samples in a given species. These were m=7, M=1, and n=1 for B. 

pensylvanicus, m=3, M=1, and n=1 in M. tepaneca, and m=3, M=3, and n=3 in L. bardum.  

All further analyses were performed using R version 3.4.3. First, we assessed the overall 

success of various treatments by considering the degree of missing data (“missingness”) in each 

treatment. We measure missingness by finding all possible subsets of samples of a given size, 

and counting the number of shared polymorphic loci within each subset. We calculated 

missingness at three subset sizes increasing in conservatism: one sample (i.e. all samples within a 

treatment were compared), three samples, and six samples; thereby allowing us to assess 

consistency of missingness patterns between treatments. For example, a treatment with 8 samples 

has 56 unique combinations of three samples and 28 unique combinations of six samples. Each 

triplet or sextet will have some number of polymorphic loci that are “non-missing”, in other 

words, that occur in all three or six members. To determine whether missingness varied 

substantially across treatments, we used a Kruskal-Wallace test statistic, where each 

singleton/triplet/sextet is treated as an observation. However, we could not apply the usual 

Kruskal-Wallace test procedure because triplets and sextets are not independent (the same pair of 

bees could occur in multiple triplets/sextets). Instead, we simulated the distribution of the test 

statistic under the null hypothesis that individual samples are exchangeable across treatments. 

We repeatedly permuted samples across treatments, re-computing the value of the test statistic in 

each permutation, and computed an approximate p-value as the proportion of simulated test 

statistics that are greater in magnitude than our observed test statistic. To determine how 

individual treatments differed, we repeated the simulation procedure on a pairwise basis using 

Dunn’s tests and corrected for multiple comparisons using Bonferonni-Holm correction (Holm 

1979). 

Second, to assess how treatment and DNA quality jointly influenced sequencing success 

within samples, we considered two metrics of assembly quality that are measured for each 

locus/sample combination: 1) the successful recovery of a particular locus within a particular 
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sample (a binary variable: locus was present/absent in a sample); 2) the sequencing depth of a 

successfully recovered locus in a sample (a non-zero count). We used generalized linear mixed 

models (GLMMs) to estimate the expected probability of locus recovery and the average 

sequencing depth across treatments, and as a continuous function of DNA quality. We model 

locus recovery as a binomial random variable of size one (with a logit link) and locus sequencing 

depth as a zero-truncated negative binomial random variable (with a log link). Both models 

included a random intercept per locus to capture variability in sequencing success across the 

genome, and a random intercept per individual specimen in B. pensylvanicus (the same 

specimens were subjected to both extraction methods in this species). Preliminary analyses on B. 

pensylvanicus indicated that extraction method distinctly affected ddRAD results from different 

treatments, and so an interaction between extraction method and treatment was also included in 

models for this species. In practice, RADseq assemblies are filtered to remove loci that occur in 

less than a given fraction of specimens (often 60% or 80%, e.g. Maroso et al. 2018), as these loci 

could be spurious. To assess the sensitivity of our results to various filters, we refit the models to 

subsets of the data resulting from removing loci that occurred in less than 40%, 60% and 80% of 

specimens per species. We assessed the explanatory power of overall treatment/quality effects 

using ANOVA, and conducted post-hoc comparisons between individual treatments using the 

simultaneous testing procedure implemented in the R package multcomp (Hothorn et al. 2008). 

Any significant differences between treatments for DNA quality metrics were tested by ANOVA 

and post-hoc Tukey tests correcting for multiple comparisons. 

RESULTS 

After quality filtering and assembly steps were completed in STACKS, all species, 

treatments, and extraction methods showed a mean number of highly reliable loci that would be 

adequate for informative population genetics analyses (Willing et al. 2012). B. pensylvanicus 

specimens showed a mean (± SE) of 4415.0 (± 239.0) polymorphic loci with a mean locus depth 
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of 296.8 (± 23.2) across all treatments and extraction methods. M. tepaneca specimens showed a 

mean (± SE) of 11,528.0 (± 177.3) polymorphic loci with mean locus depth (± SE) of 66.9 (± 

4.2) across all sample/storage treatments, and L. bardum specimens showed a mean (± SE) of 

16,424.3 (± 733.3) polymorphic loci with a mean locus depth of 42.5 (± 4.3) across all 

sample/storage treatments. Mean loci and depth, as well as DNA quality metrics, also varied 

between treatments within species (Figure 3.1, Table 3.2). 

 Mean loci did not differ notably between extraction methods across treatments (B. 

pensylvanicus only): DNAzol extracted specimens had 4339.9 (± 323.1) mean loci, with 267.8 

(±53.5) mean depth and Qiagen extracted specimens had 4490.4 (± 357.2) mean loci with 304.9 

(± 81.0) mean depth. Because extraction method did not have a prominent effect on overall 

numbers of loci, patterns of missingness, retained loci, or depth, we henceforth only report 

results of Qiagen extracted specimens in the main text. See Tables S3.2-S3.3 and Figs. S3.1-S3.2 

(Appendix) for results including DNAzol extracted B. pensylvanicus specimens.  

Missing loci 

We assessed the amount of sequence similarity or missingness between specimens within 

each treatment and species, allowing us to understand the overall effect of each treatment on 

ddRAD assembly quality, separate from DNA quality effects. Here we report only the results of 

the intermediate-level conservative filter (three samples per treatment), as Kruskal-Wallace tests 

indicated similar patterns of missingness between treatments within a species regardless of 

sample filter. See Appendix and Fig. S3.1 for results for the one- and six-sample filters.  

There was no significant difference in levels of missingness between treatments in B. 

pensylvanicus (H=87.63, p=0.270). Treatment had a marginally significant effect on missingness 

for M. tepaneca (H=128.172, p=0.102), but post-hoc Dunn’s tests did not show any significant 

differences between treatments after Holm correction for multiple comparisons. Treatment had a 
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significant effect on missingness in L. bardum (H=239.33, p<0.001), with specific differences 

between treatments highlighted below. 

Net-EtOH  

Net-EtOH specimens showed intermediate levels of non-missing loci as compared to the 

other treatments in B. pensylvanicus and M. tepaneca (Figure 3.2a, b), but did not have 

significantly different levels of missing loci than any treatment in either species.  

Net-Dry 

Levels of missingness within specimens were quite variable between species. Net-Dry 

had the lowest number of non-missing loci in B. pensylvanicus (Figure 3.2a), the second-highest 

number of non-missing loci in M. tepaneca (Figure 3.2b), and the second-lowest number of non-

missing loci for L. bardum (Figure 3.2c). Net-Dry had significantly lower numbers of non-

missing loci than Pan in L. bardum (p=0.008), but was not significantly different from any other 

treatment. 

Vane-Gly 

Vane-Gly specimens had the lowest number of non-missing loci for both M. tepaneca 

and L. bardum (Figure 3.2b, c). In L. bardum, Vane-Gly specimens showed significantly lower 

numbers of non-missing loci than both Pan (p<0.001), and Vane-Dry (p<0.001).  

Vane-Dry 

In B. pensylvanicus, these specimens showed the highest number of non-missing loci 

(Figure 3.2a), although missingness in Vane-Dry was not significantly different from the other 

two treatments. Vane-Dry specimens showed intermediate levels of non-missing loci in both M. 

tepaneca and L. bardum (Figure 3.2b, c). In L. bardum, Vane-Dry specimens had significantly 
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greater numbers of non-missing loci than Vane-Gly (p<0.001), but not in the other two 

treatments.  

Pan 

Pan-trapped specimens showed the second-highest level of non-missing loci for M. 

tepaneca (Figure 3.2b), although post-hoc tests did not reveal a significant difference in 

treatments for the three-sample filter. Pan showed the highest level of non-missing loci in L. 

bardum (Figure 3.2c), and showed a significant difference between Vane-Gly (p<0.001) and 

Net-Dry (p=0.008).  

Treatment and DNA quality effects on locus recovery and depth  

When considering how treatment affected ddRAD assembly quality in conjunction with 

pre-sequence DNA quality, GLMM analyses revealed that levels of locus recovery (probability 

that a locus occurs in other samples) and depth per locus (average number of reads in which a 

particular locus was found), varied between treatments and species. Patterns of locus recovery 

and depth were similar within species across sample filters, which included one sample (i.e. all 

loci across samples), and shared among a minimum of 40%, 60%, and 80% of samples 

respectively. For brevity, we report the results of the 60% sample filter only in the main text, see 

Tables S3.3-S3.5, Appendix for full results of all models and Figures S3.2-S3.3, Appendix 

showing recovered loci and depth for each species and treatment across all sample filters.  

Net-EtOH  

Net-EtOH specimens did not have significantly higher locus recovery than the other two 

treatments in B. pensylvanicus (Figure 3.3a). Net-EtOH specimens had higher locus recovery 

than Vane-Gly M. tepaneca specimens (z=3.587, p=0.002, Figure 3.3b), but was not significantly 

different from the other four treatments in this species. 
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However, Net-EtOH specimens showed differences in depth of coverage from other 

sampling treatments in both B. pensylvanicus and M. tepaneca. Locus depth was significantly 

higher than the Net-Dry treatment in B. pensylvanicus (z=2.847, p=0.033, Figure 3.3d), and had 

significantly higher depth than all other treatments in M. tepaneca, (z=4.660, p<0.001, Figure 

3.3e).  

Net-Dry 

Net-Dry specimens did not differ significantly from the other two treatments in locus 

recovery for B. pensylvanicus (Figure 3.3a). However, Net-Dry specimens showed significantly 

higher locus recovery than Vane-Gly specimens for both M. tepaneca (z=5.362, p<0.001, Figure 

3.3b) and L. bardum (z=7.073, p<0.001, Figure 3.3c). However, despite somewhat higher levels 

of locus recovery, Net-Dry specimens tended to have lower levels of depth across all three 

species. Net-Dry specimens had significantly lower levels of depth than Net-EtOH for both B. 

pensylvanicus (as noted above) and M. tepaneca (z=-5.865, p<0.001), but otherwise did not 

differ significantly from the other treatments in these species (Figure 3.3a, b). Net-Dry 

specimens also had the lowest level of depth for L. bardum (Figure 3.3e), significantly lower 

than all other treatments in this species, including Pan (z=-2.654, p=0.037), Vane-Dry (z=-3.368, 

p=0.004) and Vane-Gly (z=-4.163, p<0.001).  

Vane-Gly 

Vane-Gly specimens had variable results between levels of locus recovery and depth of 

coverage, as well as between species. Vane-Gly specimens had the poorest locus recovery, 

significantly lower than all other treatments for both species in which the method was used (M. 

tepaneca and L. bardum (Figure 3.3b, c; Tables S3.4-55, Appendix)). For M. tepaneca, Vane-Gly 

specimens also had significantly lower depth than Net-EtOH specimens (z=-4.660, p<0.001), but 

otherwise did not differ significantly from the other three treatments (Figure 3.3e). For L. 
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bardum, however, Vane-Gly had the highest level of depth compared to the other three 

treatments but was only significantly higher in depth than Net-Dry specimens (z=4.163, p<0.001, 

Figure 3.3f).  

Vane-Dry 

Vane-Dry specimens did not differ significantly in locus recovery or depth from the other 

two treatments used in B. pensylvanicus (Figure 3.3a, d). However, Vane-Dry specimens had the 

second-highest and highest levels of locus recovery for both M. tepaneca and L. bardum 

respectively. Vane-Dry specimens had significantly higher locus recovery than Vane-Gly 

(z=6.351, p<0.001) for M. tepaneca, and significantly higher locus recovery than Net-Dry 

(z=4.622, p<0.001), as well as Vane-Gly for L. bardum (z=17.897, p<0.001, Figure 3.3c). Vane-

Dry had significantly lower levels of depth than Net-EtOH for M. tepaneca (z=6.649, p<0.001), 

but was not significantly different in depth from the other three treatments (Figure 3.3e). Vane-

Dry had significantly higher levels of depth than Net-Dry (z=4.163, p<0.001) in L. bardum, and 

did not differ from the other two treatments in depth (Figure 3.3f).  

Pan 

Pan-trapped specimens had significantly higher locus recovery than Vane-Gly for M. 

tepaneca (z=4.861, p<0.001, Figure 3.3b), and significantly higher locus recovery than Vane-Gly 

(13.283, p<0.001) and Net-Dry (7.073, p<0.001) for L. bardum (Figure 3.3c). Pan specimens did 

not differ significantly in locus recovery from the best treatment for either species. Pan 

specimens had the lowest level of average depth for M. tepaneca but did not differ significantly 

from any treatment other than Net-EtOH for M. tepaneca (z=-6.787, p<0.001, Figure 3.3e). For 

L. bardum, Pan specimens showed significantly higher average depth than Net-Dry specimens 

(z=2.654, p=0.037) and did not differ significantly from the other treatments (Figure 3.3f).  
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DNA Concentration 

 Higher sample DNA concentration was significantly associated with higher locus 

recovery and read depth in B. pensylvanicus (loci: z=2.258, p=0.024, depth: z=2.820, p=0.005), 

and higher locus recovery in L. bardum (z=4.370, p<0.001). Surprisingly, DNA concentration 

had a significant negative effect on M. tepaneca sample depth (z=-2.350, p=0.019), likely driven 

by a few outlier samples which had high DNA concentration but low read depth. DNA 

concentration was not significantly affected by treatment in B. pensylvanicus or M. tepaneca. 

DNA concentration was marginally significantly related to treatment in L. bardum (F=2.798, 

df=3, p=0.056), with Vane-Dry having marginally significantly higher DNA concentration than 

Vane-Gly (p=0.097). 

Nanodrop indices  

B. pensylvanicus samples with higher 260/280 indices had significantly higher locus 

recovery (z=3.180, p<0.001) and higher depth (z=2.490, p<0.013). 260/280 ratios were 

significantly related to treatment in B. pensylvanicus (F=6.493, p=0.005), with Net-Dry samples 

having significantly lower 260/280 ratios than Net-EtOH samples (p=0.004) and marginally 

significantly lower ratios than Vane-Dry samples (p=0.066). There was no significant effect of 

either NanoDrop 260/280 or NanoDrop 260/230 on number of shared loci or depth for M. 

tepaneca. For L. bardum, the other NanoDrop index 260/230 was significantly positively related 

to higher locus recovery (z=2.03, p=0.042). 260/230 was also significantly related to treatment in 

L. bardum (F=25.8, df=3, p<0.001), with post-hoc Tukey tests revealing several differences 

between treatments. Specifically, both Pan and Vane-Gly specimens had significantly larger 

260/230 ratios than Vane-Dry specimens (p<0.001) and Net-Dry specimens (p<0.001).  

DISCUSSION 

Our results reveal that field-collected and traditionally curated samples of multiple non-

model species can be utilized for population genetic analyses using the ddRAD protocol. While 
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we documented lower DNA concentrations and higher contamination levels in many treatments 

as compared to typical fresh DNA extractions, this did not prohibit retrieval of thousands of 

polymorphic loci and high levels of read depth. However, we show that storage and sampling 

methods can have significant effects on these metrics of ddRAD assembly success, where 

treatment effects were distinct between the DNA quality and locus recovery/depth metrics and 

also between species. Additionally, our analyses indicate that extraction method has only a small 

effect on ddRAD assembly quality, with only minor differences in overall loci and depth. Lastly, 

we show that DNA concentration alone is not always predictive of higher quality ddRAD 

assemblies, and that other measures of DNA quality such as Nanodrop indices may be 

particularly useful for predicting the likelihood of downstream success in ddRAD projects.  

To begin with, we found that the number of loci and depth of coverage in all treatments 

and species was sufficient for population genetics studies, indicating that researchers can 

potentially utilize many field-collected specimens and museum collections for genetic inference, 

even if the original sampling method did not involve ethanol or immediate freezing. Specifically, 

in all treatments and across species, enough loci (≿4000) with sufficient coverage (≿20x) were 

obtained to conduct highly informative population genetic studies (Willing et al. 2012, Andrews 

and Luikart 2014) This was especially encouraging for our smallest species tested (L. bardum) as 

the amount of genetic material extracted was expected to be quite low and potentially more 

sensitive to DNA degradation. Our results support other studies that have shown successful NGS 

success of museum specimens of small insects (Sproul and Maddison 2017), as well as those 

utilizing ddRAD to successfully sequence traditionally collected and curated bees (Vaudo et al. 

in review). Vaudo and colleagues specifically found that specimen age did not affect number of 

polymorphic loci or coverage depth, and similarly showed that collection method had the most 

significant effects on overall ddRAD assembly quality. 

We originally predicted that specimens that were netted directly into and stored in EtOH 

(Net-EtOH) would show the best results in terms of higher numbers of loci, greater average read 
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depth, and lower levels of missingness. Net-EtOH specimens did show significantly greater 

depth than other treatments in the two species where this treatment was used (B. pensylvanicus 

and M. tepaneca), but was surprisingly similar to other treatments in terms of number of loci and  

missingness. In contrast, specimens that were netted using ethyl acetate kill jars and then frozen 

at -20° C before pinning (Net-Dry), often showed lower quality assemblies, especially in 

quantification of read depth. Although we predicted that the -20° C freezing step would preserve 

DNA well, it is important to note that these specimens were held on ice in the field for up to 8 

hours prior to freezing. Thus, it is likely that these Net-Dry specimens did not have the 

opportunity to dry quickly enough to delay DNA degradation before freezing. While some 

studies suggest that ethyl acetate contributes to degraded DNA (Dillon et al. 1996), others have 

suggested that such degradation is likely due to samples remaining in a prolonged damp state 

after ethyl acetate exposure before being pinned (Quicke et al. 1999). Quick desiccation of 

entomological specimens has been shown to preserve DNA similarly well to preservation in 

EtOH (Quicke et al. 1999), and it is likely that we are documenting related patterns in our 

ddRAD assemblies.  

Surprisingly, in contrast to our predictions, we found that specimens collected into 

propylene glycol traps (Vane-Gly) produced lower quality ddRAD assemblies, and that both blue 

vane trapped specimens with no preservative (Vane-Dry) and pan-trapped specimens into soapy 

water (Pan) produced relatively high quality ddRAD assemblies. Our results were unexpected 

because past studies report glycol as an effective DNA preservative for marker-based studies 

(Dillon et al. 1996, Rubink et al. 2003, Ferro and Park 2013). It is possible that differences in 

glycol concentration (some studies utilized lower concentrations of glycol) or glycol type (Dillon 

et al. (1996) utilized ethylene rather than propylene glycol) contributed to the disparity between 

our results and past work. However, we believe this is unlikely given that both Ferro and 

colleagues (2013) and Rubink and colleagues (2003) showed no differences between DNA 

quality and sequencing success between specimens preserved in differing concentrations of 



 

94 
 

propylene glycol. Overall, these results suggest that propylene glycol preserves DNA effectively 

for marker-based studies, but not for ddRAD sequencing. Mechanistically, it is also possible that 

slower desiccation affected the propylene glycol samples, because residual glycol could have 

prevented EtOH from fully penetrating the specimen in the intermediate preservation step, thus 

inhibiting quick drying in subsequent pinning. This mechanism is supported by the fact that we 

documented higher read depth in Vane-Gly L. bardum, suggesting that DNA quality may be 

maintained in smaller species preserved in glycol, possibly because EtOH may better penetrate 

these smaller specimens. Overall, we suggest that this sampling method should be used with 

caution, with extra care taken to thoroughly wash specimens of the glycol preservative, rinsing 

specimens in 100% EtOH before long-term preservation methods are conducted.  

In contrast to the propylene glycol-preserved specimens, quick desiccation may have 

contributed to higher-than-expected DNA quality in pan-trapped and dry blue-vane trapped 

specimens. Vane-Dry often had the best results among all treatments in terms of number of 

polymorphic loci and lower missingness, and this was fairly consistent across species. Vane-Dry 

specimens were left in the trap for up to 5 days during the summer months, where ambient 

temperatures could be as high as 40° C. Although we originally predicted that this would cause 

high levels of DNA degradation, high temperatures may have allowed for quick drying of 

specimens leading to the preservation of higher quality DNA. Other studies have similarly shown 

that desiccation of specimens in silica gel can lead to high quality DNA preservation similar to 

freezing (Quicke et al. 1999), and that drying specimens in the sun is similar to chemical 

methods (Post et al. 1993). Our pan-trapped specimens, despite remaining in water for up to 24 

hours, showed better-than-expected DNA quality and ddRAD assembly results. This is likely due 

to the fact that these specimens were stored in 100% EtOH immediately after the 24 hours of 

field time, typical of pan-trapping protocols (e.g. Grootaert et al. 2010); acting to rapidly 

dehydrate the samples. Another study has shown that pan trapped bee specimens had similar 
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high quality ddRAD results in comparison to other capture methods, also likely due to rapid 

desiccation via EtOH storage (Vaudo et al. in review). 

Interestingly, we also found that DNA concentration was not always a key predictor in 

ddRAD sequencing success. Specifically, we found that higher DNA concentration was 

significantly related to higher read depth in B. pensylvanicus, but not in the other two species. 

This was somewhat surprising as a high concentration of high-molecular weight DNA has 

frequently been assumed to be necessary for high-quality ddRAD assemblies (Puritz et al. 2014, 

Andrews et al. 2016). Our results support the idea that moderate levels of DNA degradation can 

still produce acceptable ddRAD results (also seen in Graham et al. 2015). We also found that 

Nanodrop 260/280 and 260/230 ratios were positively correlated with greater read depth in B. 

pensylvanicus and L. bardum respectively. Net-EtOH samples had highest 260/280 ratio in B. 

pensylvanicus and Pan had the highest 260/230 ratios in L. bardum, although the relationship 

between the 260/230 index and treatment was weaker in the latter species. We suggest that 

NanoDrop metrics should be utilized in addition to assessment of DNA concentration to assess 

likelihood of ddRAD assembly success for individual samples. 

When comparing two DNA extraction methods, Qiagen DNeasy ® and DNAzol ®, for 

the same specimens, we found no difference in locus recovery or depth between the two 

extraction methods. We did find some differences in missingness for the Net-Dry specimens, 

with Qiagen extracted specimens showing significantly more non-missing loci than DNAzol 

specimens at the lower sample filters. Chen and colleagues (2010) similarly found little 

difference between DNAzol and Qiagen extracted insect specimens in DNA yield. Similar to 

Corcoll and colleagues (2017), we found higher levels of salt contamination with DNAzol 

extracted samples showing 260/230 ratios substantially lower than 2.0 in DNAzol extracted 

specimens, but this did not cause major differences in our ddRAD assembly quality. While 

Qiagen kits are convenient and more time-efficient than other methods, they are also more 

expensive, costing roughly 2x the price of DNAzol extractions per sample (Chen et al. 2010). 
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DNAzol extractions have also been shown to be more effective than other low-cost extraction 

methods (e.g. Chelex, phenol-chloroform) for extracting high quality DNA from museum 

specimens (Junqueira et al. 2002). Therefore, we suggest that labs wishing to cut costs for DNA 

extraction and ddRAD sequencing can utilize the lower-cost DNAzol protocol for DNA 

extractions without sacrificing ddRAD sequence quality.  

Finally, we found that in some cases, there appeared to be a trade-off between locus 

recovery and depth of coverage, possibly related to both sequencing bias and sample quality. 

Specifically, our results show that in several cases, treatments that showed high probability of 

locus recovery, showed lower levels of depth and vice versa. For example, Net-Dry specimens 

for both M. tepaneca and L. bardum showed higher probabilities of locus recovery, but lower 

levels of depth as compared to other sampling and storage treatments. This pattern may reflect 

what was detected by DaCosta and colleagues (2014), who found that fragment length and depth 

had a negative relationship in ddRAD, where sequencing depth peaked at 200-225 base pair 

fragment length, and declined at 325 base pairs, implying that greater fragmentation in template 

DNA could lead to higher depth for the smaller fragments, but resulting in fewer loci being 

amplified. Thus, our study supports this tradeoff, and we suggest that researchers be sure to 

utilize sampling treatments that balance high levels of both number of loci and sequencing depth. 

Some researchers suggest that depth is one of the most important factors to consider in NGS 

analyses, and that labs should not sacrifice depth for more loci or number of samples (Andrews 

and Luikart 2014). This is because high levels of coverage allow for the reduction or elimination 

of missing data, which is more common in highly degraded samples (Mikheyev et al. 2017).  

In conclusion, by testing traditional collection and storage protocols commonly used by 

entomologists, we show that many of these techniques can yield specimens suitable for ddRAD 

analyses. Based on our results, we conclude that although netting directly into 100% EtOH 

produces high quality ddRAD assemblies, trapping methods that allow for quick desiccation and 

subsequent preservation of specimens can also be utilized for successful ddRAD sequencing. 
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This allows researchers greater flexibility in utilizing trapping methods which may be more 

convenient; if, for example, encounter rates are low for the species of interest, or if specimens 

are not feasibly captured via netting. Passive trapping may also be an advantage in some studies, 

because hand-netting is often biased towards larger bodied insects, and is also dependent on the 

researcher’s experience and skill (Roulston et al. 2007). We also show that pinned specimens can 

be used to build successful ddRAD assemblies, and thus we posit that museum collections hold 

great opportunity for ddRAD-based research. For example, ddRAD could be used to examine 

population genomic patterns in insect specimens collected over long periods of time, a process 

which may be key to better understanding global pollinator declines (Cameron et al. 2011). We 

suggest that specimens netted directly into EtOH, as well as pan trapped and blue vane trapped 

specimens without preservatives, should be first-choice specimens for conducting NGS projects. 

Once DNA is extracted, concentration as well as DNA purity measurements could be used to 

screen samples for likelihood of downstream assembly success. Overall, our results encourage 

the expansion of genetic monitoring via NGS to a wider variety of non-model species in order to 

address new and exciting research questions in species and specimens previously believed to be 

too rare and degraded to investigate. 
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CHAPTER 3 TABLES 
 
Table 3.1. Summary of sampling, storage, and DNA extraction methods.   
 
Showing N specimens in each treatment group for B. pensylvanicus, M. tepaneca, and L. 
bardum. For B. pensylvanicus, the same specimen was divided in half and extracted using two 
different extraction methods. 

 
  

Species Treatment 
Code 

Field Sample Method Pre-Pinning 
Storage 

Long Term 
Storage 

DNA Extraction 
Method(s) 

N 

B. pensylvanicus Net-EtOH Net, EtOH NA EtOH Qiagen, DNAzol 13 

 Net-Dry Net, Ethyl Acetate Kill Jar -20 ° C Pin Qiagen, DNAzol 10 

 Vane-Dry Blue Vane, No Preservative -20 ° C Pin Qiagen, DNAzol 8 

M. tepaneca Net-EtOH Net, EtOH NA EtOH Qiagen 8 

 Net-Dry Net, Ethyl Acetate Kill Jar -20 ° C Pin Qiagen 8 

 Vane-Dry Blue Vane, No Preservative -20 ° C Pin Qiagen 8 

 Vane-Gly Blue Vane, Propylene Glycol EtOH Pin Qiagen 7 

 Pan Pan Trap, Soapy Water EtOH Pin Qiagen 8 

L. bardum Net-Dry Net, Ethyl Acetate Kill Jar -20 ° C Pin Qiagen 9 

 Vane-Dry Blue Vane, No Preservative -20 ° C Pin Qiagen 10 

 Vane-Gly Blue Vane, Propylene Glycol EtOH Pin Qiagen 8 

 Pan Pan Trap, Soapy Water EtOH Pin Qiagen 8 
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Table 3.2. Mean (± SE) DNA quality and ddRAD assembly quality metrics per species per 
treatment.  

All specimens were extracted using Qiagen DNeasy kits. For results for DNAzol extracted bees, 
see Table 3.4, Appendix. 
 

Species Treatment 
Nanodrop 
260/280 

Nanodrop 
260/230 

DNA 
Concentration 
(ng/ uL) Mean Polymorphic Loci Mean Locus Depth 

B. pensylvanicus Net-EtOH 2.1± 0.02 1.7± 0.1 10.9± 0.1 5467.6± 772.5 453.6± 64.3 

 Net-Dry 1.9± 0.1 1.5± 0.2 12.2± 0.4 3748.3± 205.8 175.0± 37.0 

 Vane-Dry 2.0± 0.04 2.1± 0.04 13.0± 0.4 3830.1± 79.3 286.2± 20.6 

M. tepaneca Net-EtOH 2.0± 0.02 1.9± 0.1 14.4± 0.8 11646.4± 202.4 104.7± 4.8 

 Net-Dry 2.1± 0.1 1.7± 0.1 13.1± 0.7 11876.3± 383.9 45.3± 3.5 

 Vane-Gly 2.0± 0.02 2.1± 0.1 12.2± 0.5 10370.0± 299.8 87.8± 2.6 

 Vane-Dry 2.0± 0.02 1.9± 0.1 12.7± 0.3 12126.6± 471.9 50.9± 3.4 

 Pan 2.0± 0.02 2.0± 0.1 12.4± 0.5 11476.0± 338.9 48.2± 3.3 

L. bardum Net-Dry 1.9± 0.04 1.0± 0.1 10.5± 1.0 13468.4± 813.5 18.5± 1.1 

 Vane-Gly 2.1± 0.01 1.7± 0.1 13.4± 1.2 12161.4± 191.1 72.7± 10.1 

 Vane-Dry 1.7± 0.2 1.2± 0.1 10.1± 1.1 19385.2± 1246.9 34.8± 4.1 

 Pan 2.2± 0.01 2.0± 0.02 12.8± 0.3 20311.3± 560.9 49.0± 4.1 
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CHAPTER 3 FIGURES 

 
 
Figure 3.1 Summary of methods and results including A) Mean number of specimens caught per active researcher hour, B) DNA 
quality, C) Locus Recovery & Depth of Coverage, and D) Recommendation of each method for ddRAD analyses. A) Arrows are 
weighted by mean number of specimens per species (Bombus pensylvanicus (blue); Melissodes tepaneca (gold); Lasioglossum 
bardum (green)) captured per sampling method (1 font size = 1 bee caught per hour). The field sampling methods include (top to 
bottom): hand netting into either EtOH (sample code “Net-EtOH”) or an ethyl acetate kill jar (“Net-Dry”), blue vane trapping 
into either propylene glycol (“Vane-Gly”) or no preservative (“Vane-Dry”), and pan trapping into soapy water (“Pan”). B) Mean 
Concentration per treatment per species indicated by dots per tube, with one dot per one ng/uL post-cleanup DNA concentration 
above 10 ng/uL, and Mean Contamination is indicated by black X’s per tube, with one X per 0.30 value below 2.0, where a value 
of 2.0-2.2 has no X’s and indicates “pure” DNA in the NanoDrop 260/230 index (the results for the 260/280 index are not 
displayed). C) Because locus recovery and depth of coverage varied dramatically between species, differences are represented as 
standard deviations of the mean per species. Thus, each column represents Locus Recovery where the mean number of loci 
within a species is represented by three columns (measured as the logit transformed mean probability of loci occurring in another 
sample), plus or minus one bar for each 1⁄2 standard deviation away from the mean. Likewise, number of rows represents Mean 
Depth of Coverage where three rows is equal to the mean log transformed locus depth per species, plus or minus one bar for each 
1⁄2 standard deviation away from the mean. D) Recommendations for use of method are based on collective positive results for 
number of specimens/researcher hour, DNA quality, and Locus Recovery & Depth of Coverage results for all species. *Asterisks 
indicate significant (p<0.05) or marginally significant (p<0.10) differences between treatments within a species for DNA quality. 
See text for significant differences between treatments for locus recovery and depth. 
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Figure 3.2 Box plots showing numbers of non-missing polymorphic loci when grouping by three 
random samples per species. Sample method-storage treatments are ordered by increasing 
median number of loci. Sample treatments are coded as in Table 3.1.  
  

a) B. pensylvanicus b) M. tepaneca c) L. bardum

Po
ly

m
or

ph
ic

 L
oc

i
(T

ho
us

an
ds

)

Treatment



 

102 
 

 
Figure 3.3 Treatment effects on ddRAD assembly quality for Qiagen extracted B. pensylvanicus 
(a, d), M. tepaneca (b, e) and L. bardum (c, f), filtered by a minimum sample of 60% of 
specimens per species. a-c) Number of shared loci, measured as scaled probability of a locus 
occurring in another random sample. d-e) Average read depth per locus. Bars represent 95% 
confidence intervals. Treatments are coded as in Table 3.1, and represented by different markers: 
Net-EtOH: filled triangles, Net-Dry: unfilled triangles, Vane-Dry: unfilled circles, Vane-Gly: 
solid circles, and Pan: solid squares. 
  

B. pensylvanicus M. tepaneca L. bardum

d) e) f)

Treatment

C
en

te
re

d 
lo

g-
od

ds
 

pr
ob

ab
ilit

y
C

en
te

re
d 

lo
g 

de
pt

h

a) b) c)



 

103 
 

CHAPTER 3 APPENDIX 

Missingness for one- and six-sample filters (Qiagen extracted) 

B. pensylvanicus 

There was no significant difference in levels of missingness between treatments of B. 

pensylvanicus in any binning group, although there was a marginally significant effect of 

treatment on missingness when comparing all samples (binned by one sample, H=5.13, 

p=0.075). Post-hoc Dunn’s tests with Holm correction for multiple comparisons revealed that 

Net-EtOH had significantly more non-missing loci than Net-Dry specimens in the one-sample 

bin (p=0.048), but no other differences between treatments were significant.  In general, Vane-

Dry showed the highest level of non-missing loci for all sample filters, including the most 

conservative filter of six samples per treatment (Figure 3.4b).  

M. tepaneca 

Treatment had a significant effect on missingness when binned by one sample 

(H=12.779, p=0.010), but not when binned by six samples (H=88.14, p=0.241).  Post-hoc 

Dunn’s tests did not show any significant differences between treatments in M. tepaneca after 

Holm correction for multiple comparisons.  Vane-Gly treatment showed the lowest numbers of 

loci than all other treatments, with Net-Dry, Pan, and Vane-Dry showing the highest levels of 

non-missing loci in M. tepaneca for all sample filters including the most conservative filter 

(Figure 3.4c).  
 

L. bardum 

There was a significant effect of treatment on missingness when binned by one sample 

(H=21.63, p<0.001) and six samples (H=256.91, p=0.005).  Post-hoc Dunn’s tests with Holm 

correction for multiple comparisons indicate that Pan specimens had significantly more non-
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missing loci than both Net-Dry and Vane-Gly in the one-sample filter (p < 0.001), but not in the 

six-sample filter (Pan vs Net-Dry: p=0.276, vs Vane-Gly: p=0.350).  Dunn’s tests also showed 

that Vane-Dry specimens had significantly more non-missing loci than Vane-Gly and Net-Dry 

specimens in the one-sample filter (p<0.001), but not in the six-sample filter (p=0.350). In 

general, Pan specimens showed the highest level of non-missing loci among all treatments and in 

all sample filters (Figure 3.4c).  
 

Results for DNAzol extracted B. pensylvanicus specimens 

Missingness 

Kruskal-Wallace tests indicated that treatment had an effect on missingness in the 

DNAzol extracted B. pensylvanicus specimens when comparing all samples (binned by one 

sample, H=9.765, p=0.009) and binned by three samples (H=189.87, p=0.029), unlike the 

Qiagen extracted samples which did not show a significant difference in missingness between 

treatments.  Dunn’s tests revealed that Net-Dry specimens had significantly less recovered loci 

than Net-EtOH specimens in the one-sample filter (p=0.006).  Additionally, when comparing 

different extraction methods within treatments, there were significant differences between the 

Qiagen extracted and the DNAzol extracted Net-Dry specimens at the one- and three-sample 

filters, where Qiagen extracted Net-Dry specimens showed slightly but significantly more non-

missing loci than the DNAzol extracted Net-Dry specimens (Sign test, 1 sample: p=0.018; 3 

samples: p=0.022). There were no other significant differences between extractions for the other 

two treatments.  Notably, Qiagen extracted Net-EtOH specimens were more variable in the 

number of missing loci than DNAzol extracted Net-EtOH specimens at the six-sample filter 

(Figure 3.4).   
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Loci and Depth 

As in the main text, here we only report the results of the 60% sample filter. See Table 

3.3 for results of all models. We found no significant effect of extraction type on number of loci 

or depth. Within DNAzol extracted specimens, Net-EtOH had a marginally significantly higher 

number of loci than Net-Dry specimens (z=2.62, p=0.065). Additionally, both Net-EtOH and 

Vane-Dry specimens had significantly higher levels of depth than Net-Dry specimens (Net-

EtOH: z=4.738, p<0.001, Vane-Dry: z=4.055, p<0.001, Figure 3.5), with no significant 

difference in depth between Net-EtOH and Vane-Dry. 
 

DNA quality 

 Of the two DNA quality metrics that significantly affected locus recovery and 

depth in B. pensylvanicus (lower DNA concentration and lower Nanodrop 260/280), only the 

260/280 metric was significantly affected by treatment in DNAzol extracted bumblebees 

(F=8.627, p=0.001). Post-hoc tests revealed that Net-Dry specimens had significantly lower 

260/280 ratios than Net-EtOH specimens (p<0.001).  DNAzol extracted specimens also had 

substantially lower 260/230 ratios than Qiagen extracted specimens, indicating presence of salt 

contaminants.  However, this did not significantly affect the amount of recovered loci or depth. 
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Table 3.3. Complete list of specimens including geographic information and sample year. 
 

Species Sample 
Treatment 

Sample 
Number Sample Year Latitude Longitude 

B. pensylvanicus Net-Dry Q12 2014 -97.38016764 28.30212708 
 Net-Dry Q13 2014 -96.92031951 28.71140291 
 Net-Dry Q17 2013 -97.7813 30.284267 
 Net-Dry Q18 2013 -96.61891 33.16027 
 Net-Dry Q19 2013 -96.61891 33.16027 
 Net-Dry Q14 2013 -97.59338 30.30904 
 Net-Dry Q15 2013 -97.59338 30.30904 
 Net-Dry Q16 2013 -97.59338 30.30904 
 Net-Dry Q195 2013 -96.239108 33.168432 
 Net-Dry Q194 2013 -97.957335 30.060053 
 Net-EtOH Q05 2012 -96.993577 32.607817 
 Net-EtOH Q06 2012 -96.993577 32.607817 
 Net-EtOH Q09 2012 -96.242718 33.313883 
 Net-EtOH Q11 2012 -96.242718 33.313883 
 Net-EtOH Q193 2012 -96.24275 33.307899 
 Net-EtOH Q189 2012 -96.242718 33.313883 
 Net-EtOH Q190 2012 -96.242718 33.313883 
 Net-EtOH Q191 2012 -96.242718 33.313883 
 Net-EtOH Q192 2012 -96.242718 33.313883 
 Net-EtOH Q04 2012 -96.239108 33.168432 
 Net-EtOH Q07 2012 -96.239108 33.168432 
 Net-EtOH Q08 2012 -96.239108 33.168432 
 Net-EtOH Q10 2012 -96.239108 33.168432 
 Vane-Dry Q24 2013 -97.635133 30.2862 
 Vane-Dry Q25 2013 -97.294085 32.987329 
 Vane-Dry Q20 2013 -97.521017 30.19125 
 Vane-Dry Q26 2013 -97.521017 30.19125 
 Vane-Dry Q27 2013 -97.521017 30.19125 
 Vane-Dry Q21 2013 -97.664852 30.235934 
 Vane-Dry Q22 2013 -97.664852 30.235934 
 Vane-Dry Q23 2013 -97.664852 30.235934 
M. tepaneca Net-Dry Q46 2013 -96.910056 28.388193 
 Net-Dry Q43 2013 -97.25482499 28.18978109 
 Net-Dry Q44 2013 -97.25482499 28.18978109 
 Net-Dry Q45 2013 -97.23597581 28.15744052 
 Net-Dry Q42 2013 -97.7813 30.284267 
 Net-Dry Q41 2013 -97.613667 30.197767 
 Net-Dry Q39 2013 -98.25895 30.332133 
 Net-Dry Q40 2013 -98.25895 30.332133 
 Net-EtOH Q33 2013 -96.82521448 28.75120804 
 Net-EtOH Q31 2013 -96.86735982 28.35317725 
 Net-EtOH Q32 2013 -96.86735982 28.35317725 
 Net-EtOH Q35 2013 -96.86069488 28.40092691 
 Net-EtOH Q36 2013 -96.86069488 28.40092691 
 Net-EtOH Q37 2013 -96.86069488 28.40092691 
 Net-EtOH Q38 2013 -96.86069488 28.40092691 
 Net-EtOH Q34 2013 -97.25045063 28.17468611 
 Pan Q63 2013 -97.37670667 28.29729993 
 Pan Q62 2013 -96.87478485 28.33595892 
 Pan Q64 2013 -97.25482499 28.18978109 
 Pan Q65 2013 -97.25482499 28.18978109 
 Pan Q68 2013 -97.7813 30.284267 
 Pan Q66 2013 -97.646217 30.235767 
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 Table 3.3, cont. 
 Pan Q69 2013 -97.646217 30.235767 
 Pan Q67 2013 -97.613667 30.197767 
 Vane-Dry Q50 2013 -97.646217 30.235767 
 Vane-Dry Q51 2013 -97.646217 30.235767 
 Vane-Dry Q52 2013 -97.613667 30.197767 
 Vane-Dry Q53 2013 -97.613667 30.197767 
 Vane-Dry Q47 2013 -97.69905 30.2571 
 Vane-Dry Q49 2013 -97.173033 30.085183 
 Vane-Dry Q54 2013 -97.826717 30.206283 
 Vane-Dry Q48 2013 -97.725083 30.28205 
 Vane-Gly Q70 2014 -98.2379 30.88959 
 Vane-Gly Q71 2014 -98.2379 30.88959 
 Vane-Gly Q72 2014 -98.2379 30.88959 
 Vane-Gly Q73 2014 -97.96724 30.21258 
 Vane-Gly Q74 2014 -97.96724 30.21258 
 Vane-Gly Q75 2014 -97.92272 30.45081 
 Vane-Gly Q76 2014 -97.92272 30.45081 
L. bardum Net-Dry Q183 2013 -98.076351 30.617926 
 Net-Dry Q181 2013 -98.073154 30.622551 
 Net-Dry Q185 2013 -98.073154 30.622551 
 Net-Dry Q187 2013 -98.073154 30.622551 
 Net-Dry Q188 2013 -98.072329 30.625208 
 Net-Dry Q182 2013 -98.071763 30.62785 
 Net-Dry Q184 2013 -98.071763 30.62785 
 Net-Dry Q186 2013 -98.071763 30.62785 
 Net-Dry Q198 2013 -98.073154 30.622551 
 Pan Q165 2013 -98.331133 30.456967 
 Pan Q166 2013 -98.331133 30.456967 
 Pan Q167 2013 -98.331133 30.456967 
 Pan Q168 2013 -98.331133 30.456967 
 Pan Q169 2013 -97.957213 30.066234 
 Pan Q170 2013 -97.957213 30.066234 
 Pan Q171 2013 -97.957213 30.066234 
 Pan Q172 2013 -97.957213 30.066234 
 Vane-Dry Q176 2013 -98.073154 30.622551 
 Vane-Dry Q177 2013 -98.073154 30.622551 
 Vane-Dry Q179 2013 -98.073154 30.622551 
 Vane-Dry Q180 2013 -98.073154 30.622551 
 Vane-Dry Q173 2013 -97.914872 30.305524 
 Vane-Dry Q174 2013 -97.914872 30.305524 
 Vane-Dry Q175 2013 -97.914872 30.305524 
 Vane-Dry Q178 2013 -97.914872 30.305524 
 Vane-Gly Q157 2014 -98.06383 30.08634 
 Vane-Gly Q161 2014 -98.06383 30.08634 
 Vane-Gly Q160 2014 -97.92272 30.45081 
 Vane-Gly Q162 2014 -97.92272 30.45081 
 Vane-Gly Q158 2014 -98.06383 30.08634 
 Vane-Gly Q159 2014 -98.06383 30.08634 
 Vane-Gly Q163 2014 -97.92272 30.45081 
 Vane-Gly Q164 2014 -97.92272 30.45081 
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Table 3.4.  Mean (± SE) DNA quality and ddRAD assembly quality metrics for DNAzol 
extracted B. pensylvanicus. 

 
Treatment Nanodrop 

260/280 
Nanodrop 
260/230 

DNA 
Concentration 
(ng/ µL) 

Mean 
Polymorphic 
Loci 

Mean Locus 
Depth 

Net-Dry 1.93± 0.02 0.59± 0.09 9.43± 1.05 3296.4± 157.2 163.9± 43.5 

Net-EtOH 2.06± 0.01 0.95± 0.12 8.04± 1.15 5329.7± 663.5 341.8± 49.6 

Vane-Dry 1.99± 0.03 0.95± 0.01 9.65± 0.76 4035.8± 181.2 297.5± 20.1 
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Table 3.5   Results from General Linear Mixed Models for B. pensylvanicus  

 
Results including sample filters a) one sample, and b-d) 40%, 60%, 80% of B. pensylvanicus specimens. 

 
  Recovered Loci   Locus Depth 

Minimum Sample Filter Variable Estimate SE z value Pr(>|z|)  Estimate SE z value Pr(>|z|) 

a) One Sample Vane-Dry (Intercept) -2.159 0.118 -18.346 <0.001  4.053 0.141 28.690 <0.001 

 Net-EtOH 0.789 0.170 4.642 <0.001  0.237 0.165 1.435 0.151 

 Net-Dry -1.055 0.146 -7.216 <0.001  -0.795 0.172 -4.612 <0.001 

 Qiagen Extracted 0.717 0.138 5.178 <0.001  -0.374 0.234 -1.599 0.110 

 DNA concentration 0.167 0.090 1.847 0.065  0.213 0.074 2.888 0.004 

 Nanodrop 260/280 0.054 0.116 0.463 0.643  0.246 0.102 2.418 0.016 

 Nanodrop 260/230 -0.572 0.092 -6.240 <0.001  0.013 0.122 0.109 0.913 

 Net-EtOH x Qiagen Extracted -0.119 0.257 -0.462 0.644  0.375 0.174 2.156 0.031 

 Net-Dry x Qiagen Extracted 0.481 0.156 3.086 0.002  0.529 0.210 2.516 0.012 

b) 40% Vane-Dry (Intercept) 1.548 0.146 10.574 <0.001  5.034 0.161 31.267 <0.001 

 Net-EtOH 0.398 0.172 2.306 0.021  0.255 0.195 1.306 0.191 

 Net-Dry -0.405 0.182 -2.227 0.026  -0.794 0.235 -3.384 0.001 
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Table 3.5, cont. 
 Qiagen Extracted 0.148 0.250 0.590 0.555  -0.374 0.256 -1.460 0.144 

 DNA concentration 0.202 0.080 2.514 0.012   0.230 0.081 2.831 0.005 

 Nanodrop 260/280 0.351 0.129 2.724 0.006   0.276 0.113 2.442 0.015 

 Nanodrop 260/230 -0.042 0.133 -0.313 0.755  0.009 0.138 0.065 0.948 

 Net-EtOH x Qiagen Extracted -0.388 0.233 -1.664 0.096  0.344 0.246 1.398 0.162 

 Net-Dry x Qiagen Extracted 0.348 0.221 1.575 0.115  0.528 0.262 2.013 0.044 

c) 60% Vane-Dry (Intercept) 2.249 0.156 14.444 <0.001  5.136 0.149 34.510 <0.001 

 Net-EtOH 0.243 0.176 1.377 0.169  0.255 0.194 1.320 0.187 

 Net-Dry -0.310 0.195 -1.592 0.111  -0.801 0.197 -4.060 <0.001 

 Qiagen Extracted -0.110 0.276 -0.399 0.690  -0.369 0.257 -1.430 0.151 

 DNA concentration 0.186 0.082 2.258 0.024   0.232 0.082 2.820 0.005 

 Nanodrop 260/280 0.418 0.131 3.180 0.001   0.286 0.115 2.490 0.013 

 Nanodrop 260/230 0.173 0.139 1.244 0.213  0.007 0.128 0.050 0.957 

 Net-EtOH x Qiagen Extracted -0.453 0.237 -1.911 0.056  0.330 0.213 1.550 0.121 

 Net-Dry x Qiagen Extracted 0.361 0.295 1.225 0.221  0.527 0.230 2.290 0.022 

d) 80% Vane-Dry (Intercept) 2.558 0.147 17.388 <0.001  5.224 0.176 29.757 <0.001 

 Net-EtOH 0.157 0.180 0.876 0.381  0.258 0.210 1.228 0.219 
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Table 3.5, cont. 
 Net-Dry -0.316 0.188 -1.680 0.093  -0.798 0.213 -3.750 <0.001 

 Qiagen Extracted -0.115 0.257 -0.448 0.654  -0.374 0.308 -1.212 0.225 

 DNA concentration 0.164 0.083 1.979 0.048   0.233 0.087 2.674 0.007 

 Nanodrop 260/280 0.433 0.127 3.413 0.001   0.288 0.123 2.331 0.020 

 Nanodrop 260/230 0.201 0.138 1.462 0.144  0.014 0.146 0.093 0.926 

 Net-EtOH x Qiagen Extracted -0.511 0.257 -1.988 0.047  0.330 0.251 1.317 0.188 

 Net-Dry x Qiagen Extracted 0.370 0.283 1.306 0.191  0.525 0.269 1.952 0.051 
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Table 3.6. Results from General Linear Mixed Models for M. tepaneca 
 Results include sample filters a) one sample, and b-d) 40%, 60%, 80% of M. tepaneca specimens. 

 Recovered Loci       Locus Depth   

Minimum Sample 
Filter 

Variable Estimate SE z value Pr(>|z|)  Estimate SE z value Pr(>|z|) 

a) One Sample Vane-Dry (Intercept) -0.389 0.040 -9.830 <0.001  3.001 0.080 37.630 <0.001 

 Vane-Gly -0.531 0.056 -9.474 <0.001  0.179 0.134 1.340 0.180 

 Net-EtOH -0.049 0.059 -0.830 0.407  0.899 0.125 7.200 <0.001 

 Net-Dry 0.030 0.058 0.510 0.610  -0.041 0.128 -0.320 0.746 

 Pan -0.206 0.056 -3.688 <0.001  -0.164 0.118 -1.390 0.165 

 DNA concentration -0.067 0.036 -1.871 0.061  -0.125 0.052 -2.390 0.017 

 260/280 -0.062 0.032 -1.919 0.055  -0.034 0.046 -0.740 0.457 

 260/230 0.055 0.037 1.501 0.133  0.030 0.055 0.540 0.589 

b) 40% Vane-Dry (Intercept) 1.691 0.057 29.442 <0.001  3.340 0.091 36.550 <0.001 

 Vane-Gly -0.653 0.094 -6.965 <0.001  0.087 0.144 0.600 0.545 

 Net-EtOH -0.131 0.081 -1.622 0.105  0.831 0.144 5.760 <0.001 

 Net-Dry 0.048 0.088 0.550 0.583  -0.037 0.141 -0.270 0.790 
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Table 3.6, cont. 
 Pan -0.146 0.094 -1.561 0.119  -0.180 0.133 -1.360 0.175 

 DNA concentration -0.053 0.041 -1.300 0.194  -0.129 0.057 -2.280 0.022 

 260/280 -0.051 0.036 -1.429 0.153  -0.040 0.049 -0.820 0.415 

 260/230 0.037 0.043 0.859 0.390  0.025 0.059 0.420 0.673 

c) 60% Vane-Dry (Intercept) 2.395 0.063 38.050 <0.001  3.513 0.079 44.420 <0.001 

 Vane-Gly -0.700 0.110 -6.350 <0.001  0.063 0.133 0.470 0.638 

 Net-EtOH -0.223 0.093 -2.400 0.017  0.803 0.121 6.650 <0.001 

 Net-Dry 0.053 0.103 0.520 0.603  -0.014 0.125 -0.110 0.909 

 Pan -0.137 0.095 -1.450 0.148  -0.168 0.118 -1.430 0.154 

 DNA concentration -0.043 0.044 -0.980 0.326  -0.124 0.053 -2.350 0.019 

 260/280 -0.041 0.038 -1.070 0.282  -0.044 0.047 -0.940 0.349 

 260/230 0.023 0.046 0.490 0.621  0.030 0.055 0.540 0.588 

d) 80% Vane-Dry (Intercept) 3.222 0.083 38.830 <0.001  3.740 0.086 43.660 <0.001 

 Vane-Gly -0.663 0.134 -4.960 <0.001  0.075 0.134 0.560 0.573 

 Net-EtOH -0.422 0.128 -3.300 0.001  0.791 0.129 6.150 <0.001 

 Net-Dry 0.038 0.130 0.290 0.769  0.034 0.131 0.260 0.793 

 Pan -0.072 0.121 -0.600 0.550  -0.146 0.122 -1.200 0.230 
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Table 3.6, cont. 
 DNA concentration 0.018 0.052 0.350 0.727  -0.111 0.049 -2.270 0.023 

 260/280 -0.019 0.045 -0.420 0.676  -0.048 0.041 -1.180 0.240 

 260/230 0.018 0.055 0.330 0.741  0.051 0.051 1.000 0.317 
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Table 3.7.  Results from General Linear Mixed Models for L. bardum  
Results include sample filters a) one sample, and b-d) 40%, 60%, 80% of L. bardum specimens. 

  Recovered Loci  Locus Depth   

Minimum Sample 
Filter 

Variable Estimate SE z value Pr(>|z|)  Estimate SE z value Pr(>|z|) 

a) One Sample Vane-Dry (Intercept) -0.218 0.039 -5.630 <0.001  2.945 0.115 25.509 <0.001 

 Vane-Gly -1.665 0.038 -43.620 <0.001  0.211 0.186 1.138 0.255 

 Net-Dry -0.945 0.039 -24.030 <0.001  -0.590 0.187 -3.152 0.002 

 Pan -0.244 0.043 -5.710 <0.001  0.057 0.216 0.265 0.791 

 DNA Concentration 0.268 0.033 8.000 <0.001  0.083 0.060 1.377 0.169 

 260/280 -0.063 0.036 -1.740 0.081  -0.038 0.092 -0.413 0.679 

 260/230 0.166 0.038 4.320 <0.001  0.171 0.137 1.247 0.212 

b) 40% Vane-Dry (Intercept) 2.102 0.066 31.980 <0.001  3.375 0.080 42.320 <0.001 

 Vane-Gly -2.089 0.114 -18.290 <0.001  0.252 0.125 2.010 0.045 

 Net-Dry -0.729 0.100 -7.270 <0.001  -0.566 0.126 -4.470 <0.001 

 Pan -0.049 0.104 -0.470 0.636  0.075 0.146 0.510 0.607 

 DNA Concentration 0.320 0.068 4.690 <0.001  0.084 0.058 1.450 0.148 

 260/280 -0.075 0.067 -1.130 0.260  -0.050 0.073 -0.690 0.492 
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Table 3.7, cont. 
 260/230 0.278 0.085 3.280 0.001  0.193 0.100 1.930 0.053 

c) 60% Vane-Dry (Intercept) 2.783 0.077 36.320 <0.001  3.566 0.092 38.610 <0.001 

 Vane-Gly -2.089 0.117 -17.900 <0.001  0.257 0.149 1.730 0.084 

 Net-Dry -0.685 0.148 -4.620 <0.001  -0.556 0.165 -3.370 0.001 

 Pan -0.012 0.139 -0.090 0.931  0.067 0.160 0.420 0.674 

 DNA Concentration 0.343 0.078 4.370 <0.001  0.090 0.064 1.400 0.163 

 260/280 -0.052 0.083 -0.630 0.531  -0.046 0.082 -0.560 0.576 

 260/230 0.218 0.107 2.030 0.042  0.199 0.121 1.640 0.101 

d) 80% Vane-Dry (Intercept) 3.420 0.127 26.857 <0.001  3.761 0.109 34.540 <0.001 

 Vane-Gly -1.631 0.211 -7.731 <0.001  0.300 0.183 1.640 0.102 

 Net-Dry -0.641 0.189 -3.400 0.001  -0.541 0.181 -3.000 0.003 

 Pan 0.169 0.223 0.758 0.448  0.046 0.211 0.220 0.826 

 DNA Concentration 0.391 0.097 4.021 <0.001  0.101 0.070 1.430 0.151 

 260/280 -0.005 0.102 -0.046 0.963  -0.028 0.088 -0.310 0.754 

 260/230 0.108 0.144 0.754 0.451  0.189 0.144 1.310 0.190 
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Figure 3.4. Box plots showing numbers of polymorphic loci retained between specimens 
(“missingness”) when grouping by different numbers of individuals.  
For each species and treatment, groupings are shown from left to right, showing median number 
of loci and quantile spread when binned by:  1) one individual (left, white), 2) binned three 
individuals (middle, light gray), and 3) six individuals (right, dark gray).  Sample method-storage 
treatments are ordered by increasing median number loci for the six-sample bin as in Figure 3.2. 
Sample treatments are coded as in Table 3.1.  
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Figure 3.5. Treatment effects on B. pensylvanicus ddRAD results, split by extraction 
method.  

a) Number of loci, measured as scaled probability of a locus occurring in another random 
sample, filtered by a minimum sample of one specimen, and 40%, 60% and 80% of 
specimens respectively. b) average read depth per locus, filtered by minimum sample of one 
specimen, and 40%, 60% and 80% of specimens respectively. Bars represent 95% 
confidence intervals. Sample method-storage treatments are represented by different 
markers and coded as in Table 3.1: Vane-Dry (blue vane-dry, pinned; unfilled circles), Net-
EtOH (netted, 100% Ethanol; filled triangles) and Net-Dry (netted, pinned; unfilled 
triangles).  
  



 

119 
 

 
 

 

Figure 3.6 Treatment effects on M. tepaneca (a, c) and L. bardum (b, d) ddRAD results.  
a, b) Number of shared loci, measured as scaled probability of a locus occurring in another 
random sample, filtered by a minimum sample of one specimen, and 40%, 60% and 80% of 
specimens respectively. c, d) Average read depth per locus, filtered by minimum sample of 
one specimen, and 40%, 60% and 80% of specimens respectively. Bars represent 95% 
confidence intervals. Sample method-storage treatments are represented by different 
markers and coded as in Table 3.1: Net-EtOH (netted, 100% Ethanol; filled triangles), Net-
Dry (netted, pinned; unfilled triangles), Vane-Dry (blue vane-dry, pinned; unfilled circles), 
Vane-Gly (blue vane-glycol, pinned; solid circles), and Pan (pan trap, pinned; solid 
squares). 
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