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Soil microbes influence the global carbon cycle via their role in the 

decomposition and formation of soil organic matter. Thus, rates of ecosystem processes 

such as primary production, soil respiration, and pedogenesis are sensitive to changes in 

the aggregate functional traits of the entire microbial community. To predict the 

magnitude and direction of microbial feedbacks on climate change, it is necessary to 

identify the physiological, ecological, and evolutionary mechanisms that underlie 

microbes’ responses to altered temperature and rainfall. Therefore, I examined microbial 

community composition and function in relation to manipulations of resource availability 

and precipitation in two contrasting ecosystems: a tropical rainforest at La Selva 

Biological Station, Costa Rica, and a semi-arid grassland in central Texas. 

I conducted a leaf litter decomposition experiment at La Selva to identify the 

physiological constraints on microbial allocation to extracellular enzymes, which degrade 

organic matter. I found strong evidence that microbial enzyme production is decoupled 

from foliar stoichiometry, consistent with weak links between leaf litter nutrients and 

decomposition rates at the pan-tropical scale. Next, to examine whether ecological trade- 

offs within microbial communities may drive shifts in carbon cycling at local spatial 

scales, I quantified changes in soil fungal and bacterial community composition in 

response to an in situ precipitation exclusion experiment I established at La Selva. 

Although drought-induced shifts in community structure were small, large increases in 
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biomass-specific respiration rates were observed under dry conditions. These findings 

suggest that physiological adjustments to drought may constitute an important feedback 

on climate change in wet tropical forests. Finally, I focused on microbial community 

responses to climate change within a meta-community framework, using a reciprocal 

transplant experiment to investigate how dispersal shapes bacterial community structure 

along a natural rainfall gradient in central Texas. I found that soils from the wet end of 

the precipitation gradient exhibited more plastic functional responses to altered water 

availability. However, soil bacterial community composition was resistant to changes in 

rainfall and dispersal, preventing functional acclimatization to precipitation regime. 

Together, the results of these experiments emphasize the potential for physiological 

plasticity or microevolutionary shifts within microbial populations to drive ecosystem 

carbon cycling under climate change. 
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Introduction 

Soil microbes influence the global carbon cycle via their role in the 

decomposition and formation of soil organic matter. Each year, soil bacteria and fungi 

process 50 Pg of litter inputs and contribute substantially to the 75-Pg soil respiration flux 

(Schlesinger and Andrews 2000). The microbial biomass also regulates the 

mineralization of organic nutrients, thereby affecting plant growth. Thus, microbial 

biomass stoichiometry, substrate use efficiency, extracellular enzyme production, and 

growth rates determine the balance between rates of carbon mineralization into CO2  and 

soil organic carbon storage (Kivlin et al. 2013).  Rates of ecosystem processes such as 

primary production, soil respiration, and pedogenesis are sensitive to changes in the 

aggregate functional traits of the entire microbial community. Because soils contain twice 

as much carbon as vegetation and the atmosphere combined, the responses of soil 

bacteria and fungi to altered environments constitute a powerful feedback to rising 

atmospheric CO2 concentrations and accompanying climate change. 

To predict the magnitude, direction, and timing of microbial feedbacks on climate 

change, it is necessary to identify the ecological mechanisms that underlie microbes’ 

responses to altered temperature and rainfall. Community-level acclimatization takes 

place via shifts in microbial physiology (Conceptual Figure, Mechanism 1) or changes in 

the relative abundance of species (Conceptual Figure, Mechanism 2). In contrast, true 

adaptation would occur if novel environmental conditions exert selective pressure on 

specific genetic loci, causing evolutionary change within microbial populations. The 

advantage conferred by such adaptive genetic changes may in turn affect the relative 

abundance of microbial taxa within the community. Ultimately, however, the ability of 

bacteria and fungi to acclimatize or adapt to environmental change may be constrained by 

genetic diversity within or among taxa, and by the ability of immigrants to disperse or 

establish in new sites (Conceptual Figure, Mechanism 3). 

To explore microbial compositional and functional responses to climate change, I 

focused on two biomes that play dominant roles in global biogeochemical cycles. First, I 
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conducted a series of experiments in a wet, old-growth tropical forest at La Selva 

Biological Station in Costa Rica. Despite their relatively small geographic extent, tropical 

forests contain 25% of world’s terrestrial organic carbon stocks (Jobbagy and Jackson 

2000, Schlesinger 1997). However, controls on belowground element cycling in tropical 

forests are poorly resolved (Townsend et al. 2011). Although many wet and  moist 

tropical forests are expected to experience decreases in rainfall over the coming century 

(Neelin et al. 2006, Williams et al. 2007), soil microbial responses to water availability in 

these systems are complex and not well studied (Cleveland et al 2010). To examine 

regional mechanisms underlying microbial community responses to altered precipitation, 

I also examined a steep natural precipitation gradient across a semi-arid grassland in 

central Texas. Although arid and semi-arid ecosystems cover a third of the earth’s 

surface, pulse dynamics in these systems are poorly captured by ecosystem models, 

which were predominately developed in mesic systems (Collins et al. 2008). 

Each chapter of my dissertation focuses on a specific ecological mechanism 

underlying microbial community responses to environmental change. In Chapter 1, I 

explored microbial extracellular enzyme production as a link between microbial 

physiology and ecosystem biogeochemical cycles. Because microbes produce specific 

enzymes to acquire carbon (C), nitrogen (N), and phosphorus (P), their relative activities 

integrate information about microbial biomass stoichiometry and the availability of soil 

nutrients (Sinsabaugh et al. 2008). Theoretical models suggest that C cycling rates are 

sensitive to changes in enzyme binding affinity or catalytic rates, as well as physiological 

trade-offs between enzyme production and substrate use efficiency (Allison 2012). 

Therefore, I assessed stoichiometric constraints on microbial enzyme production by 

examining relationships among leaf litter chemistry, enzyme activities, and foliar decay 

rates in a litterbag experiment at La Selva. To link these results to patterns occurring at 

broader scales, I also performed a meta-analysis to identify the climatic and chemical 

correlates of decomposition rates across tropical forests worldwide. 
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In Chapter 2, I examined the ecological mechanisms underlying microbial 

responses to altered precipitation regimes at local spatial scales. Because  organisms 

within a community exhibit substantial variation in population growth rates, reproductive 

strategies, and tolerance for environmental stressors, species within the same functional 

guild may respond very differently to the same climatic change (Parmesan 2006). 

Therefore, altered temperature or precipitation regimes are likely to affect relative 

abundance of taxa within a local community. If functional traits are linked to taxon 

identity, ecological trade-offs within microbial communities may drive ecosystem 

responses to climate change (Allison and Martiny 2008). To explore this premise, I 

quantified shifts in relative abundance of fungal and bacterial taxa in response to 

experimental drought in a wet tropical rainforest. I also used laboratory incubation 

experiments to link these shifts in community structure with changes in soil C cycling 

rates along a soil moisture gradient. 

Although most studies of microbial responses to environmental change focus on 

processes occurring at local scales, regional mechanisms of dispersal and colonization 

constitute the primary ecological response to climate change in plant and animal 

communities (Parmesan and Yohe 2003, Parmesan 2006). Dispersal rates are poorly 

quantified for the vast majority of microbial taxa, but the assumption that ‘everything is 

everywhere’ due to lack of dispersal limitation (Baas-Becking 1934) is increasingly 

contested (e.g., Peay et al. 2010). In Chapter 3, I focused on microbial community 

responses to climate change within a meta-community framework, investigating the role 

of dispersal in microbial community responses to changes in rainfall. Low physiological 

plasticity or trait breadth within local species assemblages may preclude community 

acclimatization via shifts in relative abundance of native taxa. In this case, 

acclimatization must occur via dispersal and establishment of better-suited taxa from 

other environments. To test this hypothesis, I quantified the relative impact of local 

environmental factors and dispersal on microbial community composition along a natural 

rainfall gradient in central Texas. I used a reciprocal transplant experiment to manipulate 

precipitation and microbial dispersal rates in an 18-month field incubation. I then linked 



4 

shifts in community composition with C mineralization rates in situ and in laboratory 

microcosm experiments. 

Because physiological, compositional, and evolutionary responses may take place 

on similar timescales within microbial communities, identifying the precise mechanisms 

underlying microbial community assembly is a challenging task. The experiments 

described here represent a first step towards addressing the relative importance of 

physiological plasticity, compositional shifts, and dispersal for microbial responses to 

climate change. 
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Chapter 1 

INTRODUCTION

Decomposition of senescent plant tissues is a critical ecosystem process that 

influences soil carbon storage and the availability of nutrients to living plants and 

microbes. At broad spatial scales, decomposition rates are largely controlled by 

temperature, precipitation, and total nutrient availability in leaf litter (Zhang et al. 2008). 

However, microbial allocation to enzyme production is the proximate control on leaf 

litter decay rates (Sinsabaugh et al. 2008). Soil bacteria and fungi produce specific 

extracellular enzymes to break down complex organic compounds into assimilable 

sources of carbon (C), nitrogen (N), and phosphorus (P). Thus, the stoichiometric 

requirements of the microbial biomass ultimately determine whether organic C is 

assimilated or respired, and whether organic N and P are mineralized or immobilized. 

Therefore, to predict ecosystem C balance in changing environments, it is necessary to 

understand the biotic and abiotic constraints on microbial biomass growth and enzyme 

allocation. 

Abiotic controls on microbial growth vary with latitude. In temperate forests and 

grasslands, cool winter temperatures may slow microbial growth, whereas mean annual 

temperature (MAT) is not a likely limiting factor in warm lowland tropical ecosystems. 

However, cooler temperatures in montane tropical forests may reduce aboveground 

productivity and litter inputs (Cleveland et al. 2011). Although water availability 

constrains decomposition in arid grasslands and deserts, is often assumed that 

precipitation does not influence microbial activity in very wet low-latitude ecosystems 

such as tropical rainforests. Yet in a pan-tropical decomposition experiment, rainfall was 

positively correlated with leaf litter decay rates across a broad array of tropical forest 

sites that vary in mean annual precipitation (MAP) (Powers et al. 2009). Furthermore, 

heavy rainfall in extremely wet tropical forests can actually decrease decomposition rates 

by causing soil anoxia (Schuur et al. 2001). Thus, although it is commonly assumed that 

climatic conditions do not constrain decomposition rates in the tropics (e.g. Swift 1979, 
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Aerts 1997), gradients of temperature and precipitation across low-latitude ecosystems 

may strongly affect ecosystem process rates. 

Foliar nutrient content may have different effects on decomposition rates in 

tropical vs. temperate ecosystems due to differences in nutrient limitation that arise over 

the course of ecosystem development (Chadwick et al. 1999, Martinelli et al. 1999). 

Younger, less weathered soils in recently glaciated temperate ecosystems are rich in rock- 

derived nutrients but depleted in N, which accumulates over time via biological fixation. 

Consistent with this observation, litter N content and foliar C:N or lignin:N ratios are 

often the dominant chemical controls on microbial growth and litter decay rates in 

temperate ecosystems (Melillo et al. 1982, Hobbie 2008). In contrast, rock-derived 

nutrients such as P, K, Mg, and Ca are more likely to be limiting in the older, more 

weathered soils typical of many tropical forests and grasslands. Although few large-scale 

fertilization experiments have been performed in tropical ecosystems, there is strong 

evidence that availability of P (Cleveland et al 2011) along with K and N (Wright et al. 

2011) may limit aboveground productivity in these systems. Nutrient controls on 

belowground processes are not as well understood, since multiple nutrients seem to co- 

regulate microbial growth and organic matter decomposition in tropical forests (Kaspari 

et al. 2008, Townsend et al 2011). 

Because extracellular enzymes directly mediate leaf litter decomposition, 

microbial enzyme allocation is the mechanistic link between variation in foliar chemistry 

and decomposition rates. Since microbes produce specific enzymes to acquire different 

nutrients, the stoichiometry of C-, N-, and P-degrading enzymes reveals nutrient 

constraints on microbial biomass growth (Sinsabaugh and Moorhead 1994, Sinsabaugh 

and Follstad Shah 2012). The theory of ecological stoichiometry predicts that microbial 

growth rates should be highest when the stoichiometry of resource inputs most closely 

matches microbial demand (Sterner and Elser 2002, Elser et al. 2003). Relative allocation 

to different enzymes can therefore be optimized to target the resource in shortest supply 

(Allison and Vitousek 2005, Mooshammer et al. 2012). At the global scale, ratios of 

common  soil  enzymes  such  as  -1,4-glucosidase  (BG,  which  catalyzes  the 

terminal 
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reaction in cellulose degradation), -1,4-N-acetylglucosaminidase (NAG, which 

catalyzes the terminal reaction in chitin degradation), and acid or alkaline phosphatase 

(AP, which mineralizes organic P from phospholipids and phosphosaccharides) indicate 

equal enzymatic effort towards the acquisition of C, N, and P from soil organic matter 

(Sinsabaugh et al. 2008, 2009). However, enzyme ratios in soils from tropical forests and 

grasslands are skewed toward higher allocation to AP production (Waring et al. 2013), 

potentially reflecting severe P limitation in weathered tropical soils. Few researchers have 

directly measured extracellular enzyme activities on leaf litter, which exhibits greater 

stoichiometric heterogeneity than soil itself. However, activities of C-degrading enzymes 

on decomposing plant tissues are often correlated with variation in mass loss rates 

(Sinsabaugh et al. 1992, Allison and Vitousek 2004). Although these previous studies 

have examined relationships between overall enzyme activity and decomposition rates, 

even fewer experiments have tested whether microbial enzyme production is dictated by 

stoichiometry of C, N, and P in leaf litter, and whether enzyme stoichiometry influences 

decay rates. 

In the experiments described here, I aimed to identify the most important 

correlates of leaf litter decomposition rates across tropical forests and elucidate the fine- 

scale mechanisms that underpin these relationships. To do so, I conducted a meta- 

analysis of leaf litter decay rates in tropical forests across the globe, and performed my 

own decomposition experiment at La Selva Biological Station, Costa Rica. I endeavored 

to test four specific hypotheses regarding relationships between climate, foliar chemistry, 

microbial growth, and decomposition rates across multiple spatial scales: 1) Across a 

wide range of tropical climate regimes, both MAP and MAT should correlate with leaf 

litter decay rates. 2) Since C cycling rates in most tropical forests are limited by P or base 

cations rather than N (Cleveland et al. 2011, Paoli and Curran 2007, Brookshire et al. 

2012), foliar P, K, Ca, and/or Mg concentrations should be the most important chemical 

controls on decomposition rates at the pan-tropical scale. 3) Within a single forest at La 

Selva, foliar decomposition rates should be positively correlated with activities of C- 

degrading   enzymes   that   depolymerize   plant   structural   compounds.      Since   litter 
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decomposition is largely driven by lignocellulose breakdown, increases in activities of 

cellulose-degrading enzymes such as BG and cellobiohydrolase (CB) should accelerate 

overall decay rates. 4) Microbial allocation to C-, N-, and P-acquiring enzymes should 

reflect C:N and C:P stoichiometry of the foliar substrate. Plant tissues with low 

concentrations of N or P relative to C should exhibit greater activities of N- and P- 

degrading enzymes such as glycine aminopeptidase (GAP) and acid phosphatase (AP). 

Higher microbial allocation to GAP and AP at the expense of BG and CB may lead to 

slower rates of leaf litter decomposition, explaining the positive relationship between 

foliar nutrient content and decay rate. 

METHODS

Meta-Analysis 

Data selection and search criteria 

I searched ISI Web of Knowledge with the keywords “tropic*” and “decomp*” 

and reviewed over 1300 papers and/or abstracts for inclusion in the dataset. Because the 

ISI search yielded few papers published before 1990, I also manually searched the 

archives of Ecology, Journal of Ecology, Biotropica, and Journal of Tropical Ecology for 

appropriate papers published between 1970 and 1990. I included papers in my final 

dataset if the following criteria were satisfied: 1) Leaf litter decay rates were measured in 

the field in a tropical forest ecosystem. I defined “tropical forests” as all forested 

ecosystems (including agroforestry plantations) occurring between the latitudes of 23°N 

and 23°S. 2) Plant species studied were either native or naturalized to the studied 

ecosystem. 3) Where the litterbag method was used to estimate decay rates, mesh size 

was large enough (> 1mm) to permit entry of litter mesofauna. 4) Rates of litter decay, k, 

were reported in the manuscript or could be calculated from tables or figures. 5) At least 

one index of plant chemistry was reported. 
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For each paper, I recorded MAT and MAP in the ecosystem(s) under study, the 

total length of the study in days, the sample size (number of independent plots in which 

litterbags were deployed or litter turnover rates measured), and the following foliar 

chemical variables: %C, %N, %P, %lignin, %Mg, %K, %Ca, and % phenolic 

compounds. I used the program DataThief (version 12.9) to digitize data presented in 

figures where necessary. My response variable was k, the rate of litter decay in years-1. I 

also recorded “study type,” a binary variable to indicate whether k was determined for 

single-species litter (using the litterbag method) or for a mixture of species (by using 

standing pool sizes and inputs to calculate litter turnover rates). If a paper reported more 

than one k value (i.e., one decomposition rate constant for each species studied), I 

recorded data for each plant species as an independent observation. Since the majority of 

studies did not report variance around calculated k values, I used sample size as an index 

of within-study error. The final dataset contained 241 observations from 63 publications. 

Data analysis 

The vast majority of studies reported only a subset of the foliar chemical indices I 

included in the analysis. Since most meta-analytical techniques are incompatible with 

missing data, I used an approach similar to that of Hoeksema et al. (2010) to analyze the 

dataset. The data were divided into five subsets using Venn diagrams to determine which 

studies overlapped the most in reported indices of foliar chemistry (Table 1). Each study 

was represented in at least one data subset. All climatic and chemical variables, as well as 

study type and length, were considered fixed factors; every model also included 

publication identity (i.e. the studies from which observations were taken) as a random 

factor. Within each data subset, I used weighted linear mixed-effects models to analyze 

all possible model permutations given the n fixed factors in that subset, including the null 

model containing only the random effect of publication identity and the binary variable 

“study type”. Data were weighted by the inverse of sample size (an estimate of within- 

study error) plus the estimate of between-study variance (⎮2, Borenstein et al. 2009). 
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To assess the relative importance of study type, climate, and foliar chemistry as 

predictors of decomposition rates, I used a model selection approach based on Akaike’s 

Information Criterion, or AIC. I calculated Akaike weights, wi, using AICc scores for 

each model within each data subset. I used these corrected AIC scores because they are 

recommended  when  sample  sizes  are  small,  and  include  extra  penalties  for  larger 

numbers of parameters (Burnham and Anderson 2002). In each data subset, models were 

ranked by their Akaike weights, which were then progressively summed until w = 0.95 to 

yield a 95% confidence set of models. The importance of fixed factors within each 95% 

confidence set was determined by summing the wi scores of every model containing that 

fixed factor. By convention, a variable w of 0.5 or greater indicates that the factor is 

likely to be important (Burnham and Anderson 2002), since a w score of 0.5 can be 

interpreted as a 50% probability that the best model contains the factor of interest 

(Symonds and Moussalli 2011). 

To quantify the variance in decomposition rate explained by each model, I 

calculated pseudo-R2 for every model within each 95% set of models as the likelihood 

ratio test R2 (Magee 1990), which yields an appropriate R2 statistic for mixed linear 

models. I also calculated pseudo-R2 for regressions of decomposition rate on individual 

foliar chemical variables within each data subset in order to estimate the variance 

explained by each nutrient in isolation, regardless of their AIC scores. Since all studies 

reported MAP, MAT, and study length, I quantified variance explained by each of these 

fixed factors across the entire dataset (i.e., all 241 observations). Finally, to explore 

potential interactions between climate and litter chemistry, I conducted separate analyses 

to determine the variance explained by each foliar chemical parameter in forests with 

MAT greater than and less than 20°C (i.e., montane forests vs. lowland forests). All 

statistical analyses were performed using the nlme package in R version 2.9.0 (Pinheiro et 

al. 2009). 
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Field Decomposition Experiment 

Study Site 

The field experiment was conducted in an old-growth tropical forest at La Selva 

Biological Station, Costa Rica (10°26’N, 84°00’W, Organization for Tropical Studies). 

At this site, mean annual temperature is 25°C and mean annual precipitation averages 

about 4000 mm (Clark et al. 2010). Soils are deeply weathered, clay-rich Ultisols of 

volcanic origin that are low in total phosphorus but rich in iron and aluminum oxides 

(McDade 1994). Plant communities are highly diverse (96 tree species ha-1), although 

understory vegetation is dominated by palms and Pentaclethra macroloba is the most 

abundant tree in the canopy layer (Lieberman et al. 1996). The decomposition 

experiment took place in eight circular study plots of 2 m in diameter, which were 

randomly located in a larger 900 m2 study site contiguous with Parque Nacional Braulio 

Carrillo. In these plots, soils contain 10.1% organic C, and inorganic N concentrations 

(4.8 – 7.9 µg g-1) are an order of magnitude higher than resin-extractable P concentrations 

(0.27 – 0.66 µg g-1; Waring et al. unpublished), which suggests low P bioavailability. 

Because this forest lacks distinct seasonal variation, I was able to eliminate confounding 

influences of temperature or water limitation on rates of leaf litter decay. The plots 

received 4223 mm of precipitation over the course of the decomposition experiment 

(OTS Meteorological Database, Organization for Tropical Studies.) Rainfall was 

distributed evenly over the year, with monthly precipitation greater than 100 mm in all 

but one month. Mean monthly temperatures varied between 23.5 and 26.2°C. 

Litterbag construction and deployment 

I collected leaves from five common plant species at La Selva that had the 

potential to exhibit strong differences in foliar chemistry (Cardelús 2010, Raich et al. 

2007): Dipteryx panamensis (Pittier) Record & Mell, Geonoma cuneata Wendl, 

Hyeronima alchorneoides Allemao, Lecythis ampla Miers, and Pentaclethra macroloba 

Kuntze (henceforth referred to by genus name alone). Geonoma is an understory palm, 
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and the other four species are canopy trees. To collect newly senescent leaves, litterfall 

traps were placed beneath 2-4 individual trees per species located throughout the mature 

forest at La Selva from mid-March to early May of 2011. Dipteryx and Lecythis tend to 

drop most of their leaves during the drier portion of the year (typically February-May at 

this site), whereas Hyeronima and Pentaclethra drop leaves fairly continuously 

throughout the year (O’Brien et al. 2008). Senescent Geonoma fronds usually remain 

attached to the plant until the decay process is fairly advanced (pers. observation); 

therefore, I collected Geonoma leaves that did not bear obvious signs of fungal 

colonization directly from individual palms. After collection, all leaves were sorted to 

remove those with visible galls or fungal hyphae, allowed to dry in an air-conditioned 

laboratory, and surface sterilized with 0.5% hypochlorite and 70% ethanol to ensure that 

all litter types exhibited minimal external colonization by fungi at the start of the 

decomposition experiment. Subsamples of each litter type were ground in a bead beater, 

and total foliar C was measured via combustion in an Apollo 9000 TOC Analyzer 

(Teledyne Tekmar, Mason, OH). Additional ground leaf samples were also submitted to 

the Colorado State University Soil, Water, and Plant Testing Laboratory for analysis of 

foliar N, P, K, Ca, Mg, Na, S, Fe, Mn, Cu, Zn, and B. 

Approximately 1 g quantities of leaf tissue (dry weight equivalent, about 1 whole 

leaf per bag) were weighed into 5x10 cm litterbags constructed of 1-mm nylon mesh. The 

bags were sewn shut with nylon thread reinforced with permanent fabric glue (Fabri Tac, 

Beacon Adhesives, Mount Vernon, New York, USA). Thirty-two bags of each litter type 

were distributed evenly among the eight decomposition plots, yielding a total of 160 

litterbags deployed to the field. At 127, 206, 291, and 394 days since the start of the 

decomposition experiment, 40 bags (n = 8 per litter type per timepoint) were collected 

and brought back to the laboratory for processing. 

Quantification of mass loss, fungal biomass, and enzyme production 

Immediately upon removal from the field, litterbags were very gently rinsed to 

remove  adhering  soil  particles  and  allowed  to  air-dry  overnight.  Leaves  were  then 
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weighed and divided into three portions. One subsample of each leaf was dried at 60°C 

for 96 h for a dry-weight conversion to determine mass loss in the entire leaf sample. 

Another subsample was used to perform enzyme assays (described below), and the final 

subsample was used to determine fungal abundance on the leaf litter. Fungal abundance 

was used as a proxy for total decomposer biomass on the leaf litter because fungi are 

primarily responsible for the degradation of lignocellulose (de Boer et al. 2005). All 

microbiological assays were performed within a week of collection; samples for enzyme 

assays were stored at -20°C and samples for fungal abundance assays were stored at 4°C 

until analysis. 

To quantify microbial demand for carbon, nitrogen, and phosphorus, I assayed the 

activities of AP, BG, CB, and GAP on leaf litter samples using protocols modified from 

Sinsabaugh et al. (1993). AP catalyzes the release of inorganic phosphates from organic 

matter and was therefore considered to be a P-degrading enzyme. BG and CB catalyze 

the degradation of cellulose (i.e., both are C-degrading enzymes), while GAP breaks 

down proteins into amino acids (and is therefore an N-degrading enzyme) (Allison and 

Jastrow 2006). Leaf litter samples were coarsely chopped and vigorously agitated for 3 

minutes in a pH 5 acetic acid buffer. Using a 1 mL-capacity pipette tip with a snipped tip, 

0.75-ml aliquots of the well-homogenized leaf litter slurry were added to 2 mL centrifuge 

tubes which were then filled with 0.75 ml of p-nitrophenol labeled phosphate, 

glucopyranoside, cellobioside, or glycine nitroanilide (2-5 mM). After 1 h (AP, CB) or 2 

h (BG, GAP), the tubes were centrifuged, and 1 mL of the supernatant was combined 

with 1 mL distilled water and 0.1 mL NaOH. This mixture was then immediately assayed 

on a spectrophotometer at a wavelength of 410 nm. 

To determine the abundance of fungi on decaying leaves, I extracted fungal 

hyphae from leaf tissues using a procedure modified from Brundrett et al. (1994). Leaf 

tissue samples were vigorously mixed with 200 ml of 1% sodium hexametaphosphate, 

passed through a 0.45-µm nitrocellulose filter, and stained with acid fuchsin. Hyphal 

abundance on each filter was quantified via microscopy at 160x, using the magnified 

grid-intersection method with 80 fields of view per sample (McGonigle et al. 1990). 
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Statistical analysis 

	  
Before addressing my specific hypotheses, I used a suite of correlation analyses to 

evaluate potential relationships among response variables. First, I used Spearman rank 

correlations to explore how fungal abundance and AP, BG, CB, and GAP activities co- 

varied through time. I also quantified co-variation among initial foliar nutrient content, 

mean fungal abundance, mean enzyme activities, and decay constants to assess how 

nutrient availability influenced decomposer biomass, enzyme production, and 

decomposition over the course of the entire experiment. Next, to evaluate whether fungal 

biomass or enzyme activities were sensitive to interspecific differences in overall leaf 

litter chemistry, I ran mixed linear models with ‘species’ as a fixed factor and time as a 

random factor, using the nlme package in R (Pinheiro et al. 2012). This approach is 

analogous to repeated measures ANOVA, but is more robust to unbalanced datasets. 

Since some litterbags lost 100% mass during the course of the experiment, the number of 

samples within each litter type at each timepoint is variable. 

To address the hypothesis that time-integrated (cumulative) activities of C- 

degrading enzymes should predict foliar decay rates, I performed simple linear 

regressions between cumulative AP, BG, CB, and GAP activities and decomposition 

rates (k year-1) across all plots (n = 40). Because interspecific differences in enzyme 

activity may be confounded with unmeasured differences in leaf litter chemistry, I used a 

mixed linear model to examine relationships among foliar decay constants and enzyme 

activities, including litter type as a random factor. In effect, this analysis assesses the 

strength of relationships between enzyme activity and decomposition rates after 

controlling for the effects of leaf litter type. I calculated a pseudo-R2 using the likelihood 

ratio test R2 (Magee 1990). Decay constants were calculated using a negative exponential 

model:  ln(Xt) = ln(X0) – kt, where Xt is the litter mass remaining at time t, and X0 is the 

initial  litter  mass  (Olsen  1963).  Cumulative  AP,  BG,  CB,  and  GAP  activities  were 
	  
	  
	  
calculated using the formula 

	  
n 

• EiTi 

i= 0 

	  
	  
	  
where n is the duration (days) of the decomposition 

	  

experiment, Ei  is the mean enzyme activity (µmol pNP g 
	  

h-1 
	  

) between two successive 
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measurements, and Ti is the time (hours) between the two measurements (Liu et al. 2009). 

Because chemical controls on leaf litter decay rates can vary over the course of 

decomposition, I used another mixed model to identify relationships among percentage 

mass loss at t = 127 days and AP, BG, CB, and GAP activity measured at that timepoint. 

I considered this period to represent the early stages of enzyme-catalyzed chemical decay 

because mass loss is largely driven by leaching during the first ~50 days of 

decomposition in very wet forests (Wieder et al. 2009); in this experiment, plots received 

~650 mm of precipitation within the first two months. 
	  

To test the hypothesis that microbial allocation to C-, N-, and P-acquiring 

enzymes should reflect C:N and C:P stoichiometry of the foliar substrate, I calculated 

ln(BG+CB):ln(AP) for each litter type as an index of microbial C:P acquisition effort, 

and ln(BG+CB):ln(GAP) as an index of microbial C:N acquisition effort (sensu 

Sinsabaugh et al 2008). I then performed regressions between these enzyme 

stoichiometry indices and foliar C:P and C:N, respectively. All statistical analyses for the 

field decomposition experiment were performed in R Version 2.9.0. 
	  

	  
	  
	  
RESULTS 

	  
	  
Meta-Analysis 

	  
The dataset was geographically comprehensive, including studies from Central 

and South America, Africa, Asia, and Australia (Figure 1). However, sites in Central and 

South America and Southeast Asia were best represented. Climate, foliar chemistry, and 

decay rates varied considerably both within and among studies. Across the entire dataset, 

k ranged from 0.12 to 10.86 year-1, with a mean of 1.70 year-1, indicating that in most 

tropical forests, 95% of litter mass loss occurs within a single year. In the  studies 

included in this meta-analysis, MAT ranged from 9.5°C to 30.6°C with an average of 

24.2°C, and MAP ranged from 155 to 6000 mm with an average of 2922 mm annually. 

Foliar concentrations of N (0.27-3.90%) and Ca (0.18-6.46%) varied by an order of 
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magnitude among studies, while foliar P (0.004 -0.330%), K (0.03-4.08%), and Mg 

(0.02-4.73%) varied by two orders of magnitude across the dataset. 

	  
Effects of climate on decay rates 

	  
Mean annual precipitation was not an important predictor variable in any of the 

data subsets (Table 1). In contrast, MAT was an important predictor variable in two of 

five sub-analyses and explained 12% of the variation in k when examined across the 

entire dataset (Figure 2a). However, this correlation was largely driven by low k values 

in forests with MAT < 20°C, typically high-elevation or montane forests. When the 

dataset was restricted to ecosystems with MAT > 20°C, the relationship between MAT 

and k was not significant (Figure 2b). 
	  

	  
Effects of foliar chemistry on decay rates 

	  
Foliar Ca, K, Mg, N, and P concentrations were all important predictors of k 

within their respective data subsets (w > 0.5) and thus were likely to be included in the 

best models of decomposition (Table 1). However, the variance in decay rates explained 

by each of these variables individually was low, with 13% variance explained by %Ca 

(Figure 3a), 6% by %Mg (Figure 3b), 6% by %K (Figure 3c), and 6% by %N (Figure 

3d). Foliar P concentrations were not significantly correlated with decay rates. The 

lignin:N ratio was a marginally important (0.4 < w < 0.5) predictor of decomposition 

rates, whereas %C , %phenolics, and the lignin:P ratio had little predictive value (w < 

0.2). Within the data subsets, the models that explained the most variance in k included 

%Ca and MAT (R2 = 0.308) and %K, %Mg, and MAT (R2 = 0.228). No other model in 

any of the 95% confidence model sets explained more than 25% of the variance in k, and 

most explained less than 10% of the variance. Models including %N and %P generally 

explained about 1.5 times more of the variance in k than models containing  either 

variable alone. Correlations between nutrient concentrations and decay rates did not 

significantly differ when the datasets were re-analyzed to exclude non-native tree species; 

in all datasets, naturalized plant species represented less than 10% of the observations. 
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Relationships between foliar chemistry and decomposition rates in forests with 

MAT > 20°C were very similar to those observed across the entire dataset: %Ca, %K, 

%Mg, and %P were all important predictors of litter decay rates (w > 0.5), while %N was 

a marginally important predictor (w = 0.38). In forests with MAT < 20°C, %P explained 

36% of the variance in foliar decay rates (R2=0.362), while %N was not an important 

predictor of decomposition rates.  Due to the small number of studies that reported %C, 

%Ca, %K, and %Mg at sites with MAT < 20°C, the influence of C and base cations on 

decay rates at these sites was not analyzed. 

	  
Influence of study methodology on k 

	  
Across the entire dataset, k was negatively correlated with study length (Figure 4). 

Furthermore, study type (individual vs. mixed litters) was an important predictor variable 

in two of five sub-analyses, although average k values in single-species studies were not 

consistently higher or lower than in studies that estimated k for litter mixtures. 

	  
Limitations of statistical approach 

	  
Although the statistical approach I employed is useful for datasets with large 

amounts of missing data, it does not permit analysis of interactions among predictor 

variables. Furthermore, some explanatory variables with w > 0.5 were not by themselves 

significant predictors of k. For instance, the variable %P has a w of 0.78 (Table 1), 

despite the fact that it is not correlated with k. This discrepancy can be explained by the 

fact that %P often appeared with other variables, such as %N, in the models that best 

captured variance in decomposition rates. Finally, my approach does not permit direct 

comparison of variance explained by each of the predictor variables; thus, conclusions 

about the relative importance of each foliar chemical parameter must be interpreted with 

caution. 
	  

	  
Field decomposition experiment 

	  
Across the five leaf litter types, decay constants ranged from 0.839 to 3.170 year-1 

(Table 2). Decay constants, fungal abundance, and enzyme activities were unrelated to 
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the concentration of any measured foliar macronutrient (Table 3a) or micronutrient (data 

not shown). Litter decay rates were not related to foliar C:N or C:P ratios. As 

decomposition progressed, AP and GAP activities tended to decrease, while CB activity 

tended to increase through time (Table 3b). AP activity was positively correlated with the 

activities of BG and GAP, whereas CB activity was positively correlated with fungal 

abundance on decomposing leaf litter (Table 3b). 

The five leaf litter types exhibited substantial differences in fungal abundance 

(F4,124 = 12.11, P < 0.001): on average, Geonoma litter was most heavily colonized by 

fungi, supporting a fungal biomass two times larger than that of Dipteryx and Hyeronima 

(Figure 5). The activities of AP (F4,125 = 5.84, P < 0.001), BG (F4,124 = 19.02, P < 0.001), 

CB (F4,125 = 5.24, P < 0.001), and GAP (F4,102    = 8.73, P < 0.001) also differed among 

litter types (Figure 2). Species with greater decay constants (Pentaclethra, Lecythis, and 
	  

Geonoma) tended to exhibit mean enzyme activities between two to four times higher 

than species that decomposed more slowly (Dipteryx and Hyeronima, Figure 6). 

In simple linear regressions, cumulative activities of AP (R2  = 0.296, P < 0.001), 
	  

BG (R2  = 0.228, P = 0.001), CB (R2  = 0.114, P = 0.018), and GAP (R2  = 0.163, P = 
	  

0.005) were all strongly positively correlated with decomposition rate (Figure 7). In the 

mixed linear model which accounted for the effects of litter type, only BG (P = 0.003) 

and GAP (P = 0.001) were significantly positively correlated with decomposition rates. 

The full mixed model including AP, BG, CB, and GAP as fixed effects explained 35% of 

the variation in leaf litter decay rates (pseudo R2 = 0.356). In contrast to the patterns 

observed across the entire experiment, at the first sampling timepoint (t = 127 days), only 

AP was a significant predictor of mass loss (P = 0.031). 

Microbial C:P acquisition effort (i.e., the ratio of ln(BG+CB):ln(AP)) averaged 

0.849 across all samples (Figure 8), indicating relatively equal allocation toward C- and 

P-degrading enzymes. There were small (< 20%) differences in mean enzyme C:P ratios 

among  litter  types  (F4,125  =  12.77,  P  <  0.001).  Microbial  C:N  acquisition  effort,  or 

ln(BG+CB):ln(GAP),  averaged  1.355  across  all  samples,  indicating  slightly  higher 
	  

allocation towards acquisition of C vs. N. Enzyme C:N ratios did not vary with litter type. 
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Enzyme stoichiometries did not vary consistently with time, and were unrelated to foliar 

C:P (R2=0, P = 0.507) or C:N (R2=0, P = 0.866) (Figure 8). 

	  
DISCUSSION 

	  
Overall, the results of the meta-analysis and field experiment are consistent with 

strong biotic controls over leaf litter decay within and across tropical forests. At large 

spatial scales, effects of foliar nutrient content on decomposition rival or outweigh those 

of climate. There is also evidence for strong ‘bottom-up’ regulation of decomposition 

through the soil food web: within a single forest, abundance of decomposer fungi and the 

enzymes they produce were strongly positively correlated with mass loss rates. In 

contrast to Hypothesis 1, temperature and precipitation were not major determinants of 

decomposition rates across lowland tropical forests in the meta-analysis. Instead, multiple 

foliar nutrients appear to shape the dynamics of decay, consistent with Hypothesis 2. And 

although enzyme activities were positively correlated with foliar decay rates, as predicted 

by Hypothesis 3, enzyme stoichiometry did not vary with leaf litter stoichiometry, 

refuting the fourth hypothesis. Below, I discuss the potential microbial mechanisms 

underlying each of these relationships. 
	  

	  
Hypothesis 1: Climatic controls on decomposition in tropical forests 

	  
In lowland tropical forests, climate does not seem to play a direct role in 

regulating decay rates, as it does in many strongly seasonal temperate ecosystems. In the 

meta-analysis dataset, litter decomposition was slower at cooler temperatures in montane 

forests, but was insensitive to variations in MAT among warmer lowland sites. This 

pattern is consistent with a MAT threshold below which temperature is an important 

driver of decomposition rates and above which foliar chemical parameters are the main 

determinants of decay (Prescott 2010). Direct effects of MAP on decay rates were not 

observed, in contrast to other studies where precipitation explained a large amount of 

cross-site variation in decomposition when the same substrates were decomposed at each 

site (Powers et al. 2009). The absence of a correlation between MAP and decay rates may 

be due to the inclusion of studies using many plant species, as the effects of plant traits on 
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decay rates appear to rival or overwhelm those of climate (Cornwell et al. 2008, Zhang et 

al. 2008). Additionally, the relative importance of abiotic factors vs. foliar chemistry can 

vary throughout the process of leaf litter decay. Climatic factors may dominate in earlier 

stages, when mass loss is driven by leaching, whereas chemical recalcitrance of litter may 

be of primary importance in late decomposition. Indeed, in a multi-site decomposition 

experiment conducted throughout the Neotropics, precipitation was found to explain the 

majority of variance in mass loss during initial stages of leaf decay. However, foliar 

chemical parameters were included in the best models of longer-term decomposition 

(Cusack et al. 2009). 

Temperature and precipitation regimes may have indirect effects on 

decomposition rates in tropical forests, although such interactions were not tested in the 

framework of the met-analysis. For instance, high MAP can lower foliar nutrient 

concentrations due to leaching or slowed nutrient mineralization in anoxic soils (Santiago 

et al 2005). Elevated temperatures can reduce microbial carbon use efficiency, or CUE 

(Manzoni e al. 2012, Tucker et al. 2012), inducing C limitation even though carbon is the 

main elemental constituent of leaf litter. Increasing temperatures have an especially 

pronounced effect on the microbial CUE of chemically recalcitrant compounds (Frey et 

al. 2013). Therefore, the effects of high MAT on leaf litter decay are likely to depend 

upon the chemical composition of the foliar substrate. 
	  

	  
Hypothesis 2: Influence of foliar nutrients on leaf litter decay rates at broad spatial 

scales 

Nutrient controls on decay rates across tropical ecosystems appear to be more 

complex than in temperate forests, with constraints potentially imposed by multiple 

elements. The availability of Ca in litter was positively correlated with decomposition 

rate in this analysis, and a similar but weaker pattern was seen for K, Mg, and N. Models 

that included both %N and %P better captured decay rates than did models containing 

either variable in isolation, a pattern consistent with tight linkages between soil N and P 

cycles in tropical forests (Reed et al. 2007). In contrast, lignin:N ratios are typically the 
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dominant chemical control on decomposition in temperate ecosystems (Melillo et al. 

1982). Since many tropical forests grow on very old soils, the results of this analysis are 

consistent with models of ecosystem development in which rock-derived nutrients such 

as P, Mg, K, and Ca become increasingly limiting relative to N as soils age (Walker and 

Syers 1976, Chadwick et al. 1999). 

Multi-element controls on decomposition could be driven by geographic variation 

in the identity of limiting nutrients, or co-limitation of decomposer activity by N, P, and 

base cations; it was not possible to distinguish among these mechanisms with the analysis 

employed here. True co-limitation occurs when biomass grows only in response to 

simultaneous addition of two or more resources, or responds independently to multiple 

resources. This type of co-limitation is fairly common in primary producer communities 

(Harpole et al. 2011), but less is known about responses of belowground communities to 

multiple nutrients. Basic biochemical theory suggests that decomposer microbes should 

often be subject to nutrient co-limitation. Two or more elements are often required 

simultaneously for the proper functioning of enzymes or metabolic pathways, or one 

element may be required in order to take up another (Saito et al. 2008). Micronutrients 

such as Cu, Fe, Mn, and S (Kaspari et al. 2008) or Zn (Powers and Salute 2011) often 

limit leaf litter decomposition within individual tropical forest ecosystems. Enzyme- 

catalyzed models of leaf litter decay may provide a mechanistic framework to explain 

multiple element limitation of decomposition in tropical forests: because many enzyme 

systems depend upon the availability of metallic cofactors (i.e. micronutrients), both C 

availability and concentrations of foliar macro- and micronutrients may interact to 

regulate production of microbial extracellular enzymes. 

Despite the positive relationships between leaf litter decay rates and nutrient 

availability, foliar chemistry data were unable to explain a majority of the variance in 

decomposition rates across tropical forest ecosystems, despite widespread geographic 

coverage. This unexplained variance can be attributed to unmeasured biotic drivers of 

decomposition: soil food web structure, chemical recalcitrance of the structural 

components of leaf tissues, or leaf secondary chemistry.  The role of leaf litter fauna or 
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microbes in moderating decomposition rates was not addressed here, although their 

importance in tropical ecosystems is known to be substantial (Wall et al. 2008). For 

example, trophic interactions among soil microbes and litter fauna can strongly influence 

decomposition at fine spatial scales, enhancing within-site heterogeneity in rates of litter 

decay (Milton and Kaspari 2007). Furthermore, although most publications in the meta- 

analysis dataset only reported total litter C concentrations, the chemical recalcitrance of 

structural C compounds may be more relevant than bulk elemental abundance. For 

instance, the relative proportion of lignin, cellulose, hemicellulose, phenolic compounds, 

and water soluble carbohydrates in leaf tissue can strongly influence the rate at which 

total leaf mass is lost (e.g., Allison and Vitousek 2004, Coq et al. 2010, Talbot and 

Treseder 2012). Finally, plant secondary compounds other than polyphenols may provide 

an additional source of unexplained variance in decay rates. In comparison with their 

temperate counterparts, tropical plant species exhibit a greater abundance and diversity of 

defensive compounds, likely due to longer leaf lifetimes and higher rates of herbivory 

(Coley and Barone 1996). Plant-produced peptides (Thomma et al. 2002), oils (Dorman 

and Deans 2000), and glycosides (Matsumura et al. 1990) can inhibit bacterial and fungal 

growth, although the consequences of interspecific variation in secondary chemistry for 

decomposition rates are not well explored. However, the amount and chemical 

complexity of condensed tannins in leaf litter can determine foliar decomposition rates in 

some tropical forests (Coq et al. 2010), raising the possibility that plant secondary 

compounds may strongly affect belowground processes in tropical ecosystems. 

Differences in the duration of decomposition experiments in the meta-analysis 

may also contribute to the high unexplained variance. Estimates of leaf litter decay rates 

are least reliable during the early stages of decomposition (Laliberté et al. 2012). Across 

all studies, lower decomposition rates were more often observed in longer experiments. 

This relationship may be partially an artifact, since litters that decay very quickly will 

disappear before the anticipated termination of a study, and may therefore truncate the 

duration of an experiment. However, a negative relationship between k and study length 

may also indicate that shorter experiments overestimate rates of leaf litter decay by 
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ignoring the final, slowest stages of decomposition (Trofymow et al. 2002). This is 

especially likely given that k values in this dataset were calculated with single-pool 

models, which use a single fitting parameter that may yield inaccurate estimates of decay 

rates in later stages of decomposition (Manzoni et al. 2012). 

	  
Hypothesis 3: Relationship between enzyme activities and decomposition rates 

	  
In the decomposition experiment at La Selva, litter types that decomposed faster 

exhibited greater fungal abundance and enzyme activities than types that decayed more 

slowly. All enzyme activities exhibited strong positive correlations with foliar decay 

rates; however, only BG and GAP were the only significant predictors of mass loss after 

accounting for the effects of litter type. This pattern is generally consistent with the 

results of other studies in which the mass loss of leaves (Allison and Vitousek 2004) and 

woody tissues (Sinsabaugh et al. 1992) was positively correlated with lignocellulose- 

degrading enzyme activities. However, this result contrasts with the third hypothesis that 

only C-degrading enzyme activities should be linked with variation in mass loss rates. 

Instead, activities of AP, BG, and GAP were closely interrelated, implying broad 

stoichiometric constraints on microbial assimilation of C, N, and P (Sinsabaugh et al. 

2008). Additionally, litter type strongly influenced overall levels of enzyme activity, 

especially AP and CB. This suggests that unmeasured variables associated with litter type 

may regulate microbial enzyme production. For instance, plant litter chemistry may 

influence the diversity or structure of decomposer communities (Gusewell and Gessner 

2009), potentially leading to differences in rates of enzyme activity (Waldrop et al. 2000). 

Mass loss at the first time point tended to be correlated with the activities of AP 

rather than C-degrading enzymes. Rates of nutrient immobilization are often highest 

during the early stages of decomposition, when the stoichiometry of the microbial 

biomass diverges most strongly from foliar C:N or C:P ratios (Manzoni et al. 2010). 

Strong correlations between AP activity and early-stage mass loss may reflect high initial 

demand for P, whereas the increasing importance of BG and GAP throughout the 

remainder of the experiment is consistent with limitation by C. No measured foliar 
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nutrient was associated with microbiological variables or overall rates of decomposition, 

suggesting that N, P, and other nutrients exert little control over microbial growth and 

enzyme investment in this tropical forest. 
	  

	  
Hypothesis 4: Relationship between foliar stoichiometry and enzyme stoichiometry 

	  
Although the five litter types exhibited substantial differences in the overall 

magnitude of enzyme activity, activities of C-, N-, and P-acquiring enzymes did not 

covary with absolute concentrations of C, N, and P in leaf tissues. Furthermore, indices of 

microbial C:N and C:P acquisition effort were unrelated to foliar C:N or C:P ratios. 

Despite substantial variation among individual leaf samples, ln(BG+CB):ln(AP) and 

ln(BG+CB):ln(GAP) averaged about 1.0 across all species. This invariance in enzyme 

stoichiometry is especially puzzling given that foliar C:N and C:P ranged from 14 to 31 

and 223 to 960 across the five litter types. In most cases, microbial growth is considered 

to be nutrient-limited on substrates with C:N > 27 or C:P > 186 (Sinsabaugh et al. 2009), 

although there is some evidence that threshold C:P ratios may be somewhat higher in 

tropical forests (Manzoni et al. 2010). Therefore we might expect production of GAP or 

AP to increase when the stoichiometry of the foliar substrate exceeds these  critical 

values. 

Several mechanisms may underlie the decoupling of enzyme stoichiometry and 

foliar stoichiometry observed in this study. First, if enzymes are produced constitutively, 

relative activities of C-, N-, and P-acquiring enzymes would not track variation in 

stoichiometry of the foliar substrate. However, microbial communities can control 

production of C-, N-, and P-targeting enzymes in response to changing substrate 

stoichiometry and availability of labile nutrients (Sinsabaugh et al. 2002, Allison and 

Vitousek 2005, Mooshammer et al. 2012). Alternatively, decomposer microorganisms in 

this system may be effectively C-limited even when substrate C:N or C:P ratios are very 

high. The ‘economic rules’ of microbial enzyme production are the mechanistic basis for 

the relationship between substrate recalcitrance and decomposition rates, because the 

energetic cost of degrading complex organic molecules can induce C limitation even 
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when carbon is very abundant. The microbial biomass should only allocate C to enzyme 

production when the energetic return is greater than the C investment needed to 

synthesize those enzymes (Schimel and Weintraub 2003). Complex or ‘recalcitrant’ 

substrates such as lignin require more energy to degrade than labile substrate such as 

glucose or amino acids. Furthermore, carbon limitation of decomposer growth and 

activity may be especially pronounced in tropical forests because microbial C use 

efficiency (CUE) is very low at elevated temperatures and when nutrients are in short 

supply (Manzoni et al. 2012). If microbial metabolism is C-limited under most 

conditions, the stoichiometry of enzyme production would not respond to variation in 

foliar concentrations of N or P, as was observed here. 

If production of extracellular enzymes is limited by availability of simple, easily 

assimilable carbon, the notable differences in overall enzyme activities on the litter types 

studied in this experiment may be driven by variation in plant tissue C chemistry. 

Pronounced interspecific differences in overall levels of enzyme activity suggest that 

some unmeasured aspect of leaf litter chemistry strongly regulates microbial enzyme 

production. I did not quantify the relative abundance of labile vs. recalcitrant C 

compounds in the litter types used in this study. However, substrate chemical complexity 

is the best predictor of decomposition rates in many other tropical forests: metrics of C 

quality were better predictor of decay rates than nutrient content or stoichiometry in the 

Amazon (Hattenschwiler and Jorgensen 2010), and water-soluble carbon content rather 

than total C was the dominant chemical control over foliar decay rates at a site in Hawaii 

(Allison and Vitousek 2004). Complex secondary molecules that deter herbivores, such 

as tannins and phenolics, may require complex enzymatic machinery to decompose, and 

therefore exert disproportionate control over the dynamics of leaf litter decomposition 

(Coq et al. 2010). Additionally, availability of simple C compounds is often positively 

correlated with rates of enzyme production in manipulative laboratory experiments 

(Allison and Vitousek 2005). This suggests that high concentrations of labile, easily 

assimilated C compounds in plant litter can subsidize the production of enzymes which 

target more recalcitrant carbon. Such ‘priming’ of microbial enzyme production can 



27 	  

	  
influence  decomposition  rate,  since  enzyme  activity  and  mass  loss  are  often  tightly 

correlated, as demonstrated in this decomposition experiment. 

	  
Synthesis 

	  
Taken together, the results of the meta-analysis and field experiment highlight 

weak relationships between foliar nutrient availability and decomposition rates within 

and across tropical forests. These patterns challenge the traditional paradigm in which N 

or the lignin:N ratio largely controls foliar decay rates (Berg and Staaf 1980, Melillo et 

al. 1982). Instead, loose correlations between nutrient availability and decomposition 

rates at the pan-tropical scale are consistent with a ‘non-Liebig world’ where multiple 

elements co-limit decomposer activity (Kaspari et al. 2008). Although total litter C 

concentrations were not a good predictor of decay rates in either the meta-analysis or the 

field decomposition experiment, there is indirect evidence that carbon chemistry may also 

be an important controller of decomposition. Basic biochemical theory predicts that 

constant high temperatures exacerbate microbial C limitation when the growth substrate 

is chemically complex (Tucker et al. 2012, Frey et al. 2012). Therefore, leaves with a 

higher proportion of labile C compounds may support a larger decomposer biomass and 

higher rates of enzyme production. This hypothesis is consistent with the dramatic 

differences in enzyme activities across leaf litter types at La Selva, which did not 

correlate with concentrations of any foliar nutrient. 

In temperate ecosystems, constraints imposed by cold winter temperatures, 

seasonal precipitation regimes, and low soil N availability may be the dominant 

determinants of leaf litter decay; however, biotic controls on decomposition are 

apparently more complex in tropical forests. Currently, large-scale ecosystem models 

such as CENTURY and RothC do not incorporate microbial mechanisms of 

decomposition. The patterns demonstrated here underscore the potential for interspecific 

differences in litter composition to affect microbial communities and the ecosystem 

processes they mediate. Synthesizing multifarious relationships among foliar 

macronutrients,  micronutrients,  organic  matter  complexity,  and  decomposition  into  a 
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predictive framework may require new model structures that rely explicitly on microbial 

enzyme production. The relative extent to which climate, foliar chemistry, soil biota, or 

their interactions affect decay rates will determine the magnitude and direction of 

ecosystem feedbacks to changes in climate and plant community composition. Although 

reconciling data from tropical forests with biogeochemical paradigms developed in 

temperate ecosystems may prove challenging, the global importance of these ecosystems 

for C storage and biodiversity requires that innovative new frameworks be developed. 
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Chapter 2 

	  
	  
INTRODUCTION 

	  
Sustained changes in temperature and precipitation regimes threaten to push many 

ecosystems outside their natural bounds of climatic variation. Within the next 100 years, 

rising atmospheric CO2 and accompanying shifts in temperature and precipitation will 

generate  completely  novel  climate  regimes,  especially  in  tropical  and  sub-tropical 

ecosystems (Williams et al. 2007). Communities may respond to these novel 

environmental conditions via several mechanisms: physiological acclimation of 

individual organisms, changes in the relative abundance of species, or immigration of 

new species (Parmesan and Yohe 2003). Plant and animal populations cope with rapidly 

changing environments through each of these mechanisms, leading to observable shifts in 

community structure and species interactions (Parmesan 2006). However, such responses 

are difficult to detect in soil microbial populations because microorganisms have short 

generation times, are extremely phylogenetically diverse, and live in spatially complex, 

highly heterogeneous environments. Yet because soil microbes regulate the global carbon 

(C) cycle, the specific mechanisms by which microbial communities respond to climate 
change may determine important ecosystem feedbacks on rising atmospheric CO2 

concentrations. 

Although rates of soil C cycling are often assumed to be directly proportional to 

the size of the microbial biomass, shifts in physiological parameters such as growth 

efficiency, enzyme production, or nutrient demand may alter C fluxes without changing 

biomass stocks. Because changes in total biomass, mass-specific respiration rates, and 

enzyme production may take place concurrently, individual response mechanisms can be 

difficult to tease apart. For instance, temperature-induced decreases in microbial growth 

efficiency may alter ecosystem C balance by decreasing the size of the biomass under 

warming (Allison et al. 2010). However, microbial communities may also adjust to 

elevated temperatures by decreasing mass-specific respiration rates over time, reducing 

respiratory  losses  and  maintaining  biomass  stocks  (Bradford  et  al.  2010).  Microbial 
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communities can also alter allocation to the production of extracellular enzymes that 

depolymerize soil organic matter, yielding simple organic compounds that can be easily 

metabolized (Sinsabaugh and Follstad Shah 2012). For example, stress imposed by soil 

drying-rewetting cycles elevates microbial N demand, promoting increases in the 

activities of protein-degrading enzymes (Tiemann and Billings 2011). Changes in 

enzyme production or shifts in their relative abundance may alter element cycling rates 

and nutrient availability to plants and microbes. 

Changes in microbial function in response to altered climate can also reflect shifts 

in microbial community composition. For example, changes in the relative abundance of 

soil fungi and bacteria can alter biomass-specific respiration rates and nutrient 

mineralization (Waring et al. 2013). Finer-scale community shifts may also impact 

element cycling, as evidenced by compositional differences among decomposer 

communities that can account for up to 20% of the variance in C mineralization from leaf 

litter (Strickland et al. 2009). The distribution of physiological traits among microbial 

taxa shapes community interactions via ecological trade-offs among stress resistance, 

resource acquisition, and growth rates. For instance, trade-offs between C and N 

acquisition (Treseder et al. 2011) or drought tolerance and growth rate (Lennon et al. 

2012) have been identified in bacterial communities. There is some evidence that 

ecological trade-offs may affect ecosystem level biogeochemical cycling: stress imposed 

by drying-rewetting cycles alters community composition, which in turn influences rates 

of C mineralization independently of moisture effects (Fierer et al. 2003, Hawkes et al. 

2011, Yuste et al. 2011). Alternatively, compositional shifts may have no impact on 

ecosystem processes if microbial taxa are highly functionally redundant (Allison and 

Martiny 2008). If ecological trade-offs are unrelated to traits that affect carbon cycling, 

compositional shifts may not affect ecosystem C balance. Rather, changes in aggregate 

community functions such as respiration and enzyme production will be dictated by the 

physiological plasticity of individual microbial taxa (Szekely et al. 2013). 

Microbial adaptation to novel climate regimes may also influence ecosystem C 

cycling  if  the  traits  undergoing  selection  impact  growth  efficiency  or  resource 
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requirements. Evidence for adaptive evolution within soil microbial populations is rare, 

since it is quite difficult to isolate the loci undergoing selection within individual 

populations. However, laboratory studies suggest that soil bacteria (Belotte et al. 2003) 

and mycorrhizal fungi (Johnson et al. 2010) may be locally adapted to their resource 

environments. Evolutionary changes may take place on the same timescales as shifts in 

relative abundance of microbial taxa, complicating efforts to separate evolutionary and 

ecological responses (Bradford et al. 2010). In fact, because asexual prokaryotic taxa do 

not conform to the biological species concept (Roselló-Mora and Amann 2001), 

evolutionary shifts within populations may ultimately be indistinguishable from 

compositional changes. 

Depending on how microbial communities respond to climate change, associated 

functional shifts may follow one of three general patterns (Figure 9). In the first scenario, 

rates of function decline due to constraints on physiological breadth of individual taxa 

(Figure 9a) or the physiological diversity of the local community (Figure 9b). If the local 

community cannot adjust to a novel environment physiologically, through changes in the 

relative abundance of taxa or compositional shifts via dispersal, then total microbial 

biomass and mass-specific rates of function are expected to decrease. Alternatively, 

physiological acclimatization to altered conditions may be extremely rapid so that 

function remains the same under the new conditions (Figure 9c), or re-organized 

communities may exhibit similar rates of function as the ancestral communities (Allison 

and Martiny 2008, Figure 9d). Finally, changes in microbial physiology (Figure 9e) or 

community composition (Figure 9f) may increase ecosystem process rates if the new 

conditions favor organisms that grow faster or exhibit higher rates of respiration and 

enzyme production per unit biomass. For example, exposure to osmotic stress increases 

the relative abundance of generalist bacterial taxa that can tolerate a wide range of 

salinities; these taxa also exhibit higher growth rates than specialists (Szekely et al. 

2013). 
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To examine both microbial community responses to climate change and identify 

potential mechanisms underlying those responses, I manipulated soil moisture regime in a 

wet tropical forest at La Selva Biological Station, Costa Rica. Although the site currently 

receives over 4000 mm of precipitation a year, climate models predict that rainfall will 

decrease throughout Central America over the next century (Neelin et al. 2006). In this 

forest, tree growth decreases strongly during drier years (Clark et al. 2010), but 

belowground responses to drought are less certain. During preliminary investigations at 

La Selva, I found that fungal abundance was linked with spatial and temporal variation in 

soil moisture, suggesting that microbial processes may be impacted by reductions in 

precipitation as well. 

The study was designed to address two main research goals. First, I aimed to 

characterize shifts in microbial abundance and aggregate community function following 

experimental reduction of precipitation inputs in the field. I did this in the presence and 

absence of roots to determine whether root inputs would shape functional responses to 

drying. I also quantified shifts in bacterial and fungal community structure between the 

precipitation treatments to determine whether compositional changes were associated 

with alterations in function. Second, I asked whether drought-induced changes in 

microbial physiology and/or community structure would subsequently impact functional 

responses to moisture under controlled conditions in a common garden  experiment, 

where I exposed the soils to typical wet-season conditions, dry-season conditions, and 

extreme drought. My two main hypotheses were 1) that precipitation exclusion would 

‘select’ for microbial taxa more resistant to soil drying, leading to 2) shallower reductions 

in biomass-specific respiration rates along the soil moisture gradient in comparison with 

‘control’ communities. Because the presence of roots enhances plant-microbe 

competition for resources, I expected that allowing root in-growth would exacerbate 

functional declines in response to experimental drought. 
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METHODS 

	  
	  
Experimental Overview 

	  
To test compositional and functional responses of microbial communities to 

changes in water availability, I paired a field precipitation exclusion experiment with a 

laboratory soil moisture manipulation. In the field experiment, I altered water availability 

in situ by excluding precipitation inputs with a combination of shelters and trenching. 

Soils were exposed to the precipitation treatment for six months to allow for shifts in 

microbial physiology (which may take place on a timescale of hours to days) and/or 

community composition (which may take place on a timescale of days to weeks based on 

turnover rates of the soil microbial biomass, Rousk and Baath 2011). I also installed a 

combination of ‘closed’ (solid PVC) and ‘open’ (mesh) cores in control and exclusion 

plots to manipulate the relative abundance of fungi and bacteria, which may display 

differential sensitivities to drought (Strickland and Rousk 2010, McGuire et al. 2012). At 

the conclusion of the field experiment, I harvested soils from precipitation exclusion and 

control plots and subjected them to a soil moisture gradient in the laboratory. The goal of 

this microcosm experiment was to examine functional responses to drying in microbial 

communities with and without a prior history of drought exposure. I also sequenced 

bacterial and fungal DNA to determine whether reductions in precipitation prompted 

shifts in community composition. 
	  

	  
Precipitation manipulation experiment 

	  
The precipitation exclusion experiment was conducted in a ~0.1 ha study area 

within an intact old-growth forest at La Selva Biological Station, Costa Rica (10°26’N, 

84°00’W, Organization for Tropical Studies). At this site, mean annual temperature is 

25°C and mean annual precipitation averages about 4000 mm (Clark et al. 2010); further 

site details are given in Chapter 1. Precipitation exclusion and control plots  were 

arranged in an unreplicated block design with six randomly located 4 m2 blocks 

distributed  across  the  study  area  (Figure  10).    Within  each  block,  I  constructed  a 
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precipitation exclosure using plastic greenhouse film stretched over wooden frames. I dug 

15cm deep trenches around each shelter and lined with plastic to eliminate lateral water 

flow. Note that the trenching treatment did not eliminate root ingrowth to the plots, and 

roots quickly grew beneath the liner and ramified throughout the blocks. Each shelter was 

paired with control plot within the same block, which was trenched to control for 

disturbance effects, but open to ambient precipitation. The control plots measured 0.5 m2 

to match the footprint of the exclusion shelters. Within each precipitation exclusion and 

control plot, I established six experimental cores. Half the cores in each plot (‘open’ 

cores) were constructed of 1 cm mesh to permit development of intact fungal hyphal 

networks. The remaining cores were constructed of solid PVC pipe (‘closed’ cores) and 

lined with 1 µm mesh on the bottom to permit water drainage while excluding fungal 

ingrowth. All cores measured 15x5 cm and were packed with soil at native bulk density. 

Soil nutrient availability was assessed with resin bags, which were buried in one open 

and one closed core per exclusion or control plot. To deploy the resin bags, 4 g aliquots 

of AG1-X8 anion exchange resin were sealed in porous nylon bags and allowed to 

incubate in soil cores for 6 months. 

After 6 months (September 2011 – February 2012), I measured respiration rates in 

each core in the field (see ‘Biogeochemical methods’ below). Immediately thereafter, all 

72 cores were destructively harvested for the measurement of fungal abundance, 

microbial biomass, enzyme activities, and soil moisture content. I also sampled soils from 

outside the trenched areas in each plot to determine whether the trenching treatment itself 

affected soil moisture, microbial biomass, or enzyme activities. Subsamples (35 g) from 

each core were set aside for the laboratory incubation experiment; the remaining soil was 

stored at 4°C until analysis. Microbial biomass assays were conducted with 24 hours of 

collection, and fungal abundance was measured within three days of collection. Soils for 

enzyme assays were stored at -20°C for one month prior to analysis, and subsamples for 

DNA extraction were immediately archived at -80°C. 
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Laboratory incubation experiment 

	  
Subsamples from each core were homogenized within treatment group 

(precipitation exclusion vs. control) and divided into three treatment groups. To achieve 

the ‘high’ soil moisture treatment (87±2% gravimetric soil moisture, typical of field 

conditions in the wet season), soils were supplemented with water and mixed gently with 

a sterile spatula. To achieve the ‘medium’ and ‘low’ soil moisture treatments (59±4% and 

24±4% gravimetric soil moisture, respectively), soils were allowed to air-dry to the 

desired water content in a temperature-controlled laboratory. The ‘medium’ soil moisture 

treatment represents typical dry-season conditions, and the ‘low’ soil moisture treatment 

is outside the normal range of soil moisture variation in this forest (Waring, unpublished 

data). Once soils had achieved the desired gravimetric soil moisture, they were sealed in 

plastic bags and stored in the dark at constant temperature for one week until the 

experiment began. 

Soils (25 g dry weight) were added to sterile, airtight glass microcosms with a 

small (~1 cm diameter) hole drilled in the lid to allow for gas exchange while minimizing 

water loss. Microcosms were supplemented with water as needed to maintain treatment 

soil moisture levels. With two field precipitation treatments (exclusion and control), three 

laboratory soil moisture treatments, and 6 replicates per factorial combination, there were 

36 microcosms in total. The microcosms were incubated in a temperature-controlled 

laboratory (~26°C) for four weeks. The experimental duration was calibrated according 

to data from previous microcosm experiments at the site: in general, respiration rates 

started to decline after 1 month as substrate availability was depleted. I measured 

respiration rates in the microcosms weekly after sealing the microcosms with  butyl 

rubber septa (Bellco Glass Inc., Vineland, NJ) for 24 hours. Microbial biomass was 

measured twice (weeks 2 and 4) and fungal abundance was measured at the conclusion of 

the incubation experiment (week 4). 
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Biogeochemical assays 

	  
I measured soil moisture and ‘labile’ P concentrations as indices of soil water and 

nutrient availability, respectively. I chose to focus on P specifically because there is 

evidence that P is a limiting nutrient in this forest (McGlynn et al. 2007, Wood et al. 

2005), and work in similar Neotropical moist forests has shown that microbial respiration 

rates are strongly constrained by P availability (Cleveland et al. 2002). Soil moisture was 

measured gravimetrically by drying soil samples in a 105°C oven until they achieved 

constant weight. Inorganic P was quantified by shaking the resin bags in 0.5M HCl for 1 

hour and filtering the extracts through Whatman #1 filter paper. Available PO4 in the 
	  

extracts was quantified colorimetrically using the malachite green microplate method 

(D’Angelo et al. 2001). 

I used respiration rates and soil enzyme activities as indices of microbial 

community function. To quantify microbial respiration rates, I used a gastight syringe to 

take a headspace sample from PVC cores or sealed glass microcosms. In the field, I 

created an airtight seal on the PVC cores with flat metal lids equipped with rubber septa 

and lined with vacuum grease (Dow Corning.) Air was sampled after 15 minutes. To 

account for temporal variability in respiration rates, each core was sampled twice over a 

24-hour period, and the resulting respiration values were averaged for the final analysis. 

Because the mesh cores were not airtight, it was not possible to sample these cores for 

respiration rates in the field. In the laboratory, microcosms were sealed for 24 hours 

before sampling the headspace. All gas samples were stored in 12 mL borosilicate vials 

until analysis on a SRI 8610C gas chromatograph (SRI Instruments, Santa Monica, CA). 

Cumulative respiration over the course of the microcosm experiment was calculated 
	  
	  
using the formula where n is the duration (days) of the microcosm experiment, 

	  

R  is the mean respiration rate (µmol CO  g-1
 

	  

h-1 
	  

) between two successive respiration 
	  

measurements, and Ti  is the time (hours) between the two respiration measurements (Liu 
et al. 2009). I also calculated mass-specific respiration (an index of microbial carbon use 

efficiency) by dividing respiration rate (µmol CO  g-1
 h-1 by microbial biomass (µg C g-1 ) 
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at each timepoint. Enzyme assays were performed on 5 g soil samples using the protocol 

outlined in Chapter 1. Briefly, I quantified the activites of acid phosphatase (AP), beta- 

glucosidase (BG) and glycine aminopeptidase (GAP) by incubating litter with p- 

nitrophenol labeled substrates for 1-2 h and measuring concentration of released p- 

nitrophenol on a spectrophotometer at 410 nm. 

I measured both total microbial biomass and fungal hyphal abundance as indices 

of microbial abundance. I quantified fungal hyphal lengths by mixing 5 g of fresh soil 

with 500 ml of 5% sodium hexametaphosphate, filtering 15-ml aliquots through two 

replicate 0.45-µm nitrocellulose filters, and staining with acid fuchsin (Brundrett et al. 

1994). Hyphal abundance was quantified using the magnified grid-intersection method of 

McGonigle et al. (1990) at 160x with 100 fields of view per sample. I measured 

microbial biomass using the chloroform fumigation and direct extraction (CFDE) method 

(Brookes et al. 1985). I extracted organic C from 5 g unfumigated and chloroform- 

fumigated soils with 25 mL of 0.5M K2SO4. These extracts were frozen until analysis on 

an Apollo 9000 TOC Analyzer (Teledyne Tekmar, Mason, OH). 
	  
	  
Quantification of microbial community structure via 454 pyrosequencing 

	  
DNA was extracted from archived subsamples of each core using a MoBio 

PowerSoil extraction kit (MOBIO Laboratories, Carlsbad, CA). DNA extracts from each 

plot were quantified on a nanodrop spectrophotometer and combined within each 

individual combination of block, precipitation treatment, and core treatment, for a total of 

24 pooled DNA samples. These samples were then amplified in triplicate with Invitrogen 

PCR Supermix (Invitrogen, Carlsbad, CA) and the primer pairs 27F/338R and 

EF4/fung5, which amplify variable regions of the bacterial and fungal small subunit 

rDNA, respectively. PCR parameters followed Nemergut et al. (2010) for bacterial 

primers and Smit et al. (1999) for fungal primers. Amplicons were purified with a 

MoBio UltraClean PCR Clean-Up kit. To allow for multiplexing, each unique sample 

was ligated to a different RapidLibrary Multiplex Identifier (MID barcode; Roche, Basel, 

Switzerland) using the NEBNext 454 Rapid Library Kit (New England Biolabs, Ipswitch, 
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MA). The barcoded amplicons were then purified of fragments <300 bp using Agencourt 

AmPure XP magnetic beads (Beckman Coulter, Brea, CA). The concentration of DNA in 

each sample was quantified using Qubit fluorometric assays (Life Technologies, Grand 

Island, NY), and bacterial and fungal amplicons were subsequently pooled in equimolar 

concentrations. Finally, amplicons were sequenced on a Roche 454 FLX sequencer with 

titanium chemistry at the University of Texas at Austin Genome Sequencing and 

Analysis Facility. 

The resulting sequence data were analyzed using the QIIME pipeline (Caporaso et 

al. 2010). The data were quality filtered to exclude any sequences with quality scores 

below 25, sequences with fewer than 150 bp, or sequences with an anomalous barcode 

(either mismatches or incorrect length.) All singletons unique to the entire dataset were 

removed, as these are likely to represent sequence errors (Kunin et al. 2010), and 

chimeras were removed with USEARCH 6.1 (Edgar 2010). OTUs were defined at 97% 

sequence similarity using the UCLUST algorithm (Edgar 2010).  Representative 

sequences from each OTU were searched against the RDP (Wang et al. 2007) and SILVA 

(Quast et al. 2013) databases to identify any non-bacterial or non-fungal data, which were 

eliminated from the dataset. All samples were rarefied to 1000 sequences before analysis 

in order to avoid bias in sampling effort among samples. 
	  

	  
Statistics 

	  
To detect effects of block, precipitation treatment, core type, and their interaction 

on microbial abundance and community function in the field, I conducted 3-way 

ANOVAs with ‘block’ as a random factor. Data from the three ‘closed’ or ‘open’ cores 

within each plot were averaged and treated as analytical replicates. F-tests were 

conducted according to Sokal and Rohlf (2012). I also used planned comparison tests to 

evaluate the main effects of the precipitation treatment on fungal abundance, microbial 

biomass, enzyme activities, and respiration rates while controlling for all other factors. 

To identify potential covariates of the precipitation treatment effect size in each block, I 

calculated  the  block-specific  effect  size  as  the  natural  log  of  the  mean  response  in 
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exclusion treatment divided by the mean response in the control treatment. This index is 

therefore positive if precipitation exclusion increased respiration or microbial biomass, 

and negative if these response variables decreased in response to drought. I then 

regressed the effect-size index against soil moisture in each control plot (as a metric of 

‘native’ water availability at the block level) and the percentage precipitation reduction 

within each block. 

To examine the effects of the precipitation exclusion treatment on bacterial and 

fungal community composition, I conducted two-way PERMANOVAs with precipitation 

treatment and block as the main factors. In order to visualize the effects of precipitation 

treatment and block on OTU turnover across treatments, I used non-metric 

multidimensional scaling (NMDS) based on Bray-Curtis dissimilarity matrices. Next, I 

conducted Spearman rank correlation analysis on fungal abundance, total biomass, 

respiration rates, enzyme activities, and the NMDS coordinates for bacterial and fungal 

communities. This analysis enabled me to detect patterns of covariation among microbial 

abundance, community function, and community composition. 

I used two-way repeated-measures ANOVAs to examine the effects of field 

precipitation treatment, laboratory soil moisture treatment, and their interaction on 

respiration rate, mass-specific respiration rate, and microbial biomass in the microcosm 

experiment. I also conducted two-way ANOVAs on fungal abundance, cumulative 

respiration, and mean mass-specific respiration rate. I assessed differences among 

precipitation treatments and soil moisture treatments using Tukey’s post-hoc tests for 

multiple comparisons. 

	  
RESULTS 

	  
	  
Precipitation manipulation experiment 

	  
The precipitation exclusion treatment successfully reduced soil water content, 

decreasing gravimetric soil moisture by an average of 15% in exclusion plots relative to 

controls. However, there was substantial heterogeneity in background soil moisture levels 

throughout the study site; across all blocks and precipitation treatments, soil moisture 
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ranged from 52 – 123%. In contrast, inorganic P concentrations did not vary across 

blocks and were unaffected by precipitation or core treatments. Consistent with the high 

degree of spatial heterogeneity in soil moisture content, the effect of the precipitation 

exclusion on microbial abundance and community function varied across blocks (Figure 

11, Table 4). For respiration rates, the effect size of the exclusion treatment was related to 

‘native’ soil moisture, with larger reductions in respiration rate in wetter blocks (R2 = 

0.595, P = 0.045). Changes in microbial abundance or enzyme activities were not related 

to water availability or the magnitude of soil moisture reduction across blocks. In planned 

comparision tests, fungal abundance was significantly reduced by precipitation exclusion, 

but total microbial biomass, respiration rates, and enzyme activites were unaffected 

(Figure 11). Closed vs. open core treatments had no impact on bacterial or fungal 

abundance, although enzyme activities were elevated in open cores (Table 4). 

A substantial proportion of the variance in fungal and bacterial community 

composition was explained by block effects (Figure 12, Table 5). However, the 

interaction between precipitation exclusion treatment and block also affected fungal 

community composition (Table 5). Closed vs. open core treatment had no impact on 

bacterial or fungal community structure (data not shown.) Some bacterial and fungal taxa 

were sensitive to absolute water availability: gravimetric soil moisture correlated with 

bacterial NMDS axis 1 and fungal NMDS axis 2 (Table 6). However, soil moisture 

exhibited no relationship with microbial abundance, respiration rates, or enzyme 

activities. Enzyme activities were strongly correlated with both bacterial and fungal 

community composition (Table 6). 

	  
Laboratory incubation experiment 

	  
In the laboratory, microbial biomass and fungal abundance decreased under 

progressively drier soil moisture regimes, but respiration rates exhibited more complex 

responses. Microbial biomass (Table 7) and fungal abundance (Table 8) were 50-70% 

lower in the driest moisture treatments (Figure 13), regardless of precipitation history in 

the  field.  Microbial  biomass  tended  to  increase  over  the  course  of  the  incubation 
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experiment, especially in the medium soil moisture treatment, although the rank order of 

treatments did not change over time. Overall, soils from the precipitation exclusion 

treatment exhibited higher respiration rates than soils from the control treatment (Table 7, 

Table 8), especially at very low soil moistures. Although respiration rates decreased 30% 

under the lowest soil moisture in ‘control’ soils, there was no change in respiration rates 

in soils from exclusion plots. (Table 7, Figure 13). While respiration rates decreased over 

time in the high and medium moisture treatments, respiration tended to increase with time 

in the driest soil moisture treatment. 

Mass specific respiration (i.e., respiration per unit microbial biomass) was always 

20-25% higher in soils from the precipitation exclusion treatment, regardless of current 

soil moisture conditions. In all soils, mass specific respiration varied inversely with soil 

moisture (Table 8, Figure 14), indicating lower microbial carbon use efficiency under 

drier conditions. 
	  

	  
DISCUSSION 

	  
Prior exposure to drought altered microbial physiology and community structure, 

changing aggregate community function along a wide range of soil moisture conditions. 

Therefore, although soil moisture was not correlated with soil CO2 fluxes in the field, a 

six-month reduction in precipitation caused respiration rates to increase at low soil water 

potentials. In contrast to our original hypotheses, these elevated respiration rates were not 

driven by increases in microbial growth; fungal abundance and microbial biomass both 

decreased as soils became drier. Rather, the observed trends in mass-specific respiration 

may indicate reductions in microbial growth efficiency as soil water availability 

decreases. In effect, these shifts in growth efficiency decoupled responses of biomass 

stocks and C fluxes to water availability. 

These changes in aggregate function constitute a legacy effect, in which 

environmental conditions alter ecosystem process rates indirectly by affecting community 

processes (Rousk et al. 2013). Such microbial legacies of precipitation regime have been 

observed in both arid (Evans and Wallenstein 2011) and very wet ecosystems (Bouskill et 
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al. 2013). Yet in other studies, long-term manipulation of precipitation inputs has no 

lasting impact on microbial community structure or function (Rousk et al. 2013). The 

frequency of drought or rainfall events are linked to the magnitude of soil feedbacks on 

plant growth (Meisner et al. 2013), suggesting that variability across experiments may be 

explained by the type of precipitation treatment employed. Alternatively, the functional 

diversity of taxa within soil communities may dictate the potential for microbial legacies 

to develop: if species are largely functionally redundant, drought-induced changes in 

community structure will not alter ecosystem process rates (Allison and Martiny 2008). 

In this study, reductions in soil moisture were fairly mild, yet microbial community 

structure and function were still sensitive to precipitation exclusion. The observed 

differences in the functional profiles of drought-exposed and control soils may be driven 

by precipitation-induced shifts in microbial physiology, community structure, or both. 

	  
Community mechanisms of drought acclimatization 

	  
Changes in the identity or relative abundance of microbial taxa in response to 

water availability may have driven the observed shifts in aggregate community function. 

In this study, shifts in community structure in response to precipitation exclusion were 

small, but could have selected for taxa that quickly increase in relative abundance or 

activity under drought conditions. Community composition can shift rapidly in response 

to changing soil water potentials (Placella et al. 2012), reflecting different ecological 

strategies of stress tolerance. Some species withstand osmotic shock and grow rapidly 

following moisture fluctuations, whereas other taxa avoid osmotic stress by forming 

endospores (Lennon et al, 2012, Placella et al. 2012). In another wet tropical forest, in 

situ exposure to drought increased the relative abundance of bacterial taxa capable of 

growing at low osmotic potentials (Bouskill et al. 2013). This suggests that drought- 

tolerant taxa can persist in moist soils, but do not dominate the community until soil 

moisture decreases. 

Fungal communities appeared to be more responsive to changes in soil moisture 

than bacterial communities, which could contribute to observed shifts in function. Greater 
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drought sensitivity of fungi vs. bacteria may be explained by their distribution among soil 

microhabitats. Fungal hyphae grow on the exterior of soil aggregates where soil moisture 

content is variable, while bacteria tend to inhabit the interior of aggregates, where they 

are protected from such fluctuations (Strickland and Rousk 2010). Bacterial and fungal 

community structures are seldom quantified simultaneously at the same site. However, 

the data available suggest that bacterial communities are more resistant to changes in soil 

moisture than fungal communities (Frey et al. 1999, Cruz-Martinez et al. 2009, Hawkes 

et al. 2011). Fungal taxa vary widely in their ability to tolerate low osmotic potentials 

(e.g. Manzoni et al. 2012), and increases in the abundance of drought-tolerant taxa can 

alter rates of soil organic matter decomposition (Hawkes et al. 2011, Yuste et al. 2011). 

Furthermore, because changes in the fungal:bacterial ratio alter soil C and nutrient 

cycling (Waring et al. 2013), drought-induced shifts in fungal vs. bacterial dominance 

may impact ecosystem carbon storage. 

Community shifts in response to altered precipitation regime may also have 

indirect effects on soil C cycling. In the current study, a suite of bacterial and fungal taxa 

were found to decline in relative abundance with decreasing soil moisture; these same 

assemblages were positively associated with acid phosphatase and beta-glucosidase 

activities. Therefore, drought conditions may affect soil C and P cycling by negatively 

impacting enzyme-producing taxa. Soil enzyme activities themselves were not correlated 

with gravimetric soil moisture, however, implying that other edaphic factors may also 

control enzyme abundance. For example, in this experiment, enzyme activities were 

much higher in the presence of roots, suggesting that C derived from root exudates may 

subsidize enzyme production (Averill and Finzi 2011). However, if reductions in soil 

moisture are persistent, shifts in microbial enzyme allocation may impact the magnitude 

or stoichiometry of soil enzyme activities. Such indirect, enzyme-mediated impacts of 

climate change on soil C cycling are widespread across diverse ecosystems. For example, 

Waldrop and Firestone (2004) demonstrated that rising temperatures altered the ratios of 

hydrolytic and oxidative enzyme activities, which in turn enhanced decomposition of 

older  soil  carbon  pools.  The  phylogenetic  and  ecological  constraints  on  enzyme 
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production within and across microbial taxa (e.g. Zimmerman et al. 2013) may therefore 

play an important role in driving ecosystem responses to changes in temperature and 

rainfall regimes. 
	  

	  
Physiological and evolutionary mechanisms of drought acclimatization 

	  
Osmotic stress imposed by drought may trigger physiological shifts within extant 

microbial taxa that affect soil C cycling independently of compositional shifts. The 

observed increases in mass-specific respiration in response to drying may constitute a 

physiological rather than compositional mechanism of drought tolerance, given that 

communities from control and exclusion plots both exhibited similar respiratory patterns 

along a gradient of soil moisture. These putative reductions in growth efficiency under 

dry conditions may be evidence of a microbial stress-tolerance response. Such a response 

could occur through metabolic adjustments within extant microbial taxa, or via 

microevolutionary shifts within microbial populations. Transcriptional trade-offs among 

genes promoting stress tolerance and growth in Escherichia coli (reviewed in Gudelj et 

al. 2010) suggest fundamental limits on the ability of individual microorganisms to use 

resources under stressful conditions. This is because diversion of intracellular resources 

to production of osmolytes or stress-tolerance proteins may come at the cost of microbial 

growth (e.g., Schimel et al. 2007). The observed responses may also be related to 

evolutionary trade-offs in which increased fitness in one environment (e.g., dry 

conditions) incurs a cost in another (Bennett and Lenski 2007). However, the complex 

genetic architecture underlying microbial adaptation to novel abiotic environments may 

preclude the existence of such simple trade-offs (Velicer and Lenski 1999), especially in 

diverse communities of coexisting organisms. 

Shifts in mass-specific respiration may also reflect microbial nutrient limitation in 

dry soils, where substrate diffusion is restricted (Davidson et al. 2006). Growth efficiency 

declines with nutrient availability as anabolic and catabolic reactions are decoupled 

within microbial cells (Russell and Cook 1995, Manzoni et al. 2012, Sinsabaugh et al. 

2013). Decreased solute diffusion at low soil moisture may increase the severity of N or P 
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limitation, resulting in increased mass-specific respiration. These apparent decreases in C 

use efficiency may actually constitute an adaptive response to soil drying if they reflect 

increases in nutrient use efficiency under dry conditions, where synthesis of N-rich 

osmolytes is advantageous (Tiemann and Billings 2011). The intensity of drought 

determines whether microbes’ primary physiological challenge is osmotic stress tolerance 

or limitations on solute diffusion (Manzoni et al. 2012). Therefore, the nature of 

physiological response mechanisms may shift abruptly along soil moisture gradients as 

microbes alter their metabolism to tolerate abiotic stress, at the expense of resource 

acquisition. 

Functional shifts may also be driven by physicochemical changes that take place 

in soils during drying events, rather than by changes in microbial physiology. For 

example, as soil moisture decreases, the concentration of dissolved organic solutes in the 

soil pore space increases, which can elevate soil respiration rates both in the field and the 

lab (Cleveland et al. 2010). Such changes in solute concentration may be partially 

responsible for the changes in mass-specific respiration observed at La Selva. However, 

this mechanism cannot explain higher respiration rates in drought-exposed vs. control 

soils at the same moisture content: K2SO4-extractable C concentrations tended to be 

slightly higher in soils from control plots (data not shown), especially under the driest 
	  

laboratory moisture treatment where respiration rates were low. Therefore, physiological 

or compositional adjustments within microbial communities must also contribute to the 

observed changes in mass-specific respiration rates. 
	  

	  
Ecosystem consequences of microbial drought acclimatization 

	  
If the changes in microbial growth efficiency we observed are persistent over 

space and time, shifts in rainfall regime may dramatically alter soil C storage in wet 

tropical forests. A simple back-of the envelope calculation using site-specific soil bulk 

densities (McDade 1994) and microbial data from the laboratory incubation demonstrates 

the potential for the observed shifts in growth efficiency to alter soil C cycling. Under 

typical   wet-season   conditions   (analogous   to   the   ‘high’   laboratory   soil   moisture 
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treatment), annual CO2  emissions would increase 27% from 437 to 554 g C m year-1  in 
	  

native vs. drought-acclimatized soils. Under very dry conditions (i.e., the ‘low’ laboratory 

soil moisture treatment), respiration rates would be 34% higher in drought-acclimatized 

soils, increasing from 406 to 546 g C m2 year-1. Thus, the compositional and/or 

physiological shifts induced by drought not only affect the size of soil CO2 fluxes, but 

also the magnitude of response to decreased soil moisture. Of course, these simplistic 

calculations do not take into account potential climate feedbacks on root respiration, soil 

nutrient availability, or soil temperature regimes. For instance, rising temperatures also 

reduce microbial growth efficiency (Frey et al. 2013), especially on recalcitrant substrates 

(Tucker et al. 2013). Furthermore, shifts in rainfall, temperature, and nutrient availability 

may have complex interactive effects on microbial communities and process rates (Horz 

et al. 2004). However, because the magnitude of C fluxes in tropical ecosystems is so 

large (Jobbagy and Jackson 2000, Schlesinger and Andrews 2000), even small changes in 

microbial biomass stocks or respiration rates are likely to drive feedbacks on global 

climate change. 

The spatial heterogeneity of microbial responses to precipitation exclusion 

emphasizes the importance of small-scale variation in soil physicochemical properties 

across the landscape. Microbial biomass, fungal abundance, and respiration rates varied 

much more among blocks than between precipitation treatments. Thus, under mild 

drought conditions, water availability was not the primary driver of C cycling rates; 

rather, the influence of nutrient availability (Cleveland et al. 2003), redox conditions 

(Pett-Ridge et al. 2006), or food web complexity (Milton and Kaspari 2007) may have 

predominated. However, these factors may affect responses to drought by influencing the 

relative availability of oxygen and organic substrate. Responses to precipitation 

exclusion were stronger in wetter blocks, indicating that subtle variation in soil moisture 

regime across the landscape may shape compositional and functional responses to drying. 

Given the variation in functional responses to precipitation exclusion within a single 

forest, ecosystem-scale responses to mild drought may be difficult to predict. Yet under 

more  extreme  drought  conditions,  water  availability  is  the  dominant  control  on 



53 	  

	  
belowground C cycling in rainforest ecosystems (Sotta et al. 2007, Phillips et al. 2009). 

In this case, the drought-induced shifts in mass-specific respiration we observed may 

dictate soil CO2 flux rates. 

Although precipitation history affected microbial responses to soil moisture in 
	  

short-term laboratory incubations, communities may recover, both compositionally and 

functionally, over longer timescales. The degree of functional resilience to altered rainfall 

is likely to depend on the ecological mechanisms underlying acclimatization. If 

acclimatization to drought occurs largely through physiological shifts within extant taxa, 

plasticity of stress-tolerant traits will likely determine the resilience of soil function. In 

contrast, if compositional changes are mainly responsible for acclimatization, microbial 

community diversity may limit the ability of soils to recover from drought. More diverse 

bacterial communities promote functional resilience to stress, although ‘narrow’ 

processes such as phenol degradation are more sensitive to diversity than ‘broad’ 

processes such as respiration (Girvan et al. 2005, Schimel et al. 2005). In this wet tropical 

forests, precipitation exclusion induced large functional shifts despite relatively minor 

changes in community composition. Therefore, it appears that microbial physiological 

plasticity may drive ecosystem responses to reductions in rainfall – at least in the short 

term. The potential for sustained, drought-induced shifts in microbial community 

function observed here suggest current ecosystem models may be insufficient to capture 

microbial feedbacks to climate change. Identifying the factors that control persistence of 

these functional legacies over time is crucial to predict changes in soil C storage in wet 

tropical forests. 
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Chapter 3 

	  
	  
INTRODUCTION 

	  
Microbial community composition is influenced by processes occurring on local 

and regional scales. Current environmental conditions, meta-community dynamics, and 

historical legacies all contribute to microbial community assembly, although the relative 

importance of these processes is unclear (Martiny et al. 2006, Lindstrom et al. 2011). At 

the local scale, communities are structured by the opposing forces of species competition, 

which promotes niche differentiation, and habitat filtering, which selects for species with 

similar environmental tolerances (Cornwell et al. 2006). Local environmental conditions 

such as temperature, pH, and nutrient availability strongly shape microbial community 

structure (Lauber et al. 2008, Fierer et al. 2009), highlighting the importance of species 

sorting along abiotic gradients. At the regional scale, however, meta-community 

dynamics may become the dominant control on species identity and relative abundance 

(Leibold et al. 2004). Dispersal rates can shape patterns of alpha and beta-diversity over 

space and time (Cadotte 2006), since high dispersal rates between source and sink 

populations may counteract the local process of habitat filtering (Leibold et al. 2004). 

Generally, local processes are thought to be the strongest influence on microbial 

community composition. Aquatic bacterial communities are structured by site-specific 

environmental factors at spatial scales ranging from 1-100 km (van der Gucht et al. 2007) 

and soil bacterial community composition tends to be more sensitive to local edaphic 

conditions than geographic distance (Fierer and Jackson 2006). These patterns are 

consistent with high sensitivity of population growth rates to abiotic environmental 

factors (van der Gucht et al. 2007). Yet regional processes such as dispersal would also 

be expected to play a large role in microbial community structure given the assumption 

that microbial dispersal rates are extremely high (Finlay 2002). However, most taxa are 

not ubiquitous (e.g., Cho and Tiedje 2000, Kivlin et al. 2011, Martiny et al. 2006), 

consistent with strong empirical evidence for some degree of dispersal limitation in both 
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fungal (Lekberg et al. 2007, Peay et al. 2010) and bacterial (Lindstrom et al. 2011) 

communities. 

Even in cases of unlimited dispersal, immigrant taxa may not be able to establish 

due to biotic interactions with resident communities (Urban and de Meester 2009). Such 

priority effects would enable local biotic and environmental factors to shape microbial 

community composition even under high propagule pressure from surrounding sites. The 

ability of immigrant microbial taxa to establish in soil may be restricted by microhabitat 

heterogeneity and high species diversity. When soils have been incubated in novel 

habitats via reciprocal transplants of intact soil cores, bacterial and fungal community 

composition were largely resistant to dispersal from the surrounding environment (Balser 

and Firestone 2005, Bottomley et al. 2006, Waldrop et al. 2006, Lazzaro et al. 2011). 

However, the moderate shifts in community structure that were observed tended to vary 

in magnitude depending upon starting community structure (Bottomley et al. 2006, 

Waldrop et al. 2006, Lazzaro et al. 2011), suggesting that specific edaphic or biotic 

properties can favor establishment of novel taxa. For example, bacterial communities that 

have assembled under fluctuating environmental conditions appeared to be more resistant 

to effects of transplantation than communities from stable environments (Waldrop et al. 

2006). 

Because soil microbes mediate the global carbon (C) cycle via their roles in soil 

respiration and the decomposition of organic matter, climate-induced changes in the 

relative abundance or identity of taxa within a local community may be an important 

feedback on climate change. Rates of soil C cycling can be affected by shifts in 

community structure when composition is linked to aspects of the microbial community 

that affect function, such as total microbial biomass, biomass stoichiometry, metabolic 

rates, growth efficiency, or the production of extracellular enzymes that degrade organic 

matter (Allison et al. 2010, Hawkes et al. 2011, Sinsabaugh et al. 2013, Waring et al. 

2013). However, because many microbial taxa appear to be functionally redundant, 

compositional changes do not always impact C cycling or other ecosystem processes 

(Allison and Martiny 2008). If microbial response traits that mediate compositional shifts 
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are related to effect traits (Lavorel and Garnier 2002), changes in community structure 

will alter ecosystem process rates in a predictable way. Therefore, constraints on 

microbial dispersal or establishment could potentially limit the extent of functional 

responses to shifts in temperature or precipitation regimes. 

To understand constraints on microbial acclimatization to novel precipitation 

regimes, I addressed the relative impact of local environmental factors (historical and 

current) and dispersal on soil bacterial community composition and function. I conducted 

a reciprocal transplant along a natural precipitation gradient to expose soils to a change in 

both environmental conditions and the pool of immigrant taxa. After 18 months in the 

field, I examined microbial community composition and functional responses to 

manipulation of soil moisture in the laboratory. In most previous soil reciprocal 

transplant experiments, contrasts were made between habitat types (e.g., forest and 

grassland), such that soils were simultaneously exposed to new plant communities, 

temperature, precipitation, and soil texture. These comparisons clearly illustrate potential 

links among environmental variation, community composition, and function. However, 

such experiments preclude examination of the mechanisms underlying microbial 

community responses to individual abiotic factors. In contrast, the Edwards Plateau 

precipitation gradient in Central Texas is an ideal natural laboratory for testing impacts of 

shifts in a single environmental factor on microbial community composition and function. 

Based on prior work along the gradient, soil bacterial community composition is 

structured by historical precipitation regime, with soils from wetter portions of the 

gradient exhibiting higher rates of respiration than those from drier regions, regardless of 

differences in soil C content or temperature (Waring et al. in prep). 

I anticipated that microbial community structure and function would respond to 

treatments in a manner consistent with one of three alternative hypotheses. In the first 

scenario (Figure 15a), high dispersal rates and low biotic resistance to immigrant taxa 

would allow for rapid shifts in microbial community composition. Aggregate community 

function would track these compositional shifts, allowing for functional acclimatization 

to  novel  precipitation  regime.  Alternatively,  lower  dispersal  rates  or  higher  biotic 
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resistance might limit the ability of immigrant taxa to arrive or establish in a novel 

environment (Figure 15b). In this case, the degree of functional acclimatization would be 

dictated by constraints on dispersal or the outcomes of biotic interactions, allowing for 

partial shifts in community composition. In the final scenario (Figure 15c), the 

combination of low dispersal rates and high biotic resistance would completely preclude 

the establishment of new community members. Here, rates of function would be 

determined by soil origin rather than the contemporary environment. The null hypothesis 

was that community structure and function are decoupled, such that shifts in community 

structure would not be linked to changes in ecosystem process rates. 

	  
METHODS 

	  
	  
Site description 

	  
Along the Edwards Plateau, mean annual precipitation (MAP) decreases steeply 

from east to west while soil parent material remains relatively invariant. Annual rainfall 

across the gradient ranges from 80-90 cm in the east to 40-55 cm in the west. Soils are 

shallow, rocky, calcareous Mollisols. In addition, similar grassland-savanna plant 

communities are found across the gradient that consist of a mixture of C4 grasses, C3 

grasses, C3 forbs, shrubs, and small trees. For this experiment, I sampled three 

representative sites (Table 9) in both the easternmost precipitation region (longitude > - 

98.5, MAP > 80cm) and the westernmost region of the plateau (longitude < -100, MAP < 

60cm). I also chose an additional eastern and western site in which to establish each 

common garden (see ‘Experimental design’ below). All study sites were selected to 

minimize differences in topography (<2% slope, 600-900 m elevation) and plant 

community composition (native savanna with <50% shrub cover). At each site, I 

identified a 25 x 25 m area that met the sampling criteria and collected approximately 5 

kg of soil by sampling a minimum of ten separate points to a depth of 5-10 cm. 
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Reciprocal transplant experimental design 

	  
A reciprocal transplant experiment was established along the Edwards Plateau 

precipitation gradient to examine microbial acclimatization to new rainfall regimes, as 

well as to passive and enhanced dispersal from the surrounding region. The experiment 

consisted of two common garden plots constructed within native grassland sites of 

uniform topography and elevation. One garden was located at a wet eastern site (MAP: 

89cm) and the other was established at a drier site 300 km to the west (MAP: 69cm). 

Soils from the three selected eastern sites and three western sites were incubated at each 

common garden in PVC cores, creating a full factorial combination of home and 

transplant treatments. As a control treatment, six cores containing soils sampled on-site 

were also incubated in each garden. 

To construct the cores, soils were sampled in July 2011 and transported to each 

common garden site within a week of collection. The soils were sieved to 2 mm to 

remove large rocks and plant material and packed into acid-washed, 15 cm deep, 5 cm 

diameter PVC cores with 38 µm mesh bottoms to allow for drainage. Each core contained 

150 g of soil at approximately native bulk density (0.95 g cm3). The cores were buried in 

a 6 x 3 m grid at 50 cm intervals, arranged in random order with respect to treatment. 

Half the cores at each garden received an enhanced dispersal treatment at 

establishment in June 2011, and again in November 2011, April 2012, and October 2012. 

For this treatment, soils were freshly collected from the three sites in the surrounding 

precipitation region and the common garden site itself, thoroughly mixed in sterile water, 

and filtered through 38 µm mesh to remove solid particles. After respiration 

measurements (see below), 500 µL of the resulting microbial slurry was applied to each 

core in the enhanced dispersal treatment, and corresponding volume of sterile water was 

applied to the remaining experimental units. Thus, cores receiving the active dispersal 

treatment in the eastern common garden were inoculated with ‘eastern’ microbial 

assemblages, and cores in the western common garden were inoculated with ‘western’ 

assemblages (Figure 16). 
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Each factorial combination of common garden, soil origin, and dispersal 

treatments contained six experimental replicates, yielding a total of 72 cores at each 

common garden site in addition to the six control cores (n = 78 per garden, 156 for the 

entire experiment). I measured in situ respiration rates immediately before applying the 

enhanced dispersal treatments at each of the four sampling dates. Cores were sealed with 

metal lids and vacuum grease for exactly 30 min. After this incubation, headspace was 

sampled using a gastight syringe from a butyl rubber septa installed in the metal lid 

(Bellco, Vineland, NJ). Air samples were stored in 12-ml glass Wheaton vials (Millville, 

NJ) until analysis. The CO2 content of air samples was quantified using a SRI 8610C gas 

chromatograph with a flame ionization detector (SRI Instruments, Santa Monica, CA). 
	  

The reciprocal transplant experiment was harvested in December 2012, 18 months 

after establishment. Cores were removed from the ground intact and transported to the 

laboratory on ice. In the laboratory, soils from each core were sieved and homogenized 

(sterilizing the sieve between samples). Each core were then divided into three portions: 

one aliquot was stored at 4°C for 48 hours before microbial biomass extraction and soil 

moisture determination, one aliquot was stored at -80°C for DNA extraction, and one 

aliquot was set aside at room temperature for the incubation experiment. Microbial 

biomass was quantified via chloroform fumigation and direct extraction with 0.5 M 

K2SO4   (Brookes et al. 1985, Scott-Denton et al. 2006). Unfumigated and fumigated 

extracts were analyzed on an Apollo 9000 TOC (Teledyne Tekmar, Mason OH). Soil 
	  

moisture was determined gravimetrically in 10 g soil subsamples after 120 h in a 60°C 

oven. 

	  
Laboratory microcosm experiment 

	  
To examine microbial responses to water availability under controlled conditions, 

soil subsamples from the field cores were randomly assigned to dry vs. wet soil moisture 

treatments, and soil respiration was monitored in the laboratory for 8 weeks. Specifically, 

~15 g of air-dried soil (dry weight) from each of the 156 cores was sub-sampled after the 

field  harvest  and  added  to  individual  airtight  glass  microcosms  (70-ml  vials)  and 
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maintained in a 24 °C incubator. Three of the cores in each factorial treatment 

combination were randomly chosen for the dry (10%) gravimetric soil moisture 

treatment, and the remaining three cores for the wet (25%) gravimetric soil moisture 

treatment. After initial adjustment of soil water content, vials were sealed with Parafilm 

and allowed to equilibrate for 1 week. Thereafter, respiration rates were measured every 

other week for 2 months. At each sampling time point, microcosms were sealed with 

septa-equipped caps for 30 minutes so that headspace could be sampled with a gastight 

syringe. Gas samples were stored in airtight Wheaton vials until the CO2  content was 

measured on a gas chromatograph as described above. Microcosms lost about 20% of 
	  

their soil water content each week, and were therefore supplemented with water (by 

weight) to ensure soil moisture treatments were maintained within ±0.01 % of designated 

treatment values. After 8 weeks, microcosms were destructively harvested for the 

determination of microbial biomass as described above. 
	  

	  
Analysis of microbial community composition 

	  
Bacterial community composition in each experimental core was determined via 

next-generation sequencing on the Roche 454 platform. DNA was extracted from soils 

using MoBio PowerSoil extraction kits (MOBIO Laboratories, Carlsbad, CA), and DNA 

concentration in the resulting extracts was quantified with a nanodrop spectrophotometer. 

The 156 DNA extracts were amplified in duplicate using barcoded primers Bact-0341 

(CCTACGGGNGGCWGCAG)       and       Bact-0785       (nnn-GACTACHVGGGTAT 

CTAATCC, Klindworth et al. 2013), where nnn was the 11-bp Rapid Library barcode 

sequence. These primers amplify a 464-bp fragment spanning highly variable regions 3 

and 4 in the prokaryotic small subunit ribosomal gene. PCR reactions were conducted 

with 500 µM of each primer, 200 µM dNTPs, and 2 U Taq polymerase in 2.5 mM MgCl2 

buffer; PCR conditions followed Klindworth et al. (2013). The amplicons were cleaned 

using the MoBio UltraClean PCR Clean-Up kit and quantified via Qubit dsDNA High 

Sensitivity assays (Life Technologies, Grand Island, NY) before pooling in equimolar 

mixtures. The pooled libraries were purified of fragments < 300 bp using Agencourt 
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AmPure XP magnetic beads (Beckman Coulter, Brea, CA) at a ratio of 1:1.6 and again at 

a ratio of 1:1 before submission to the University of Texas Genome Sequencing and 

Analysis Facility. The samples were sequenced on a Roche 454 FLX sequencer with 

titanium chemistry. 

The resulting sequences were analyzed using the QIIME pipeline (Caporaso et al. 

2010). First, the data were quality filtered to remove sequences with quality scores below 

25, with fewer than 150 bases, or with an anomalous barcode (any barcode that differed 

from the specified length by 1 bp or contained a mismatch). All singletons (unique to the 

entire dataset) were removed, and chimeras were removed with USEARCH 6.1 (Edgar 

2010). Operational taxonomic units (OTUs) were defined at 97% sequence similarity 

using the uclust algorithm (Edgar 2010). Next, representative sequences from each OTU 

were searched against the RDP (Wang et al. 2007) database to identify any non-bacterial 

taxa, which were eliminated from the dataset. All samples were rarefied to 1000 

sequences before analysis in order to avoid bias in sampling effort among samples. 
	  

	  
Statistics 

	  
I used repeated measures ANOVAs to quantify how respiration and microbial 

biomass were affected by common garden location (eastern vs. western), region of origin 

(eastern vs. western), specific site of origin, and dispersal treatment. Site of soil origin 

was treated as a random factor nested within precipitation region. Planned comparisons 

among soils native to the common garden site, ‘home’ soils from the same precipitation 

region, and ‘away’ soils from the opposite precipitation region were conducted to 

quantify any potential effects of removal from site of origin. 

To visualize differences in bacterial community composition among samples, 

non-metric multidimensional scaling was performed on Bray-Curtis dissimilarity 

matrices. Although statistics reported here are based on relative abundance data, effect 

sizes and P-values are nearly identical for presence-absence data. PERMANOVA tests (a 

statistical analogue of the traditional ANOVA) were used to quantify how community 

composition was affected by isocline of origin, site of origin, dispersal treatment, and 
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common garden location. To identify potential abiotic variables that structure microbial 

communities across the precipitation gradient, a partial regularized discriminant analysis 

(RDA) (Legendre and Legendre 1998, Liu 1997) was performed. The goal of this 

analysis was to partition the effects of space (latitude and longitude), and rainfall-related 

environmental variables (historical MAP at each site of origin, site-specific Palmer 

Drought Stress Index in the preceding 4 years and current year, and soil moisture in each 

core at time of harvest), and their interaction on community composition. Finally, 

correlations between mean NMS scores and soil respiration rates within each unique 

factorial treatment combination (n = 26) were assessed to investigate potential links 

between community structure and function. All statistical analyses were conducted in R 

version 2.9.0 (R Core Team 2013). 
	  

	  
RESULTS 

	  
	  
Reciprocal transplant experiment 

	  
The transplant treatment successfully exposed transplanted soils to new rainfall 

conditions. Over the 18-month field experiment, the W common garden received 78 cm 

of precipitation and the eastern common garden received 113 cm, although mean daily 

temperatures were similar between sites (Figure 17a). From June 2011, when the 

experiment was established, to February 2012, the Edwards Plateau was in the midst of 

an extreme drought (Long-term Palmer Drought Severity Index < -4.0; NOAA National 

Weather Service Climate Prediction Experiment). The drought lessened in severity over 

time and ended in early February 2012 (PDI ≈ 0), although the sites experienced another 

moderate drought from mid-June through August 2012 (PDI = -2.0), returning to normal 

in September 2012 (PDI = 0). Therefore, the first two field samplings (June and 

November 2011) and dispersal treatments took place under drought conditions, and the 

latter measurements (April and October 2012) were made under normal conditions. At 

the time of the field harvest, all soils had < 10% gravimetric soil moisture. 

Field respiration rates were largely driven by rainfall patterns across dates in each 

common garden (Table 10, Figure 17b). Respiration rates were lowest in western origin 



70 	  

	  
soils incubated in the west common garden and highest in eastern origin soils incubated 

in the east common garden, with respiration intermediate between these when soils were 

transplanted between regions (Table 10, Figure 18). Respiration rates also varied 

significantly by site of soil origin (Table 10), with 40% higher CO2  fluxes in the most 

active  soil  (Scott  Ecolab,  eastern  origin)  compared  to  the  least  active  soil  (Moring 
	  

Ecolab, western origin). In planned contrast tests, there were no systematic differences 

between respiration rates in control soils vs. soils not native to the site. However, in the 

western common garden, soils transplanted from the eastern precipitation region 

exhibited higher respiration rates than soils transplanted from other sites within the 

western precipitation region (t = 3.97, P < 0.001). Microbial biomass varied four-fold by 

site of origin, and was slightly higher in the western common garden (Table 11, Figure 

19). Respiration rates were not correlated with the size of the microbial biomass at the 

time of sampling (R2 = 0.015, P = 0.071). 
	  

	  
Laboratory incubation experiment 

	  
In the laboratory incubation experiment, respiration rates were 40% lower in the 

dry moisture treatment and about 35% lower in soils originating from drier sites, the 

same pattern observed in the field. However, decreases in respiration under low soil 

moisture were more pronounced in soils originating from wetter sites (Table 12, Figure 

20). Respiration rates were also 15% lower in the active dispersal treatment. There was 

no interaction of sampling time point with any treatment. Again, there were no 

differences in respiration rates among soils native to the common garden site vs. soils 

from the same precipitation region, indicating that variation in respiration rates was 

driven largely by site of soil origin and not by the effect of transplantation treatment 

itself. However, soils transplanted from sites within the drier precipitation region respired 

less than both soils from the eastern region (t = -2.61, P = 0.011) and control soils (t = - 

3.26, P = 0.002) in the eastern common garden. 

Microbial biomass also decreased in the dry moisture treatment by about 25%. 

However, in contrast to the observed patterns in respiration, microbial biomass varied 
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two-fold across sites of origin but was not consistently greater in soils originating from 

wetter vs. drier sites. Microbial biomass was 40% lower in soil that had been incubated in 

the western common garden (Table 13). Again, there was no relationship between 

microbial biomass and cumulative respiration or respiration rates at the final time point, 

when biomass C was quantified (R2=0.01, P = 0.159) 
	  

	  
Bacterial community composition 

	  
All soils were extremely diverse, with a mean of 734 OTUs per sample after 

rarefaction to 1000 sequences, and were dominated by Acidobacteria, Actinobacteria, and 

Proteobacteria. Alpha diversity did not vary among soil types, between common gardens, 

or according to dispersal treatment. Bacterial communities were highly resistant to the 

experimental treatments (Figure 21), with the largest proportion of explained variance in 

microbial community composition attributable to soil origin (R2 = 0.144, Table 14). Only 

very small shifts in bacteria community composition occurred between the two common 

garden sites (R2 = 0.010) and there was no effect of enhanced dispersal (Table 14). 

Despite the strong influence of site of soil origin, less than 8% of the variation in 

community composition was explained by local, rainfall-related environmental variables 

or spatial factors (Table 15). In permutation tests, contemporary environment (soil 

moisture in each core at time of harvest) was identified as a significant predictor of 

community composition (F = 5.89, P = 0.01), whereas historical environmental factors 

(historical precipitation and Palmer Drought Stress Index in the preceding five years) 

were not (F = 1.61, P = 0.07). Community composition (NMS axis 1) was correlated with 

cumulative respiration in the laboratory microcosm experiment (Table 16). 

	  
DISCUSSION 

	  
High biotic resistance to dispersing taxa inhibited microbial acclimatization to 

novel precipitation regime via shifts in community composition. These results are 

consistent with the hypothesis of constrained functional acclimatization due to lack of 

immigrant establishment, but also highlight weak links between taxon identity and 

aggregate community function. Community shifts in response to transplantation were 
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small, as observed in most other soil reciprocal transplant experiments (Balser and 

Firestone 2005, Bottomley et al. 2006, Waldrop and Firestone 2006, Lazzaro et al. 2011). 

Soil origin accounted for most of the explained variation in community composition, 

emphasizing that site-level environmental factors largely drive bacterial community 

structure (e.g. Fierer and Jackson 2006, van der Gucht et al. 2007). The importance of site 

effects also suggests that establishment of immigrant taxa may have been impeded by 

unfavorable abiotic conditions in novel environments. 

	  
Impacts of dispersal and rainfall regime on soil microbial communities 

	  
The absence of community shifts in response to altered rainfall and enhanced 

dispersal may reflect ecological processes occurring along the gradient, or ineffective 

dispersal during periods of extreme drought. If species sorting across the Edwards 

Plateau is driven by edaphic factors such as nutrient availability, pH, or soil texture, shifts 

in moisture regime may have little impact on community structure. Resource availability 

and soil pH are often identified as the main drivers of bacterial community composition 

at large spatial scales (Fierer et al. 2009), whereas fungal species richness is more 

sensitive to precipitation (McGuire et al. 2012, Hawkes et al. 2011, McLean and Huhta 

2000). Alternatively, even if community composition is driven by historical precipitation 

regime, priority effects may be strong enough to prevent establishment of immigrant taxa 

more suited to contemporary rainfall conditions. Colonization history affects community 

composition and C mineralization rates in wood decomposer communities (Fukami et al. 

2010) and aquatic bacterial assemblages (Szekely et al. 2013), suggesting that immigrant 

taxa may be unable to establish in the presence of native communities. Of course, the 

lack of community shifts in response to transplantation and enhanced dispersal treatment 

may also simply reflect the inability of dispersing microbes to survive during the extreme 

drought that occurred early in the experiment, since almost all microbial taxa exhibit a 

minimum water potential threshold around -14MPa (Manzoni et al. 2012). Although the 

transplanted cores experienced 10 months of passive immigration under more normal 

moisture conditions, the failure of the dispersal treatments suggests that immigration rates 
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must be very high in order for community composition to shift via mass effects at short 

timescales (Leibold et al. 2004, Cadotte 2006). 

Microbial communities may track environmental conditions at timescales longer 

than the 1.5 year period examined here and in other soil reciprocal transplant studies. 

More pronounced shifts in microbial community composition are often observed in 

longer-term (> 5 year) climate manipulation experiments (e.g., Frey et al. 2008, 2013), 

but the magnitude and direction of these changes vary greatly across ecosystems and 

microbial taxa. For example, microbial community diversity and evenness are sensitive to 

long-term warming and CO2  enrichment treatments (Deslippe et al. 2012, Lesaulnier et 

al. 2008), but the degree of change in taxon richness varies from 0 to ~15% among study 
	  

sites (Weber et al 2011). Different microbial functional groups can also display distinct 

sensitivities to climate manipulations: fungal community composition appears sensitive 

to long-term manipulation of rainfall (Hawkes et al. 2011), but bacterial communities at 

the same site are resistant to precipitation shifts (Cruz-Martinez et al. 2009). Therefore, 

although microbial communities clearly do respond to long-term environmental change, 

the effect sizes of warming, drought, or resource addition treatments may be highly site- 

specific and dependent on starting community structure. 

	  
Impact of dispersal treatments on ecosystem processes 

	  
Dispersal regime may impact soil C cycling at short time scales, even when the 

identity of taxa within local soil microbial communities appears unchanged. In this study, 

lower respiration rates in cores within the enhanced dispersal treatment may be linked to 

subtle shifts in community composition in the enhanced dispersal treatment. Although the 

main effect of dispersal treatment was not significant in the PERMANOVA, it is possible 

that minor shifts in the relative abundance of taxa may not have been detected at the time 

cores were harvested from the field. Nonetheless, these compositional shifts may have 

become more pronounced under controlled conditions in the laboratory, especially after 

soils were supplemented with water. Changes in taxon identity may have caused 

decreases in aggregate community function if immigrants were locally maladapted to 
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current environmental conditions. Furthermore, in aquatic microbial assemblages, trade- 

offs between competitive ability and growth rate promote the dominance of slow- 

growing resident species when non-native taxa are introduced (Mille-Lindblom et al. 

2006). Alternatively, high gene flow under the enhanced dispersal treatment may have 

allowed locally maladapted genotypes to establish, allowing for decreases in function 

without shifts in species identity (Belotte et al 2003). Finally, immigrants that fail to 

establish could become a carbon source for living microbes, since microbial necromass is 

readily metabolized by living bacteria and fungi (Throckmorton et al. 2012). 

Over the course of the relatively short climate manipulation performed here, the 

inability of microbial immigrants to establish in new environments constrained functional 

acclimatization of soil communities to changes in rainfall. Communities from historically 

wetter sites exhibited larger decreases in activity at low soil moisture. Conversely, 

communities from historically drier sites did not exhibit increased respiration rates under 

high soil moisture, suggesting that inherent functional differences in soils originating 

from wetter vs. drier regions can be maintained even in the presence of immigration. 

These distinct soil moisture response curves may be driven by true ecological trade-offs 

among microbial taxa, evolutionary adaptation to rainfall regime, or variation in 

microbial physiological plasticity across the precipitation gradient. 

Weak links between taxon identity and function suggest that local adaptation or 

physiological shifts are the most likely mechanisms driving variation in aggregate 

community function along the Edwards Plateau. Although higher and more variable 

respiration rates in soils originating from wetter vs. drier regions could reflect ecological 

trade-offs among species with different moisture niches (Lennon et al. 2012), site- 

specific factors unrelated to precipitation appear to be more important than  rainfall 

regime for bacterial community structure. Alternatively, different genotypes of the same 

microbial taxon can exhibit local adaptation to resource conditions (Belotte et al. 2003, 

Johnson et al. 2010), allowing for greater rates of function in home vs. away conditions 

despite similar species composition. Such signatures of local adaptation were not detected 

in this study, however. Soils from the eastern precipitation region always exhibited higher 
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maximum rates of respiration, regardless of site of incubation or dispersal treatment. In 

contrast, the strong influence of precipitation region (dry west vs. wet east) on patterns of 

respiration is consistent with predictable shifts in microbial physiology across the 

gradient despite heterogeneity in community composition. Both respiration rates and 

microbial biomass stocks responded more flexibly to variation in soil water content in 

eastern soils. This pattern may be related to the distribution of rainfall events across the 

Edwards Plateau, since more reliable environmental cues tend to favor the evolution of 

plastic phenotypes (deWitt et al. 1998). If rainfall events in the west are more sporadic 

and variable in magnitude, more canalized phenotypes should develop, as observed here. 

The limited degree of functional acclimatization observed in this study suggests 

that ineffective dispersal, high biotic resistance, and constraints on physiological 

plasticity may determine the magnitude and direction of shifts in belowground C cycling 

with climate change, at least over monthly to yearly timescales. Biotic limits on 

functional acclimatization are likely to be important wherever historical climate or other 

site conditions promote functional legacies within microbial communities (e.g., Balser 

and Firestone 2005). Whether these legacies occur via local adaptation of individual 

genotypes, species sorting, or canalization of phenotypes will determine the constraints 

on acclimatization. The diversity of ecological mechanisms underpinning resistance to 

acclimatization may help explain why variation in microbial functional response to water 

availability yields legacy effects in some ecosystems (Evans and Wallenstein 2011) but 

not others (Rousk et al. 2013). Determining the extent and persistence of dispersal 

limitation and other constraints that inhibit environmental tracking of soil C cycling may 

allow us to more accurately capture ecosystem feedbacks on climate change in global 

models. 
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Tables 
	  

	  
Table 1: Fixed factors included in each meta-analysis data subset and their w scores, 
calculated via model selection with a corrected Akaike Information Criterion. By 
convention, a w score of 0.5 or greater indicates that a fixed factor is likely to be an 
important predictor variable. A w score of 0 indicates that the variable in question was 
not included in the 95% confidence model set. Sample sizes in each subset are indicated 
in parentheses under the headings. 

	  
Subset 1 
(n = 65) 

	   Subset 2 
(n = 28) 

	   Subset 3 
(n = 75) 

	   Subset 4 
(n = 112) 

	   Subset 5 
(n = 81) 

	  

Factor w Factor w Factor W Factor w Factor W 
Study 
Type 

0.48 Study 
Type 

0.51 Study 
Type 

0.59 Study 
Type 

0.32 Study 
Type 

0.24 

MAT 0.33 MAT 0.38 MAT 0.14 MAT 0.81 MAT 0.92 
MAP 0.00 MAP 0.00 MAP 0.00 MAP 0.00 MAP 0.00 

	   	   % C 0.05 %N 0.53 %K 0.52 %Ca 0.92 
	   	   % Phenolic 0.19 %P 0.78 %Mg 0.57 	   	  
	   	   	   	   Lignin:N 0.43 	   	   	   	  
	   	   	   	   Lignin:P 0.00 	   	   	   	  

	  
	  

Table 2: Decay constants, nutrient concentrations, and cumulative enzyme activities in 
the litter of five plant species over the course of a 13-month decomposition experiment. 
Letters indicate values that are significantly different (P < 0.05). 

	  
	   k C N P K Mg Ca Na AP BG CB GAP 

year-1
 	   	   	   % 	   	   	   	   mmol pNP g-1 *

 	  
Pentaclethra 3.170b ± 

0.542 
38.0 2.74 0.17 0.92 0.12 0.18 0.04 683a

 

± 206 
414b

 

± 135 
136a

 

± 35 
406ab

 

± 148 
Lecythis 2.760ab ± 

0.809 
38.4 1.40 0.04 0.10 0.33 0.60 0.30 979a

 

± 253 
2039b

 

± 773 
123a

 

± 33 
367ab

 

± 123 

Geonoma 2.514b ± 
0.408 

42.2 1.56 0.08 0.30 0.16 0.42 0.17 743a
 

± 230 
78a

 

± 30 
114a

 

± 27 
482b

 

± 109 

Dipteryx 1.163a ± 
0.254 

45.0 1.48 0.07 0.32 0.30 1.01 0.03 448a
 

± 79 
221ab

 

± 60 
62a

 

± 19 
182ab

 

± 66 
	  

Hyeronima 0.839a ± 
0.318 

	  

40.3 
	  

1.49 
	  

0.10 
	  

0.28 
	  

0.36 
	  

0.94 
	  

0.06 450a
 

± 125 
101ab

 

± 42 
59a

 

± 18 
104a

 

± 40 
* Cumulative activity over the course of the decomposition experiment 
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Table 3a: Spearman’s correlation matrix showing selected rho values for relationships 
among mean enzyme activities, mean fungal abundances, and six foliar macronutrients. 
b: Spearman’s correlation matrix for enzyme activities, fungal abundances, and time. 
Bolded Spearman’s rho values are significant (P < 0.05). 
a. 

	  

	   C N P Mg 	   K Ca 
AP -0.5 -0.1 -0.3 -0.1 	   -0.5 -0.6 
CB -0.6 -0.1 -0.3 -0.4 	   -0.1 -0.6 
BG -0.6 -0.4 -0.3 0.0 	   -0.1 -0.1 
GAP -0.2 0.5 0.1 -0.8 	   0.3 -0.8 
Fungi -0.2 0.5 0.1 -0.8 	   0.3 -0.8 
b. 	   	   	   	   	   	   	  

	   AP CB BG 	   GAP 	   Fungi 
Time -0.55 0.54 -0.19 	   -0.50 	   0.41 
AP 	   0.16 0.49 	   0.52 	   0.30 
CB 	   	   0.35 	   -0.31 	   0.48 
BG 	   	   	   	   0.14 	   0.01 
GAP 	   	   	   	   	   	   0.34 

	  

Table 4 a) Results of a three-way ANOVA examining the effects of block, precipitation 
treatment (‘Precip’), open vs. closed core treatment (‘Core’) and their interactions on 
fungal abundance, microbial biomass, acid phosphatase activity, and beta-glucosidase 
activity. b) Results of a two-way ANOVA examining the effects of block and 
precipitation treatment on soil respiration rate. Significant F-values (P < 0.05) are shown 
in bold. 
a. 

Fungi Biomass AP BG 
	  

Factor 
Block 

Df 
5 

MS 
96754470 

F 
6.96 

MS 
4.90 

F 
14.41 

MS 
242.3 

F 
18.4 

MS 
5.27 

F 
4.93 

Precip 1 102423733 2.92 1.95 1.70 20.5 1.18 0.46 0.38 
Core 1 50011 0.00 0.02 0.08 111.1 10.29 9.31 40.48 
Block*Precip 5 35093302 2.52 1.15 3.38 17.4 1.32 1.22 1.14 
Block*Core 5 17395342 1.35 0.24 0.71 10.8 0.82 0.48 0.45 
Core*Precip 1 7124213 0.51 0.00 0.00 6.6 0.59 0.23 0.22 
Block*Core*Precip 5 12909157 0.93 0.34 1.00 11.1 0.84 1.06 0.99 
Error 47 13909638 	   0.34 	   13.2 	   1.07 	  
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Table 4, continued 
b. 

	  
	  
	  

Respiration 
	  

Factor 
Block 

Df 
5 

MS 
0.103 

F 
2.45 

Precip 1 0.274 2.56 
Block*Precip 5 0.107 2.55 
Error 24 0.042 	  

	  

Table 5. PERMANOVA results for effects of precipitation and core treatments on 
bacterial and fungal community composition. Randomizations were conducted using 
block as the error strata. 
Factor df Bacteria Fungi 

	  

Block 5 
F R2 P F R2 P 

1.42 0.279 0.001 1.93 0.328 0.001 

Precip 1 1.12 0.044 0.140 1.25 0.043 0.120 
Block*Precip 5 1.05 0.206 0.220 1.28 0.218 0.014 

	  

Table 6. Spearman correlation matrix for relationships among bacterial and fungal NMS 
coordinates, soil moisture (‘GSM’), fungal hyphal abundance, microbial biomass carbon 
(‘MBC’), AP and BG activities, respiration rate (‘CO2’), and soil inorganic P. Significant 
rho values are shown in bold. 

	  

	   Bac2 Fung1 Fung2 GSM Fungi MBC AP BG CO2 Pi 

Bac1 -0.14 -0.25 0.59 -0.60 0.74 0.37 0.69 0.75 0.43 -0.20 
Bac2 	   0.06 -0.35 -0.22 -0.68 -0.35 -0.47 -0.24 -0.24 0.17 

	  

Fung1 	   	   	  
0.05 

	  
0.21 

	  
-0.28 

	  
0.01 

	  
0.28 

	  
0.17 

	  
-0.01 

	  
-0.20 

	  

Fung2 	   	   	   	  
-0.77 

	  
0.46 

	  
0.09 

	  
0.78 

	  
0.51 

	  
-0.10 

	  
-0.65 

	  
	  

GSM 
	   	   	   	   	  

-0.11 
	  

0.06 
	  

-0.47 
	  

-0.34 
	  

0.11 
	  

0.55 

hyphae 	   	   	   	   	   0.43 0.61 0.66 0.41 -0.10 

MBC 	   	   	   	   	   	   0.38 
0.51 0.44 0.34 

	  
AP 

	   	   	   	   	   	   	   0.79 0.26 	  
-0.47 

	  
BG 

	   	   	   	   	   	   	   	   0.41 -0.22 

CO2 	   	   	   	   	   	   	   	   	   -0.05 
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Table 7. Repeated-measures ANOVA for the effects of field precipitation treatment, 
laboratory soil moisture treatment, and their interaction on microbial biomass and soil 
respiration rate. P-values are corrected to account for violations of sphericity in the 
respiration data; Greenhouse-Geisser ε = 0.74. 

	  

	   Respiration 	   	   Microbial Biomass 	  
Factor df MS F P Df 	   MS F P 
Between subjects 	   	   	   	   	   	   	   	   	  
Precip 1 0.006624 8.53 0.007 	   1 286957 0.78 0.386 

Moisture 2 0.001935 2.49 0.099 	   2 25552675 69.02 <0.001 

Precip*Moisture 2 0.002653 3.42 0.046 	   2 557732 1.51 0.238 
	  

Error 
	  

30 
	  

0.000776 
	   	   	   30 370214 	   	  

Within subjects 	   	   	   	   	   	   	   	   	  
Time 3 	  

0.001095 
	  

3.48 
	  

0.032 
	   1 9988924 47.03 <0.001 

Time*Precip 3 0.000106 0.34 0.736 	   1 263395 1.24 0.274 
Time*Moisture 6 0.001972 6.28 <0.001 	   2 2076472 9.77 <0.001 
Time*Precip*Moisture 6 0.000679 2.16 0.076 	   2 44203 0.21 0.813 
Error 90 0.000314 	   	   	   30 212404 	   	  

	  
	  

Table 8 Two-way ANOVA for the effects of precipitation treatment, laboratory soil 
moisture treatment, and their interaction on fungal abundance, cumulative respiration, 
and mean mass-specific respiration over the four-week incubation experiment. 

	   Fungal 
abundance 

	   Cumulative 
respiration 

	   Specific 
respiration 

Factor df 	   F P F P F P 
Precip treatment 	   1 	   0.22 0.642 	   6.63 0.015 	   4.47 0.043 

Moisture  Treatment 	   2 	   19.23 
< 0.001 

	   	  
0.95 0.399 

	   	  
15.42 <0.001 

Moisture*Precip 	   2 	   0.58 0.566 	   2.42 0.106 	   0.47 0.628 

Error 	   30 	   	   	   	   	   	  
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Table 9. Description of sites from which soils were sampled for the reciprocal transplant 
experiment. Rows highlighted in gray indicate common garden locations. Climate data 
are 1981-2010 normals. 

	  
Site Lat/ Long MAP 

(cm) 
Tmax 
(°C) 

Tmin 
(°C) 

Soil Bulk 
Density 
(g cm-3) 

Collins Ecolab 30.33/ -98.44 81.1 25.8 12.5 0.974 
	  

Ingram Ecolab 
	  

30.33/ -98.45 
	  

80.9 
	  

25.7 
	  

12.4 
	  

1.039 
	  

Scott Ecolab 
	  

30.17/ -98.36 
	  

85.7 
	  

25.7 
	  

12.5 
	  

1.115 

Wildflower Center 30.18/-97.88 88.6 26.2 13.5 0.886 

Devil’s River SNA 29.95/ -100.94 53.1 26.9 12.6 0.874 
	  

Seminole Canyon 
	  

29.69/ -101.32 
	  

44.2 
	  

27.5 
	  

13.9 
	  

0.997 
SP 	   	   	   	   	  
Siebert Ecolab 29.81/ -100.49 59.1 25.7 12.7 0.865 

Moring Ecolab 29.74/ -100.10 69.1 26.0 12.3 0.864 
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Table 10. Results of repeated-measures ANOVA examining the responses of in situ 
respiration rates to region of soil origin (drier west vs. wetter east), site of soil origin, 
common garden location (west vs. east) and dispersal. Significant F-values (P < 0.05) are 
highlighted in bold. 

	  

Factor Df MS F P 
Between subjects 	   	   	   	  
Region of soil origin 1 0.0226 5.35 0.059 
Site of soil origin 6 0.0042 3.56 0.003 
Garden 1 0.0278 23.45 <0.001 
Dispersal 1 0.0024 2.06 0.152 
Region*Garden 1 0.0057 4.83 0.030 
Region*Dispersal 1 0.0035 2.98 0.087 
Garden*Dispersal 1 0.0019 1.60 0.208 
Region*Garden*Dispersal 1 0.0000 0.03 0.859 
Error 141 0.0012 	   	  
Within subjects 	   	   	   	  
Date 3 0.1058 125.90 <0.001 
Region*Date 3 0.0031 0.37 0.775 
Garden*Date 3 0.0265 31.57 <0.001 
Dispersal*Date 3 0.0001 0.17 0.920 
Region*Garden*Date 3 0.0001 0.06 0.980 
Region*Dispersal*Date 3 0.0021 0.25 0.863 
Garden*Dispersal*Date 3 0.0005 0.60 0.618 
Region*Garden*Dispersal*Date 3 0.0008 0.99 0.397 
Error 441 0.0008 	   	  

	  

Table 11. Results of 3-way ANOVA examining how microbial biomass varied with 
region and site of soil origin, common garden location, and dispersal treatment. 

	  

Factor Df MS F P 
Region of soil origin 1 2.4451 0.88 0.368 
Garden 1 1.1172 6.65 0.011 
Site of soil origin 6 2.0786 13.37 <0.001 
Dispersal 2 0.0692 0.41 0.522 
Region*Garden 1 0.1055 0.63 0.429 
Region*Dispersal 1 0.2426 1.44 0.232 
Garden*Dispersal 1 0.0592 0.35 0.554 
Region*Garden*Dispersal 1 0.0028 0.02 0.897 
Error 141 0.1680 	   	  



88 	  

	  
Table 12. Results of repeated-measures ANOVA examining how soil respiration in the 
microcosm experiment was affected by region of soil origin, site of soil origin, common 
garden location, dispersal treatment, and laboratory soil moisture treatment in the 
microcosm experiment. 

	  

Factor Df MS F P 
Between subjects 	   	   	   	  
Garden 1 0.0011 0.26 0.610 
Region of soil origin 1 0.1334 19.35 0.005 
Site of soil origin 6 0.0069 1.63 0.143 
Dispersal 1 0.0288 6.84 0.010 
Moisture 1 0.1483 35.17 <0.001 
Garden*Region 1 0.0000 0.01 0.925 
Garden*Dispersal 1 0.0004 0.10 0.752 
Region*Dispersal 1 0.0028 0.65 0.421 
Garden*Moisture 1 0.0038 0.91 0.341 
Region*Moisture 1 0.0182 4.31 0.040 
Dispersal*Moisture 1 0.0077 1.84 0.178 
Garden*Region*Dispersal 1 0.0002 0.05 0.825 
Garden*Region*Moisture 1 0.0005 0.12 0.731 
Garden*Dispersal*Moisture 1 0.0164 3.91 0.051 
Region*Disperal*Moisture 1 0.0025 0.59 0.442 
Garden*Region*Dispersal* Moisture 1 0.0002 0.05 0.823 
Error 133 0.0042 	   	  
Within subjects 	   	   	   	  
Week 3 0.0503 11.99 <0.001 
Garden*Week 3 0.0091 2.17 0.092 
Region*Week 3 0.0062 1.47 0.224 
Dispersal*Week 3 0.0045 1.06 0.365 
Moisture*Week 3 0.0055 1.31 0.269 
Garden*Region*Week 3 0.0036 0.87 0.458 
Garden*Dispersal*Week 3 0.0014 0.33 0.807 
Region*Dispersal*Week 3 0.0012 0.28 0.842 
Garden*Moisture*Week 3 0.0030 0.72 0.543 
Region*Moisture*Week 3 0.0017 0.39 0.758 
Dispersal*Moisture*Week 3 0.0054 1.28 0.280 
Garden*Region*Dispersal* 3 0.0054 1.52 0.209 
Week 	   	   	   	  
Garden*Region*Moisture* Week 3 0.0005 0.12 0.949 
Garden*Dispersal*Moisture* Week 3 0.0005 0.12 0.952 
Region*Dispersal*Moisture* Week 3 0.0053 1.27 0.284 
Garden*Region*Dispersal* 3 0.0024 0.58 0.623 
Moisture*Week 
Error 

	  
417 

	  
0.0042 
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Table 13. Results of 4-way ANOVA examining how microbial biomass in the laboratory 
microcosm experiment was affected by region and site of soil origin, common garden 
location, dispersal treatment, and soil moisture treatment. 

	  

Factor Df MS F P 
Region of soil origin 1 1.78 0.58 0.475 
Garden 1 37.97 63.50 <0.001 
Dispersal 1 0.01 0.02 0.892 
Moisture 1 12.63 21.12 <0.001 
Site of soil origin 6 3.08 5.16 <0.001 
Region*Garden 1 0.13 0.21 0.646 
Region*Dispersal 1 0.42 0.70 0.403 
Garden*Dispersal 1 0.10 0.17 0.678 
Region*Moisture 1 0.34 0.56 0.455 
Garden*Moisture 1 0.52 0.88 0.351 
Dispersal*Moisture 1 0.00 0.00 0.937 
Region*Garden*Dispersal 1 0.68 1.13 0.289 
Region*Garden*moisture 1 1.37 2.30 0.132 
Region*Dispersal*Moisture 1 0.00 0.00 0.995 
Garden*Dispersal*Moisture 1 0.01 0.01 0.912 
Region*Garden*Dispersal* Moisture 1 0.40 0.68 0.413 
Error 128 0.60 	   	  

	  
	  
	  
	  
	  

Table 14. Results of a PERMANOVA examining effects of region of soil origin, site of 
soil origin, common garden 
composition. 

location, and dispersal treatment on bacterial community 

Factor Df MS 	   F P 

Region of soil origin 1 1.887 	   1.64 0.247 
Garden 1 0.462 	   1.61 0.003 
Dispersal 1 0.323 	   1.12 0.128 
Site of soil origin 6 1.149 	   4.00 0.001 
Region*Garden 1 0.325 	   1.13 0.110 
Region*Dispersal 1 0.291 	   1.01 0.398 
Garden*Dispersal 1 0.293 	   1.02 0.355 
Region*Garden*Dispersal 1 0.288 	   1.00 0.388 
Error 129 0.288 	   	   	  
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Table 15. Results of a regularized discriminant analysis (RDA) parsing how bacteria 
community composition was affected by space (represented as geographic coordinates) 
controlling for environment and environment (historical mean annual precipitation at site 
of origin (1981-2010), Palmer Drought Stress Index (2007 – 2011) and soil moisture at 
time of sampling) controlling for spatial factors. 

	  

Factor Inertia Proportion R2 

Total explainable 549.8 	   0.073 
Space|Environment 34.0 0.06 0.017 
Environment|Space 423.8 0.77 0.036 
Space*Environment 92.0 0.17 0.020 

	  

Table 16. Spearman’s correlation matrix examining relationships among bacterial 
community composition (as NMS axes) and cumulative respiration rates in the laboratory 
incubation. Significant rho values are shown in bold. 

	   NMS1 NMS2 CO2 
NMS1 	   -0.12 -0.49 
NMS2 	   	   0.06 
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Figures 

	  
	  
Conceptual Figure. Functionally distinct microbial communities arrayed along a spatial 
gradient (a) acclimatize to environmental change (b) via three independent mechanisms. 
1) Physiological shifts: individual microbes may alter intracellular resource allocation or 
metabolic rates in response to the abiotic environment. 2) Local compositional response: 
microbial  communities  may  adjust  to  new  conditions  via  changes  in  the  relative 
abundance of native taxa. These compositional shifts are mediated by ecological trade- 
offs within the local community. 3) Regional compositional response: dispersal of taxa 
from the regional species pool may determine community responses if immigrants are 
better suited to the new environmental conditions than native taxa. 
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Figure 1. Study sites included in this meta-analysis were from 63 studies at 49 unique 
locations, which spanned Central and South America, Africa, Asia, and Australia. 

 
	  
	  
	  
	  
	  
	  
Figure 2. a) Across the entire meta-analysis dataset, MAT explained about 13% of the 
variance in k (pseudo-R2 are calculated using the likelihood ratio test). b) When high- 
elevation sites with MAT < 20°C were excluded from the dataset, MAT was no longer 
found to be a good predictor of decomposition rates. 
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Figure 3. Foliar concentrations of a) Ca, b) Mg, c) K, and d) N were found to be 
important predictors of decomposition rate in a multimodel selection procedure using 
Akaike weights, although the variance explained by these variables individually was 
small. 
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Figure 4. Decomposition rate was negatively correlated with study length (i.e., the 
amount of time litterbags were deployed in the field). 
	  

 
	  
Figure 5. Mean hyphal abundance on decomposing litter of five plant species (values are 
averaged over four sampling time points). Plant species are arranged on the x axis in 
decreasing order of their annual decay constants, k year-1. Error bars 95% confidence 
intervals. 

 



95 	  

	  
Figure 6. Mean activities of AP, BG, CB, and GAP on decomposing litter of five plant 
species at La Selva Biological Station, Costa Rica (values are averaged over four 
sampling time points). Plant species are arranged on the x axis in decreasing order of 
their annual decay constants, k year-1. Error bars are 95% confidence intervals. 
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Figure 7. Relationship between annual decay constant and cumulative activities of a) AP, 
b) BG, c) CB and d) GAP over the course of the 13-month decomposition experiment. 
Note the break in the x-axis on panel b. P-values are for the mixed linear model including 
litter type as a random factor. 

 



97 	  

	  
Figure 8. Relationships between enzyme stoichiometry and foliar C:N (top panel) and 
C:P (bottom panel.) The ratio ln(BG+CB):ln(GAP) is an indicator of microbial C:N 
acquisition effort, and ln(BG+CB):ln(AP) is an indicator of microbial C:P acquisition 
effort. The horizontal gray line indicates 1:1 enzyme stoichiometry, and error bars 
represent 1 SE. 
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Figure 9. Hypothesized responses of microbial community function (y-axis, main panel) 
to shifts in an environmental variable (represented on the x-axis.) Symbol shapes indicate 
distinct microbial taxa; symbol size indicates their relative abundance. Panels below 
show the range of potential responses across an environmental gradient. 
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Figure 10. Schematic for the precipitation manipulation experiment, an unreplicated 
block design with six blocks. 
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Figure 11. Respiration rates (first column), microbial biomass (second column) and 
fungal abundance (third column) in control and precipitation exclusion treatments. In 
panels A-C, responses are shown according to block; panels D-F represent means across 
all blocks (error bars are 1 SE). 
	  

 



101 	  

	  
Figure 12. Bacterial and fungal community composition across blocks and precipitation 
treatments based on non-metric multidimensional scaling of rDNA sequence data. NMS 
coordinates for the control treatment are shown in black, and NMS coordinates for 
precipitation exclusion treatment are shown in gray. Block identity is indicated by 
symbol shape (see legend in Figure 2.1). Bars represent 1 SE. Stress = 0.087 (bacterial 
ordination) and 0.104 (fungal ordination). 
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Figure 13. Changes in microbial biomass, fungal abundance, and respiration rate in 
microbial communities from control (white bars) and precipitation exclusion treatments 
(black bars) along a steep gradient of soil moisture. Lines indicate lab moisture 
treatments that were significantly different in posthoc comparisons (P < 0.05) regardless 
of field treatment; asterisks indicate field treatments within a lab moisture treatment that 
were significantly different in posthoc comparisons. 
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Figure 14. Mass-specific respiration in soils from control (white points) and rain-out 
treatments (black points) along a gradient of soil moisture. Significant differences among 
lab moisture treatments in posthoc comparisons (P < 0.05) are indicated by different 
letters; asterisks indicate significant differences between control and rainout field 
treatments under each lab moisture treatment. Error bars are 1 SE; some bars are 
obscured by the datapoints. 
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Figure 15. Schematic showing potential outcomes of a reciprocal transplant of a high- 
functioning (‘e’) and low-functioning (‘w’) community between eastern (‘E’) and 
western (‘W’) sites. Brown triangles and blue circles represent microbial taxa native to 
the west and east, respectively. a) When dispersal rates are high and biotic resistance is 
low, composition rapidly shifts, and therefore function is determined solely by site of 
incubation. b) If effect sizes of dispersal and biotic resistance are similar, partial shifts in 
community composition and function will occur. d) If dispersal rates are low and biotic 
resistance is high, community composition will be resistant to transplantation, and rates 
of function will be determined by soil origin. 
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Figure 16. Schematic of the experimental designs for both the field reciprocal transplant 
and laboratory microcosm study. 
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Figure 17. a) Cumulative rainfall at each common garden site over the course of the 
reciprocal transplant experiment b) in situ respiration rates at each common garden site. 
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Figure 18. Average in situ respiration rates in soils originating from wet eastern and dry 
western sites, incubated in both eastern and western common gardens. Error bars show 
95% confidence intervals. 

 
	  
	  
	  
Figure 19. Microbial biomass C in soils from each site at the harvest of the field 
reciprocal transplant experiment. Cross-hatched bars indicate common garden sites. 
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Figure 20 a) Cumulative respiration rates per gram dry soil in the laboratory microcosm 
experiment under high and low soil moisture treatments. Soils originally sampled from 
dry western sites are shown in black, and soils originally sampled from wet eastern sites 
are shown in light gray. Dashed lines indicate ‘control’ soils sampled within each 
common garden site. Error bars represent ± 1 SE. Panels b) and c) show cumulative 
respiration rates in passive (solid lines) and enhanced (dashed lines) dispersal treatments. 
Soil origin is indicated by symbol shape. 
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Figure 21. NMS ordination of bacterial community composition in soils from each site. 
Communities incubated in the wet eastern common garden are shown in open symbols, 
and communities incubated in the dry western common garden are shown in closed 
symbols. Triangles indicate soils originating from the west (circled in orange), and circles 
indicate soils originating from the east (circled in blue). Common garden sites are 
indicated with an asterisk in the legend. Error bars are ± 1SE. 

	  
	  
	  

Soil Type 
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