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Habitat loss, habitat fragmentation and species invasions have been recognized as 

three of the leading threats to biodiversity.  I examined the effects of habitat loss and 

fragmentation on native and invasive plants in central Texas.  During the last century, the 

density and abundance of woody plants has been increasing in the savannas of eastern 

Edwards Plateau.  This process, known as woody plant encroachment, not only reduces 

the amount of open herbaceous habitat but also fragments that habitat creating smaller 

and more isolated patches.  In three studies, I investigated the consequences of this 

habitat loss and fragmentation for plants which do not occur under the cover of woody 

plants including native grasses and forbs and the invasive Eurasian bunchgrass, 

Bothriochloa ischaemum (King Ranch Bluestem).  

In the first study, I show that woody plant encroachment reduces native 

herbaceous species richness (the number of species in a given area).  Using a collection 

of historical aerial photographs, I demonstrate that current native herbaceous species 

richness was most strongly related to recent habitat amount, but to the degree of habitat 
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fragmentation at least 50 years ago.  In a second study, I show that the presence of B. 

ischaemum was negatively related to the degree of fragmentation in the surrounding 

landscape.  Finally, I found that B. ischaemum had higher rates of germination and 

growth in experimental plots where the species commonly lost with woody plant 

encroachment were removed than in unmanipulated control plots.  Together, this work 

suggests that woody plant encroachment is directly slowing the spread of an invasive 

species while indirectly facilitating its establishment. 
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Chapter 1:  Introduction 

The density and abundance of woody plants in savannas in central Texas, and 

around the world, have greatly increased over the last century (Van Auken 2000, 2009).  

Evidence suggests that this process, known as woody plant encroachment, is the result of 

fire suppression and overgrazing (Fuhlendorf and Smeins 1997, Smeins et al. 1997).   I 

have used Texas savannas undergoing woody plant encroachment as a model system for 

investigating the effects of habitat loss and habitat fragmentation on both native and 

invasive species.  Habitat loss, habitat fragmentation and species invasions have been 

recognized as leading threats to biodiversity (Wilcove et al. 1998, Sala et al. 2000, Ewers 

and Didham 2006).  In the upland savannas of eastern Edwards plateau, the Eurasian 

bunchgrass, Bothriochloa ischaemum (King Ranch bluestem), is the only common non-

native invasive plant.  It does not grow under the cover of woody plants and appears to 

reduce the diversity of native plant communities which share the same herbaceous habitat 

(Gabbard and Fowler 2007). 

Understanding the relative importance of habitat loss and habitat fragmentation is 

difficult as the two processes often occur together (Fahrig 2003).  As woody plant 

encroachment proceeds, herbaceous habitat is not only lost, but also becomes more 

fragmented (e.g., open patches become smaller and more isolated).  However, variation 

in the degree of fragmentation in landscapes with the same amount of herbaceous habitat 

allows me to separate the effects of fragmentation per se from habitat amount using 

simple statistical methods (McGarigal and McComb 1995, Trzcinski et al. 1999, Villard 

et al. 1999, Sleeman et al. 2005, Yamaura et al. 2006). 

The effects of habitat loss and habitat fragmentation on native diversity (often 

measured as species richness, i.e., number of species per unit area) may not be observable 
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for decades, particularly in plant communities with seed banks and long-lived individuals 

(Tilman et al. 1994, Lindborg and Eriksson 2004, Helm et al. 2006).  Communities 

which do not yet reflect the negative effects of such events on species richness exhibit 

what has been termed ‘extinction debt’ (sensu Tilman 1994).  This means that present 

species richness may be more strongly related to past habitat configuration than it is to 

current habitat configuration.  In Chapter 2, I test whether there is an extinction debt 

related to the effects of habitat loss and fragmentation.  I do this by examining the 

relationship between present species richness, measured directly in the field, and recent 

and historical levels of habitat amount and fragmentation measured using aerial 

photographs.  This study also examines the relative effects of habitat amount and habitat 

fragmentation on native herbaceous species richness. 

Concern has been expressed in the conservation literature that maximizing 

connectivity to minimize the negative effects of habitat fragmentation on native 

biodiversity may also be facilitating the spread of invasive species (Forman and Godron 

1986, Simberloff 1988, Simberloff et al. 1992, Whittaker 1998, Proches et al. 2005, 

Lindenmayer et al. 2008).  However, very few studies have investigated the effects of 

connectivity or fragmentation on the spread of invasive species and these studies have 

had inconsistent results (Bartuszevige et al. 2006, Damschen et al. 2006, Thiele et al. 

2008).  Models predict that habitat fragmentation may inhibit the spread of invasive 

species with limited long distance seed dispersal (With 2004, Pearson and Dawson 2005).  

In Chapter 3, I empirically test this prediction by examining the relationship between 

local occurrence of B. ischaemum and the fragmentation per se of available herbaceous 

habitat in the surrounding landscape.  This study has been published in the Journal of 

Applied Ecology (Alofs and Fowler 2010). 
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Ecological theory suggests that less diverse communities may be more susceptible 

to invasions due to reduced competition and more resources or niches being available to 

invading species (Elton 1958, Shea and Chesson 2002).  Negative relationships between 

species richness and invasibility have been demonstrated at neighborhood and 

community scales (Levine et al. 2004).  But the effects of realistic species losses on 

community invasibility remain relatively untested (Zavaleta and Hulvey 2004, Srivastava 

and Vellend 2005, Losure et al. 2007, Zavaleta and Hulvey 2007).  If woody plant 

encroachment reduces the native species diversity in herbaceous communities it may be 

indirectly facilitating B. ischaemum establishment when seed arrives at a site.  In chapter 

4, I test the effects of changes in species richness due to woody plant encroachment on B. 

ischaemum germination, survival and growth in a removal experiment.   

 Together, the results of the three studies I present here suggest that woody 

plant encroachment can both directly inhibit the spread of invasive species and indirectly 

facilitate their establishment.  In Chapter 2, I show that in this system the negative effects 

of habitat loss on native species richness are stronger and become apparent more rapidly 

than those of habitat fragmentation.  In Chapter 3, I demonstrate that the presence of the 

invasive grass, B. ischaemum is negatively related to the degree of habitat fragmentation 

in the surrounding landscape.  Finally, in Chapter 4, I show that the loss of native species 

richness associated with woody plant encroachment appears to promote the establishment 

of this invasive grass. 
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Chapter 2:  Local native plant diversity responds more quickly to 
habitat loss than to habitat fragmentation 

ABSTRACT 

 
Habitat loss and habitat fragmentation both reduce biodiversity, although their 

effects may not be apparent for decades in plant communities with long-lived individuals 

and seed banks.  We took advantage of the effects of woody plant encroachment on the 

habitat of herbaceous species in a savanna to measure relationships between present 

species richness and present and past habitat amount and degree of habitat fragmentation 

(fractal dimension).  Species richness was most closely related to recent habitat amount 

but to past (~ 50 yr ago) habitat fragmentation: the effects of habitat loss evidently appear 

much more rapidly than those of fragmentation.  This implies that any long-term 

extinction debts in this system are due to the effects of habitat fragmentation rather than 

habitat loss.  This study demonstrates that examining habitat loss and habitat 

fragmentation across different time periods allows us to better understand their individual 

effects.   
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INTRODUCTION 

 The biodiversity, in particular the species richness, of an area is determined by a 

balance between the ecological processes of immigration and extinction (MacArthur and 

Wilson 1967).  Equilibrium biodiversity can be upset by a variety of 'forcing events' 

including habitat loss and fragmentation, climate change, species introductions and 

resource exploitation (Jackson and Sax 2010).  In part, these events change immigration 

and extinction rates by changing the quality, size, density and connectivity of suitable 

habitat patches (Jackson and Sax 2010).  It may take several generations for a community 

to “relax” to a new equilibrium biodiversity following the occurrence or initiation of such 

a forcing event (Diamond 1972; Kuussaari et al. 2009).  The diversity of a community 

may therefore be more strongly related to past than current habitat amount or 

fragmentation.  Transient surpluses and deficits in biodiversity during these periods have 

been termed “extinction debt” (sensu Tilman et al. 1994) and “immigration credit” 

respectively (sensu Jackson and Sax 2010).  Examining lags in the effects of forcing 

events such as habitat loss and habitat fragmentation is essential for understanding their 

consequences and important for the conservation of biodiversity (Kuussaari et al. 2009).   

 Extinction debt has been tested for in a range of taxa and ecosystems (see 

Kuussaari et al. 2009).  These studies often demonstrate extinction debt following loss of 

habitat area and/or connectivity (one aspect of fragmentation).  For example, Lindborg 

and Eriksson (2004) found species richness in Swedish grasslands is related to 

connectivity between sites 50-100 years ago but not to current connectivity or current or 

historical habitat area.  Helm et al. (2006) found that species richness of Estonian 
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calcareous grasslands specialists was not explained by current habitat area or connectivity 

but was significantly positively related to habitat area and connectivity 70 years ago.  In 

Belgian calcareous grasslands, however, Adriaens et al. (2006) found that specialist and 

generalist species richness increased with current fragment area but present connectivity 

affected only specialist species and that there was no relationship with historical area or 

connectivity. 

 Time lags associated with immigration and extinction are likely to vary for a 

variety of reasons.  It has been suggested that the magnitude of extinction debt may vary 

with the strength of the disturbance, the generation time of organisms within the 

community or the number of species which are close to their extinction thresholds 

(Hanski and Ovaskainen 2002; Kuussaari et al. 2009).  A review of grassland 

fragmentation studies suggested that extinction debt may also vary with the proportion of 

available habitat remaining in landscapes, as it has been found to occur in landscapes 

with more than 10% grassland habitat remaining, but not in landscapes with less than 

10% of habitat remaining (Cousins 2009).   

 There are also several methodological reasons why we may underestimate or even 

fail to observe extinction debt when it truly exists.  First, it is likely that extinction debt 

will only accrue for species specializing on the study habitat.  Thus including generalists 

and non-native species in the calculation of species richness may mask any relationship 

with habitat characteristics (Adriaens et al. 2006; Kuussaari et al. 2009).   Second, the 

effects of forcing events, including habitat loss and fragmentation, on diversity may be 

scale-dependent, and the appropriate scale for studying them is often unclear.  But few 

studies have examined the relationship between diversity and habitat configuration at 
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different spatial scales or over different time spans (Lindborg and Eriksson 2004; Paltto 

et al. 2006; Cousins 2009).  Furthermore, no single scale may be appropriate, because, 

for example, habitat loss may have effects at a different temporal or spatial scale than 

habitat fragmentation.   Finally, the effects of several different forcing events on diversity 

may overlap in space or time, making it difficult to separate their effects (Malanson 

2008). 

 Here, we investigate the effects of habitat loss and habitat fragmentation via 

woody plant encroachment on native herbaceous plant species richness in central Texas.  

Habitat loss is recognized as a primary threat to biodiversity (Sala et al. 2000).  The 

relative strength of the effects of habitat loss versus habitat fragmentation, however, is 

the subject of investigation and debate (e.g., Fahrig 2003; Smith et al. 2009), most  likely 

because these processes often occur together and are strongly related (McGarigal and 

Cushman 2002; Fahrig 2003; Smith et al. 2009).  While many studies suggest that the 

effects of habitat loss are stronger than those of fragmentation, few of these studies take 

time lags into consideration and thus their conclusions may be erroneous (Hanski 2005).  

We examine the relationship between species richness and habitat amount and habitat 

fragmentation across a range of spatial scales and time spans and test for time lags related 

to extinction and immigration.  Few studies have examined both delayed extinction and 

delayed immigration (Jackson and Sax 2010).  Extinction rates increase with habitat loss 

as population sizes decline and species cross their “extinction thresholds” (the minimum 

amount of habitat necessary for a population to persist) (Lande 1987; Tilman et al. 1994; 

Fahrig 2002).  Fragmentation can increase extinction thresholds and delay immigration 

by creating dispersal barriers and limiting the density and proximity of source 



 8

populations in the surrounding landscape (Fahrig 2002; Jackson and Sax 2010).  Forcing 

events may influence immigration and extinction rates unequally.  We therefore 

hypothesized that species richness would decline with both habitat loss and habitat 

fragmentation but their effects would be observable over different time spans.   

  

MATERIALS AND METHODS 

Study site 

This study was performed at three sites on the eastern Edwards Plateau of central 

Texas: Balcones Canyonlands National Wildlife Refuge (BC), Freeman Ranch (managed 

by Texas State University; FR) and Pedernales Falls State Park (PF).  These sites differed 

in management history.  While all three sites had a long history of grazing, PF had had no 

grazing for more than 30 years prior to this study, BC had been ungrazed for 15 years, 

and FR continued to be grazed during this study.   The use of mechanical clearing and 

prescribed fire to control woody plant encroachment also differed among the three sites: 

BC had been managed most intensively and PF least in this regard.  

The upland vegetation of the eastern Edwards Plateau ranges from grasslands 

with patches of trees (savannas) to woodlands with glades of herbaceous vegetation.  

Without active management, woody plant encroachment, i.e., increase in the relative 

abundance of woody plants in formerly more open areas, is rapid (Van Auken 2000, 

Figure 2.1).  Many herbaceous species (grasses and forbs) specialize in open areas and do 

not commonly occur under woody plant canopies.  Therefore, woody plant encroachment 
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is both fragmenting and reducing the amount of available habitat for these native 

herbaceous plants (Figure 2.1).  Ashe juniper (Juniperus ashei) and Plateau live oak 

(Quercus fusiformis) are the dominant woody savanna species in this region.  Dominant 

grass species include Nasella leucotricha, Schizachyrium scoparium, several species of 

Aristida and Bouteloua and the invasive Eurasian perennial bunchgrass Bothriochloa 

ischaemum (King Ranch bluestem).  Common forbs include Galium virgatum, Oxalis 

drummondii, Sida abutifolia, Gaura brachycarpa, Hedeoma acinoides, Scutelleria 

drummondii, Vicia ludoviciana, Croton monanthogynus, Evolvulus sericeus, Lepidium 

virginicum, Chaetopappa asteroides, Lygodesma texana, Ratibida columnaris and 

species of Plantago, Medicago, Tragia, Hymenoxis and Evax.   The less common species 

also include both grasses and forbs.  They also include, just as the common species do, 

both annuals and perennials in many different families. 

Data collection 

 For each site we obtained a series of historical aerial photographs representing 5 

time spans (Figure 2.1).  For convenience, we reference the year in which a photograph 

was taken, instead of the length of time elapsed between the photograph and our 

measurements of species richness.   Most of these series of photographs were comprised 

of photographs from 1951, 1980, 1995, 2004 and 2008.  A few photographs were from 

1981 instead of 1980.  In ArcGIS 9.2, we georectified each photograph and, using 

maximum likelihood classification, we converted these photographs into one-metre 

resolution binary rasters where each cell represented either woody or herbaceous habitat.  

We used these rasters to randomly select points currently within herbaceous habitat at the 
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three sites.  Between 24 and 31 May 2006, we visited 50 of these points at PF.  Between 

5 May and 13 June 2007, we visited 249 of these points (84 at BC, 80 at FR and 85 at 

PF).  Points visited at PF in 2006 differed from those visited in 2007.  Within 1 m radius 

plots centred on each point, we recorded all of the species present and the relative cover 

of B. ischaemum along with several other habitat characteristics.  Using our binary rasters 

and the FragStatsBatch script for ArcGIS 9 which calls FRAGSTATS 3.3 (McGarigal et 

al. 2002), we calculated herbaceous habitat amount and fractal dimension index in 

circular landscapes surrounding each of the visited points.  For each year (binary raster), 

these metrics were calculated for each of 8 spatial scales obtained by varying the radius 

of the circular analysis landscape centred on each point (10, 15, 20, 25, 30, 56 (~1 

hectare), 75 or 100 m radius circles).  These spatial scales varied in extent but not grain.  

Habitat amount was calculated as the percentage of each landscape comprised of 

herbaceous habitat.  Fractal dimension index was measured for each herbaceous patch in 

a landscape as 2 ln (.25 p) / ln a, where p is patch perimeter (m) and a is patch area (m2).  

Area-weighted mean fractal dimension was then calculated for each landscape by 

summing, across all patches, fractal dimension multiplied by proportional abundance (a / 

∑ a).  Fractal dimension ranges from 1 to 2 representing shape complexity across a range 

of spatial scales.  It increases with habitat fragmentation as patches become increasingly 

convoluted and plane-filling (McGarigal et al. 2002).  This measure of fragmentation 

reflects habitat aggregation and thus presumably the likelihood of seed dispersal between 

herbaceous habitat without requiring the estimates of species dispersal distances which 

would be needed to calculate connectivity. 
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 Our data spanned the entire range of habitat amount (from 0 to 100%) and there 

was a curvilinear relationship between the fragmentation metric area-weighted mean 

fractal dimension and habitat amount.  A quadratic function of habitat amount accounted 

for 43% to 59% of the variation in area-weighted mean fractal dimension at each spatial 

scale (multiple regression, SAS GLM procedure).    Residuals of this model (called 

simply 'fractal dimension' from here on) represent habitat fragmentation per se, that is 

habitat fragmentation separate from habitat amount (e.g., McGarigal and McComb 1995; 

Villard et al. 1999).  Using residual metrics may lead to underestimating the effects of 

fragmentation relative to habitat amount (Koper et al. 2007; Smith et al. 2009).  

Alternative methods show less bias when the two variables are linearly related because 

data span a limited range of habitat amount (Smith et al. 2009).  However, residual 

metrics allowed us to account for the curvilinear relationship in our data and produced a 

metric which was not correlated with habitat amount (Table 2.1).  Using residuals did not 

change the nature of the relationship we observed between species richness and 

fragmentation but did slightly improve the explanatory power of our model. 

Data analysis 

 We analyzed patterns of native herbaceous species richness, excluding any cacti, 

woody species and B. ischaemum present in the plots.  To reduce the potentially 

confounding effects of the diversity-reducing invasive grass B. ischaemum (Gabbard and 

Fowler 2007; Alofs and Fowler 2010) and edaphic variation (Fowler and Dunlap 1986) 

we restricted our analysis to the 18 plots in 2006 and 106 plots in 2007 which had less 
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than 25% B. ischaemum cover and were not on hillsides with large amounts of exposed 

rock.   

 Separate linear regression of species richness in 2006 plots or 2007 plots against 

each predictor indicated that habitat amount would explain more variation in species 

richness than fractal dimension.  We therefore began our analysis with models including 

habitat amount to which we added fractal dimension.   

  For plots visited in 2007, ANCOVA (analysis of covariance) was used to test 

differences in species richness among sites and to examine the relationship between 

species richness and habitat amount after taking into account the differences among sites 

(i.e., using hierarchical Type I sums of squares).  A separate ANCOVA was done for 

each spatial scale and year in which habitat amount was measured.  For each model we 

calculated η2, the proportion of the variance in species richness explained by habitat 

amount:  η2  =  SSeffect  /SStotal , from the Type III sums of squares table of same 

ANCOVA.  We used η2 to identify the model with the spatial scale and year in which 

habitat amount explained the most variation in species richness.   This model also had the 

largest  R2 and for convenience will be referred to as the best model.  Additional 

ANCOVAs were used to test whether adding habitat amount measured at a second spatial 

or in a second year would improve the best model.   

 We then expanded our best model to include fractal dimension, to quantify the 

proportion of variance in species richness explained by fractal dimension.  We did a 

separate ANCOVA for each combination of spatial scale and year in which fractal 

dimension was measured, while retaining habitat amount measured in the spatial scale 

and year identified in our best model.  We also tested whether adding fractal dimension 
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measured in more than one year would further improve these models.  In each model, we 

tested for any possible interactions between site, habitat amount and fractal dimension.  

We will refer to the model that included site, habitat amount and fractal dimension 

measured in the spatial scale and year at which they explained the most variation in 

species richness as our final model.  Pearson product-moment correlations were 

calculated to examine relationships between habitat amount and fractal dimension 

measured in each spatial and year, so as to measure the strength of the relationships 

between these variables between scales.   

 Recognizing that both woody plant encroachment (herbaceous habitat loss) and 

clearing (habitat gain) occurred at our sites, we tested for differences in the influence of 

these two processes on species richness.  We divided our 2007 data set into plots with 

indications of recent clearing (> 10% increase in habitat amount between 2004 and 2008) 

and without any indication of recent clearing.   To test whether clearing influenced the 

rates at which species richness responded to change in habitat amount, we determined the 

spatial scale and year in which habitat amount explained the most variation in 2007 

species richness in each of these subsets.  We also tested whether clearing (a categorical 

variable) or the difference in habitat amount between 2004 and 2008 (a continuous 

variable) and the interactions between these variables and habitat amount were significant 

when added to our final model.   

 While many statistical methods have been used to compare the influence of 

habitat amount and fragmentation, Smith et al. (2009) suggest that standard multiple 

regression performs as well if not better than other methods.  Therefore, to compare the 

relative strength of habitat amount versus habitat fragmentation we standardized (z-
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transformation) habitat amount and residual fractal dimension and compared their 

parameter estimates in our final model.  We also calculated η2 to compare the proportion 

of the variation in species richness explained by each variable. 

 Our analysis of the plots visited in 2006 was limited to a single site and by small 

sample size.  Of the 18 plots included in our analyses, 8 fell in areas not covered by the 

1951 historical photographs and 2 fell in areas not covered in the 1980 historical 

photographs, further reducing sample size in those years.  For the plots visited in 2006, 

we regressed species richness against habitat amount measured in 25 m radius landscapes 

(see results) in each year separately.  This allowed us to determine whether the time span 

over which habitat amount explained the most variation in species richness was the same 

in 2006 and 2007.  We also tested whether adding habitat amount measured in a second 

year would improve the best 2006 model.  We then tested whether including fractal 

dimension, again measured in a 25 m radius landscape in each year, would improve the 

best 2006 model.  All statistical analyses were performed in SAS 9.1 (SAS 2003) and 

significance was determined at the α = 0.05 level.   

RESULTS 

 In 2007, we identified 226 species in the visited plots.  Average native herbaceous 

species richness for the subset of these plots included in our analysis was 19.15 (sd 7.55).  

Site alone was a significant predictor of species richness (F2, 101 = 613.63, P < 0.0001).  

On average species richness was highest at FR, followed by PF and then BC.   

 Examining ANCOVA models including site and habitat amount, we found a 

significant positive relationship between 2007 species richness and habitat amount in all 
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measured spatial scales and years except 1951.  Pearson product-moment correlation 

coefficient values between habitat amounts measured between 1980 and 2008 are high (ρ 

between 0.67 and 0.89, Table 2.1).  The relationship between species richness and habitat 

amount did not vary by site as there were no significant site * habitat amount interactions.  

Our best model incorporated habitat amount measured in 2008 in a 25 m radius landscape 

which explained more variation in species richness than habitat amount measured in any 

other year or scale (Figures 2.2 and 2.3).  After including site and this measure of habitat 

amount in our model, no second measure of habitat amount was significantly related to 

species richness.  When added to our best model, fractal dimension measured in a 25 m 

radius landscape in 1951 explained more of the remaining variation in 2007 species 

richness than models including fragmentation measured at other spatial scales or in more 

recent years.  In these models, fractal dimension measured in 25 m radius landscapes was 

only significantly related to 2007 species richness when fractal dimension was measured 

using 1951 binaries.  With site, habitat amount, and fractal dimension measured in 1951 

included in a model, no second measure of fractal dimension was significant.  There were 

no significant site* fractal dimension or habitat amount * fractal dimension interactions.   

Whether or not there was recent clearing in the landscapes surrounding plots did 

not change the year in which habitat amount explained the most variation in 2007 species 

richness; the relationship between species richness and habitat amount was strongest for 

both cleared and uncleared landscapes when habitat amount was measured in 2008.  2007 

species richness was not significantly related to clearing (F1, 101= 1.76, P = 0.19) or to the 

difference in habitat amount between 2004 and 2008 (F1, 101= 0.009, P = 0.93) when these 

variables were added to our final model.  Finally there were no significant interactions 
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between the effects of these variables and habitat amount (clearing*habitat amount: F1, 100 

= 0.38, P = 0.54; difference * habitat amount F1, 100= 0.30, P = 0.59). 

 The final model of 2007 predicted species richness was a function of site, habitat 

amount measured in a 25 m radius landscape in 2008 and fractal dimension measured in a 

25 m radius landscape in 1951 (Table 2.2).   Species richness was positively related to 

habitat amount and negatively related to fragmentation as measured by fractal dimension.  

Site explained the most variation in species richness.  Habitat amount explained more of 

the remaining variation than fragmentation (η2) did.   After standardizing, habitat amount 

had an effect of greater magnitude (β) on species richness than did fragmentation. 

 In 2006, we identified 117 species in the plots visited at PF.  Average native 

herbaceous species richness for the subset of these plots included in our analysis was 

12.17 (sd 3.24).  Species richness measured in 2006 was significantly positively related to 

habitat amount measured in 1995 and 2004 and was not significantly related to habitat 

amount measured in other years.  Species richness measured in 2006 was most strongly 

related to habitat amount measured in a 25 m radius in 1995 (F = 6.90, P = 0.02, R2 = 

0.30).  With this measure of habitat amount included in the model, species richness was 

not significantly related to habitat amount measured at a second spatial or in a second 

year, nor to fractal dimension measured at any spatial scale in any year. 

DISCUSSION 

 We have shown that present native herbaceous species richness is related to 

habitat amount and fragmentation in different years.  Species richness, in this system, 

reacted quickly to changes in habitat amount and was more closely related to recent 
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(measured in 1995, 2004 or 2008) than to historical habitat amount (measured in 1980 or 

1951).  This may reflect the fact that communities on the eastern Edwards Plateau are 

adapted to a highly variable environment with intermittent disturbances including 

drought, grazing and fire (Fuhlendorf and Smeins 1997, Smeins et al. 1997).  It is 

believed that under such conditions natural selection favors classic R-selected or ruderal 

species (Grime 1977, 2001).  These species have the potential for rapid population 

growth (high λ) during favorable periods, or following disturbances, and are likely to 

store reproductive potential in seed banks and appear extinct during unfavorable periods.  

Such quickly reacting species are likely responsible for local species richness being more 

strongly related to recent than historical habitat amount in this system.  

 Species richness in 2006 was most strongly related to habitat amount measured 

from 1995 aerial photographs.  Species richness in 2007, however, was most strongly 

related to habitat amount measured from 2008 aerial photographs (the aerial image 

closest in time to the census provides the best estimate of habitat amount and 

configuration during and just before the census, even if the image was taken after the 

census).  This difference between censuses in the time lag associated with the effects of 

changes in habitat amount on species richness indicates that a forcing event occurred 

between these two censuses.  Given the temporal variation in precipitation in this system 

(Figure 2.4) and its obvious effects on the vegetation, it is the most likely source of 

forcing events.  In particular, precipitation during the nine months from October through 

June is most likely to be critical, because summer rains rarely infiltrate before 

evaporating and most herbaceous  plants are usually dormant then (K. Alofs, pers. obs.).  

There was a drought in 2005-2006, followed by a wet period in 2006-2007; the 
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correlation between 2007 richness and 2008 habitat amount suggests that this likely 

influenced extinction rates.  Similarly, there was a major drought in 1995-1996, followed 

by a wet period in 1996-1997 which may be driving the correlation between 2006 

richness and 1995 habitat amount.  Why should a drought followed by a wet period create 

a correlation between habitat amount and herbaceous species richness?  We suggest that 

habitat-dependent extinction rates are greatest during droughts, but that the effects may 

not be apparent until a subsequent wetter period reveals a seed bank that has lost species.  

However, other explanations are possible; for example, increased competition during wet 

periods may also lead to extinction (Goldberg and Novoplansky 2007).   

 Our measure of fragmentation per se (that is, fragmentation independent of 

habitat amount) was fractal dimension calculated from the residuals of a function that 

accounted for the effects of habitat amount.  This metric is not only uncorrelated with 

habitat amount (Table 2.1), but also uncorrelated with patch size (Alofs and Fowler 

2010).  Fractal dimension, as a measure of habitat shape complexity, reflects aggregation 

or the proximity of populations to each other.  When it is greater (more fragmented 

habitat), the likelihood of seed successfully dispersing between herbaceous habitat is 

probably lower, resulting in lower immigration rates.  Models have shown that 

fragmentation has stronger effects on the spread of species with limited long-distance 

dispersal through landscapes (e.g. Pearson and Dawson 2005).   Fragmentation may also 

affect extinction rates, through the rescue effect or possibly through effects on habitat 

quality (e.g., long thin patches have more woodland edge).  Any or all of these effects 

may explain the negative relationship we observed between species richness and fractal 

dimension.   
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 Based on species richness data collected in 2007, fragmentation (measured as 

fractal dimension) affected species richness over a much longer time scale than changes 

in habitat amount.  Our data suggest that in this system the effects of fragmentation are 

most apparent after at least 50 years.  Therefore, any long-term extinction debts or credits 

in this system appear to be due to the effects of habitat fragmentation rather than habitat 

loss.  The effects of habitat fragmentation may not be observable for sometime because 

of germination from seed banks or long-lived individuals.  Unfortunately, we were unable 

to confirm the lag in the effects of fragmentation with our 2006 data, perhaps due to 

small sample sizes.  We considered the hypothesis that the relationship between 2007 

species richness and 1951 fractal dimension was a consequence of plots located at the 

center of landscapes with high fractal dimension in 1951 being more likely to be in open 

areas.  However, the Pearson product-moment correlations between fractal dimension 

measured in a 25 m radius landscape in 1951 and habitat amount in a smaller 10 m radius 

landscape in 1951 (ρ = 0.02, Table 2.1) indicates that this was not the case for the 

observed plots. 

 Species richness is the result of the opposing processes of immigration and 

extinction.  Lags in the effects of changes in immigration rates and lags in the effects of 

changes in extinction rates can each produce extinction debts; both can occur 

simultaneously.  We suspect that the primary factor affecting immigration, of the two 

under discussion here, is fragmentation, and the primary factor affecting extinction is 

habitat amount.  If so, given the different lengths of time over which the effects of habitat 

amount and fragmentation appear, any long-term extinction debts or credits in this system 
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are most likely due to lags in the effects of changes in immigration rates which can 

contribute to changes in extinction rates. 

 This study emphasizes the importance of examining the relationship between 

species richness and habitat configuration across a range of spatial scales and time spans.  

We found that local species richness (measured in a 1-m radius plot) was most strongly 

related to the amount of habitat present within 30 m or less of the plot (Figure 2.2).  This 

suggests that species richness was primarily affected by the size and shape of the 

herbaceous patch in which the plot was located and that of a few neighboring patches.  

Had we only measured habitat amount at larger spatial scales the relationship we 

observed would not have been as strong and might have been missed all together (Figure 

2.2).  Similarly, we would not have observed the significant lag in extinction debt related 

to habitat fragmentation if we had not measured fragmentation in 1951.  Likewise, aerial 

photographs from more than 55 years ago might have revealed stronger relationships 

between species richness and habitat fragmentation.  Finally, examining species richness 

at larger scales (i.e. patch, site or regional) would likely have revealed longer lags in the 

effects of habitat amount and fragmentation and larger extinction debts as species 

richness would have reflected all extant populations in the study area. 

 Woody plant encroachment is the dominant force controlling herbaceous habitat 

amount and fragmentation in these landscapes, but both encroachment and clearing 

occurred in these sites during the period of this study.  Yet our results indicate that 

whether habitat amount had decreased or increased (i.e., whether encroachment or 

clearing had occurred) did not influence species richness or the relationship between 

habitat amount or fragmentation and species richness.  Furthermore, in this system, 
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communities undergoing habitat loss (through encroachment) and gain (through clearing) 

appear to relax towards a biodiversity equilibrium at the same rate.  This supports the 

hypothesis that rates of extinctions (population decline) and expansions (population 

growth) may be approximately equal (Lande et al. 2003; Drake and Griffen 2009). 

 Overall, site explained more variation in species richness than either habitat 

amount or fragmentation, as has been previously demonstrated (e.g. Adriaens et al. 

2006).  This is not surprising given the differences between these sites in management 

history.  We know that grazing, fire and management can strongly influence community 

composition and species richness in this system (e.g., Fuhlendorf and Smeins 1997).  

More interesting, however, is our finding that the relationship between species richness 

and habitat amount or fractal dimension did not vary between sites.   

 Several methods have been used to compare the relative influence of habitat loss 

and habitat fragmentation on biodiversity, often with conflicting results (Fahrig 2003; 

Smith et al. 2009).  We found that native herbaceous species richness in central Texas is 

more strongly related to habitat loss than fragmentation and that the effect of habitat loss 

is stronger than that of fragmentation.  Perhaps more importantly, our results suggest that 

the true influence of these factors cannot be understood unless they are studied at 

appropriate spatial and time spans.  Additionally, our results demonstrate that the 

appropriate length of time for studying the effects of habitat loss and fragmentation may 

differ.   

 Time lags associated with extinction or immigration increase our likelihood of 

underestimating the number of species endangered by climate change and species 

invasions, as well as by habitat loss and habitat fragmentation (Kuussaari et al. 2009).  
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These lags also hamper our ability to distinguish the impacts of multiple disturbances 

(Malanson 2008).  However, extinction debt can be used as an indicator that habitat 

restoration or landscape management may effectively preserve species on their way to 

extinction (Kuussaari et al. 2009).  This underscores the importance of establishing better 

methods of understanding these lags and debts (Kuussaari et al. 2009).  We show that the 

impacts of forcing events, including habitat loss and fragmentation, can vary over a range 

of spatial scales and time spans.  Only after this is recognized can we compare the 

importance of mediating against such events for the conservation of biodiversity. 
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Table 2.1. Pearson product-moment correlations between habitat amount and fractal 
dimension measured in aerial photographs taken between 1951 and 2008.  Both variables 
were measured in the 25 m radius (*and 10 m radius) circular landscapes centered on 
plots used for 2007 richness measurements. 
 
________________________________________________________________________ 
    habitat amount       fractal dimension 
   2004 1995 1980 1951  1951*  2008 2004 1951 
________________________________________________________________________ 
habitat amount 
 2008  0.89 0.82 0.72 0.04  -0.04  -0.002 -0.22  -0.03 
 2004   0.81 0.65 0.11   0.02  -0.01 -0.19  -0.02 
 1995    0.68 0.13   0.06  -0.06 -0.21  -0.13 
 1980     0.14   0.07  -0.02  0.04  -0.14 
 1951        0.92  -0.04  0.09   0.03  
 1951*        -0.06  0.08   0.02 
 
fractal dimension 
 2008          0.40   0.21
 2004            0.02 
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Table 2.2.  Our final multiple regression model of the effects of site, habitat amount in 
2008 and residual fractal dimension in 1951 on 2007 species richness (n=106, model F(4, 

101) = 378.87, P <0.0001, R2 = 0.61). 
 
________________________________________________________________________ 
Variable    F  P   β *  η2 †  
________________________________________________________________________ 
 
site     613.63  <0.0001  ---  0.40 
2008 habitat amount     57.93  <0.0001  3.65  0.23  
1951 residual fractal dimension   17.89  <0.0001 -2.22  0.07 
________________________________________________________________________ 
* Partial regression coefficient after standardizing habitat amount and residual fractal 
dimension 
† The proportion of variance in species richness explained by each variable separately 
 
 
 
 



 25

 
 
 
 
 
 
 
 
 

 
 
 
Figure 2.1. A series of historical aerial photographs illustrating woody plant encroachment at Pedernales Falls State Park between 
1951 and 2008.  
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Figure 2.2: 3-axis plot showing η2, the proportion of variance in 2007 species richness 
explained by habitat amount, for all years and spatial scales. 
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Figure 2.3: ANCOVA showing the relationship between 2007 species richness and 2008 
habitat amount at the 25 m radius scale (R2 = 0.54) for 3 sites (BC: circles and solid line, 
FR: triangles and dotted line PF: squares and dashed line). 
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Figure 2.4: Total October - June (9 months) rainfall (cm) on the eastern Edwards Plateau, 
NCDC data collected in Blanco, TX (1949-1964 and 1976-1980) and in Johnson City, 
Texas (all other years).  Dotted line represents mean for the 60 year period.  Black arrows 
represent the approximate date at which aerial photographs were taken.  Grey arrows 
represent the years in which censuses were performed. 
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Chapter 3:  Habitat fragmentation resulting from woody plant 
encroachment inhibits the spread of an invasive grass 1 

ABSTRACT 

Although habitat fragmentation and species invasions are widely recognized 

threats to biodiversity, few empirical studies have examined both threats together.  Here 

we test the hypothesis that habitat fragmentation may limit the spread of invasive species 

across landscapes.  In central Texas, patches of herbaceous vegetation become 

increasingly fragmented (e.g. smaller and more isolated) as landscapes undergo woody 

plant encroachment.  However, during this process, fragmentation and loss of herbaceous 

habitat are not completely correlated, which allowed us to separate the effects of 

fragmentation from the effects of habitat loss.  At three sites in central Texas, we 

recorded the occurrence of the invasive bunchgrass Bothriochloa ischaemum in 

randomly-located plots in herbaceous patches.  We measured fragmentation of the 

herbaceous habitat around these plots at five scales, using aerial photographs.  B. 

ischaemum occurrence was significantly negatively related to most aspects of 

fragmentation.  These negative relationships were stronger after the effects of habitat loss 

were removed from the effects of fragmentation per se.  The strength of the negative 

relationship between B. ischaemum occurrence and fragmentation varied among sites, 

probably reflecting the influence of grazing and other management practices.  Our results 

indicate that fragmentation, separated from habitat loss, can have positive as well as 

negative conservation effects.  Fragmentation, if wisely used, could be a useful tool in the 

                                                 
1 Large portions of this chapter have been previously published as:  
Alofs K. M. and N. L. Fowler. 2010. Habitat fragmentation caused by woody plant encroachment inhibits 
the spread of an invasive grass. Journal of Applied Ecology, 47, 338-347. 
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management of invasive plant species like B. ischaemum.  Increasing the degree of 

habitat fragmentation may slow the spread of invasive species across landscapes. 
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INTRODUCTION 

Although landscape connectivity is generally regarded as desirable and habitat 

fragmentation as undesirable for conservation purposes, the potential role of connectivity 

in facilitating the spread of introduced species has been recognized for more than 20 

years (Forman and Godron 1986; Simberloff 1988).  Concern has been expressed 

repeatedly (e.g. Simberloff et al. 1992; Whittaker 1998; Proches et al. 2005; 

Lindenmayer et al. 2008), but the hypothesis that connectivity increases, and 

fragmentation decreases, the rate of spread of invasive species, remains largely untested.  

Here we report the results of a test of this hypothesis.  Based on these results, we discuss 

how fragmentation may in some instances be useful in conservation. 

To test the hypothesis that fragmentation, including reduced connectivity, is 

slowing an invasion, we quantified habitat loss, habitat fragmentation and the distribution 

of an invasive grass in the same landscapes.  Habitat loss, habitat fragmentation, and 

species invasions are three important threats to biodiversity world-wide (e.g. Wilcove et 

al. 1998; Sala et al. 2000; Ewers and Didham 2006), but few previous studies have 

investigated the potential interactions between the effects of these factors (Didham et al. 

2007).  It has been suggested that important insights may be gained by integrating 

landscape and invasion ecology (With 2002; Chabrerie et al. 2007), but few studies of 

invasive species have considered the spatial configuration of the landscape being invaded 

(With 2002; Andersen et al. 2004).  This omission is surprising given that natural 

resource managers may have greater control over habitat characteristics than they do over 

arriving propagules.  However, understanding the relationships between landscape spatial 

configuration and the spread of invasive species is challenging because they may be 
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nonlinear, include thresholds, and be sensitive to the spatial resolution at which indices 

are measured (Tischendorf 2001).   

Recent models have suggested that habitat fragmentation may slow the spread of 

species with limited long-distance dispersal but may promote the spread of species with 

better dispersal (With 2002, 2004; Pearson and Dawson 2005).  There are only a few 

previous empirical studies of the role of habitat configuration on the spread of invasive 

species through landscapes, with inconsistent results.  Thiele, Schuckert and Otte (2008) 

found that habitat connectivity and other indicators of low levels of fragmentation are 

positively correlated with the presence of an invasive plant species.  In contrast, 

Bartuszevige, Gorchov and Raab (2006) failed to find a relationship between the 

presence of an invasive plant species and connectivity, but found a strong positive 

relationship with the amount of habitat edge (which increases with fragmentation).  In 

experimental landscapes with equal amounts of habitat, Damschen et al. (2006) did not 

find a significant effect of corridors on the abundance or proportion of introduced species 

in the species pool.   

We tested the role of habitat fragmentation per se in the spread of the invasive 

grass Bothriochloa ischaemum (L.) Keng, which has relatively limited dispersal. We 

hypothesized that  habitat fragmentation has slowed the spread of B. ischaemum and 

therefore its presence in our study plots would be negatively related to the degree of 

fragmentation of the surrounding landscape.  The effects of habitat fragmentation per se 

are difficult to separate from those of habitat loss because these processes often co-occur 

and because many metrics of fragmentation are strongly related to habitat amount 

(Gustafson and Parker 1992; Andrén 1994; Fahrig 2002, 2003).  Habitat fragmentation 

per se has been defined as the breaking apart of habitat independent of habitat loss, 

generally leading to increased number of patches, decreased mean patch size, and 
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increased mean patch isolation (Fahrig 2003).  We took advantage of the widespread 

existence of landscapes in central Texas in all stages of woody plant encroachment, in 

which habitat loss (of herbaceous habitat suitable for B. ischaemum) and fragmentation 

are sufficiently uncorrelated to allow us to separate the effects of habitat loss from the 

effects of habitat fragmentation.  We separated the two effects using principal 

components analysis and by calculating residual metrics from models of various 

individual measures of fragmentation as functions of habitat amount (McGarigal and 

McComb 1995; Trzcinski, Fahrig and Merriam 1999; Villard, Trzcinski and Merriam 

1999; Sleeman et al. 2005; Yamaura, Katoh and Takahashi 2006).  

 

MATERIALS AND METHODS 

Over recent decades, the relative abundance of woody plants has dramatically 

increased in savannas around the world (Van Auken 2000).  In central Texas, woody 

plant encroachment decreases the amount of open herbaceous habitat while the remaining 

habitat becomes more fragmented.  The vegetation of much of the eastern Edwards 

Plateau falls on a continuum from savannas (grasslands with patches of woody plants) to 

woodlands with remnant glades of herbaceous vegetation.  There is variation in the 

configuration and degree of fragmentation of herbaceous habitat in landscapes with the 

same amount of open herbaceous (i.e. non-woody) vegetation.  Dominant woody species 

are Ashe juniper Juniperus ashei J. Buchholz and plateau live oak Quercus fusiformis 

Small.  Dominant grass species include B. ischaemum, Bothriochloa saccharoides (Sw.) 

Rydb., Nasella leucotricha (Trin. and Rupr.) Pohl, Schizachyrium scoparium (Michx.) 

Nash, and several species of Bouteloua and Aristida.   

This study was conducted at three sites on the eastern Edwards Plateau: Balcones 

Canyonlands National Wildlife Refuge (BC), Pedernales Falls State Park (PF) and 
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Freeman Ranch (managed by Texas State University; FR).  These sites differed in 

grazing history and in the frequency and intensity of woody plant removal (Table 1).   

The Eurasian perennial bunchgrass King Ranch bluestem Bothrichloa ischaemum 

was introduced to Texas as early as 1930 (Gabbard and Fowler 2007) and has been 

widely planted for erosion control, revegetation, fodder, and rangeland improvement.  It 

is now common throughout central and southern Texas (Turner et al. 2003).  B. 

ischaemum is the only common non-native invasive plant in the savannas of the eastern 

Edwards Plateau, where it often forms dense, nearly pure stands with low native plant 

species diversity (Gabbard and Fowler 2007).  On the eastern Edwards Plateau the 

distribution of B. ischaemum is unrelated to slope, fire, or grazing history; however, it is 

never found under the canopies of woody plants (Gabbard and Fowler 2007).  Thus for 

the purposes of this study, B. ischaemum ‘habitat’ is any upland open herbaceous area not 

under the canopy of woody plants, regardless of extent.  Bothriochloa ischaemum seems 

to have quite limited dispersal ability (N. L. Fowler personal observation).  Although B. 

ischaemum dispersal has not been explicitly measured, it forms virtual monocultures 

which spread in advancing fronts.  The structure of B. ischaemum spikelets does not 

appear to support wind or animal dispersal. 

Data collection 

Between 5 May and 13 June 2007, we performed a census of 249 1 m radius plots 

in the three sites.  Plots were centred on points randomly selected within herbaceous 

habitat using ArcGIS 9.2.  Each point was located with GPS and aerial photographs.  All 

plant species present at each plot were recorded.  

We selected the landscape metrics listed in Table 2 using criteria of 

interpretability, practicality, descriptiveness, and bias (Jaeger 2000; Neel, McGarigal and 

Cushman 2004; Sleeman et al. 2005).  These eight fragmentation metrics will be referred 
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to as ‘initial metrics’ to distinguish them from other measures of fragmentation derived 

from them (see below).  Attempts to identify a universal set of independent metrics which 

describe the major components of landscape configuration suggest it is necessary to 

consider the behaviour of each metric with regard to the specific processes and 

landscapes being investigated (Tischendorf 2001; Cushman, McGarigal and Neel 2008).  

We chose metrics that describe landscapes rather than patches because fragmentation is a 

landscape-level process (McGarigal and Cushman 2002).  We first selected landscape 

metrics often related to colonization (e.g. nearest neighbour distance) or to extinction 

(e.g. mean patch area), to which we added metrics particularly suited to describing our 

study landscape, in which patches are rarely compact or obvious (Figure. 3.1) (e.g. 

landscape shape index and area-weighted mean fractal dimension).  Measures of 

connectivity which rely upon estimations of dispersal distance were not practical for this 

study because dispersal of B. ischaemum has not been quantified. 

Ideally, fragmentation metrics should assess changes in landscape configuration 

that are independent of habitat amount.  However, most metrics of fragmentation are 

related to habitat amount (Fahrig 2003; Neel et al. 2004).  We included two metrics that 

were developed to describe fragmentation per se: the clumpiness index (McGarigal et al. 

2002; Neel et al. 2004) and patch cohesion (Schumaker 1996; but see Neel et al. 2004 

and our results below).  We also removed the effects of habitat amount by calculating 

'residual metrics' (see below).  

One-metre resolution Digital Orthophotoquads (DOQs) of all study sites taken in 

2004 were obtained from the Texas Natural Resources Information System (TNRIS).  

Using supervised maximum likelihood classification in ArcGIS 9.2, these photographs 

were converted to binary rasters where each cell represented either woody or herbaceous 

habitat (Figure. 3.1).  With these binary rasters, we calculated habitat amount and the 
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eight initial fragmentation metrics (Table 2) for landscapes surrounding each of the 249 

random points (see above).  In landscape studies it is important to choose a scale of 

analysis relevant to the organism or process being investigated (McGarigal and Cushman 

2002).  We anticipated that the relationship between landscape configuration and B. 

ischaemum occurrence may not be detectable for landscapes which are too small or too 

large.  Therefore, we measured fragmentation at five scales: circular landscapes centred 

on the given point with a 10, 25, 56, 75 or 100 m radius.  A 56 m radius landscape is 

approximately 1 hectare.  We used the FragStatsBatch script for ArcGIS 9 which calls 

FRAGSTATS 3.3 (McGarigal et al. 2002) to calculate fragmentation metrics.  The 

distance from each point to the nearest road or trail was also measured using ArcGIS 9.2. 

 

STATISTICAL ANALYSES 

Examining site-to-site and scale-to-scale variation, distance to roads or trails and 
metric correlations 

A χ2 goodness-of-fit test was used to examine differences in the rate of B. 

ischaemum occurrence among sites.  Logistic regressions between B. ischaemum 

presence/absence and the distance to the nearest road or trail were performed to test the 

influence of roads and trails on the occurrence of B. ischaemum.  We examined the range 

and distribution of each of the eight initial fragmentation metrics and of habitat amount at 

each of the five scales to identify important scales and to compare sites.  A 56 m (1 ha) 

radius landscape scale was used for most subsequent analyses (see Results regarding this 

choice).  One-way ANOVA was used to test differences in habitat amount and 

fragmentation metrics among sites.  Pearson product-moment correlations were 

calculated to examine relationships among initial fragmentation metrics and between 

initial fragmentation metrics and habitat amount.  All statistical analyses, with the 
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exception of principal components analysis (see below), were performed using SAS 9.1 

(SAS 2003).   

Description of fragmentation per se 

We used three statistical techniques to describe the variation in habitat 

fragmentation per se (i.e. differences in fragmentation above and beyond those due to 

differences in habitat amount).  These analyses were performed at a single scale, using 56 

m radius landscapes.  In landscapes where all herbaceous habitat occurred in a single 

patch the distance between patches (nearest-neighbour distance) could not be measured.  

The 13 plots in such landscapes were dropped from all analyses of fragmentation per se.   

We calculated residual fragmentation metrics by determining which type of model 

best predicted the value of each initial fragmentation metric as a function of habitat 

amount.  For most of the fragmentation metrics the best model was a linear or quadratic 

polynomial (fitted with the SAS GLM procedure, with appropriate transformations to 

improve the normality of residuals); the model with the largest R2 was considered to be 

the best model (See Appendix A, Table A.1.).  The fragmentation metric patch cohesion 

was an exception: a hyperbolic model was considered, by visual inspection, to provide 

the best fit for this metric (fitted with SAS NLMIXED procedure).  A second exception 

was the fragmentation metric clumpiness, for which no model was fitted, because the 

relationship between it and habitat amount was so weak (see Results).  From the best 

model for each fragmentation metric, except clumpiness, we obtained the residual value 

(i.e. ε̂ i) for each landscape i.  These residual values are our 'residual fragmentation 

metrics' and are free of most of the confounding effects of habitat amount (McGarigal 

and McComb 1995; Villard et al. 1999), although the effects of fragmentation relative to 

habitat amount can be underestimated (Sleeman et al. 2005; Koper, Schmiegelow and 

Merrill 2007).  We calculated Pearson product-moment correlations between each pair of 
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initial fragmentation metrics and habitat amount, and between each pair of residual 

fragmentation metrics and habitat amount.     

We also used principal components analysis (PCA), performed in PC-ORD 

(McCune and Mefford 1999), to summarize the eight initial fragmentation metrics into 

principal components representing gradients of habitat fragmentation (e.g. Trzcinski et al. 

1999; Sleeman et al. 2005).  This technique does not factor out the effect of habitat 

amount a priori, thus making no assumption that habitat amount is more important than 

fragmentation in explaining differences in configuration, but it may obscure non-linear 

relationships between metrics (Cushman et al. 2008).  Therefore we also performed a 

PCA incorporating the seven residual metrics and the clumpiness index for which we did 

not calculate a residual metric (e.g. McGarigal and McComb 1995; Yamaura et al. 2006). 

This PCA accounts for non-linear relationships between metrics and particularly between 

metrics and habitat amount.  We determined the usefulness of each principal component 

with the broken-stick criterion (Jackson 1993).  Principal components with eigenvalues 

greater than expected under the broken-stick (random) distribution were judged 

meaningful.  To determine the relationships between principal component axes and 

habitat amount and between each other, Pearson product-moment correlations were 

calculated.   

Presence/absence of B. ischaemum 

We examined the relationship between local occurrence data (from plots) and 

habitat configuration in surrounding landscapes of various sizes.  Logistic regressions of 

B. ischaemum occurrence (presence/absence) against each of the eight initial 

fragmentation metrics and habitat amount were performed at each of five scales.  At the 

56 m scale, we performed logistic regressions of B. ischaemum occurrence against each 

residual metric and all significant principal components.  The presence/absence of B. 
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ischaemum was the dependent variable in each analysis.  The independent variables in 

each regression were one of the metrics (or principal components), site, and a metric*site 

interaction term.  We determined whether the relationship between the occurrence of B. 

ischaemum and each metric varied substantially among sites by comparing models with 

and without the metric*site interaction term.  If including the metric*site interaction term 

decreased the Akaike Information Criterion (AIC) of a model by 2 or more (Burnham and 

Anderson 2002), we fitted three separate models, one per site.  Otherwise, the pooled 

dataset was retained and the interaction term was dropped from the model. 
 

RESULTS 

Relationship between the occurrence of B. ischaemum and fragmentation 

Regardless of scale, nearly all significant relationships between B. ischaemum 

occurrence and initial fragmentation metrics demonstrate a negative relationship between 

B. ischaemum and fragmentation (e.g. B. ischaemum was more likely to be present in 

plots located in landscapes with less edge and higher patch cohesion) (Figure. 3.2, Table 

3.4, also see Appendix B, Table B.1.).  The strength of the relationship between B. 

ischaemum occurrence and the initial fragmentation metrics often varied among sites and 

was significant more often at PF than other sites (Table 3.4).  Using residual metrics 

improved our ability to detect the negative relationship between B. ischaemum 

occurrence and fragmentation across sites: there was less evidence of variation among 

sites and more significant relationships for all sites pooled (Table 3.4).  Further 

supporting the negative relationship between occurrence and fragmentation, B. 

ischaemum was more likely to be present in plots further to the right on the first axis of 

each PCA (Figure. 3.3, Table 3.4).  Occurrence of B. ischaemum was significantly 



 40

negatively related to habitat amount (measured in landscapes with 56 m radius and 

larger) only at PF.  Consistent with this, B. ischaemum was more likely (P > χ2 = 0.0027) 

to be present in PF plots further to the left on the second axis of the PCA of initial 

fragmentation metrics, an axis that was positively correlated with habitat amount (Figure 

3.3, Table 4). 

General description of B. ischaemum distribution 

Bothriochloa ischaemum occurred significantly less often in plots at PF than the 

other sites (Table 1, χ2
2 = 28.00, P < 0.0001).  Pooling all sites, the mean distance from a 

plot to the nearest road or trail was 119 m.  There was no significant site*distance 

interaction (P > χ2 = 0.41) and after pooling sites there was no significant relationship 

between the occurrence of B. ischaemum in a plot and the distance between that plot and 

the nearest road or trail (P > χ2 = 0.18).  Therefore distance to roads was not included in 

further analyses. 

Scale-to scale and site-to-site variation in fragmentation 

Some metrics were relatively invariant to scale (mean nearest-neighbour distance, 

clumpiness index, patch cohesion; Appendix B, Figure. B.1.).  Others increased 

predictably in mean and range with increasing scale, such as number of patches, total 

edge and landscape shape index (Shen et al. 2004).  In general, varying spatial scale did 

not change the sign of the relationship between the local presence of B. ischaemum and 

the degree of fragmentation in the surrounding landscape.  Comparing scales, the 

intermediate scale, 56 m radius, was significant for the most metrics (Table B.2.).  Over 

the five scales analyzed, we found no change in the significance of the relationship 

between B. ischaemum occurrence and landscape shape index or mean patch area.  The 

relationship with habitat amount and patch cohesion, however, was insignificant at 



 41

smaller scales.  For the majority of the remaining metrics the relationship was 

insignificant, or significant only at PF, at larger scales.  We therefore selected the 56 m 

radius scale for analyses separating the effects of fragmentation per se from habitat 

amount.   

Site-to-site differences in most aspects of fragmentation were relatively scale 

invariant although the magnitude of the effect may have changed with scale (Appendix B, 

Figure. B.1.).  At the 56 m scale, landscapes in BC were the least fragmented: they had 

on average larger mean patch area (F246, 2 = 13.74, P<0.0001) and smaller total edge 

(F246, 2 = 31.97, P<0.0001), landscape shape index (F246, 2 = 21.26, P<0.0001) and area-

weighted mean fractal dimension (hereafter fractal dimension) (F246, 2 = 44.51, 

P<0.0001).  Landscapes in FR were on average the most fragmented: they had on average 

a larger number of patches (F246, 2 = 36.92, P<0.0001) and total edge (F246, 2 = 31.97, 

P<0.0001).  The mean amount of habitat in PF landscapes was significantly smaller than 

that at other sites (F246, 2 = 14.03, P<0.0001).   

Correlations between fragmentation metrics and habitat amount 

Using the initial (uncorrected) measures of fragmentation, habitat amount was 

negatively correlated with degree of fragmentation (e.g. strong negative correlation with 

number of patches, strong positive correlation with mean patch area, Table 3.3).  

However, the relationship between clumpiness index and habitat amount was so weak (r 

= 0.17) that a residual clumpiness index was not calculated.  Residual patch cohesion 

was, however, calculated because initial patch cohesion was strongly related to habitat 

amount (r = 0.71) , despite the fact that this metric was developed to measure 

fragmentation apart from habitat amount (Schumaker 1996; but see Neel et al. 2004).  

Residual metrics had little correlation with habitat amount (|r| ≤  0.20, Table 3.3), as 

expected.  Although almost all of the initial fragmentation metrics were strongly related 
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to habitat amount, separating out habitat amount changed the relatively strong 

relationships between them very little (|r| > 0.40; Appendix C, Table C.1.).   

Principal components analysis of fragmentation metrics 

The strong correlations among fragmentation metrics, even after the effect of 

habitat amount had been removed, suggested some redundancy among fragmentation 

metrics; a principal components analysis addresses this.  By the broken-stick method, the 

first 2 axes of the PCA of the initial fragmentation metrics were significant and together 

these axes explained 72.39 % of the sampled variance.  Most of the information about 

fragmentation was captured by the first axis, which explained 49.60 % of the sampled 

variance. The first axis was negatively correlated with metrics which increase with 

habitat fragmentation (e.g. number of patches) and positively correlated with metrics 

which decreased with fragmentation (e.g. mean patch area, Table 3.3).  Additionally, the 

first axis was strongly correlated with those fragmentation metrics which were least 

correlated to habitat amount (including total edge, fractal dimension and clumpiness 

index).  The second axis of this PCA primarily represented habitat amount; it was 

strongly correlated with metrics which were strongly correlated to habitat amount (e.g. 

mean patch area and patch cohesion).  Only the first axis of the PCA of residual 

fragmentation metrics was significant; it explained 55.09 % of the sampled variance and 

was otherwise very similar to the first axis of the PCA of initial fragmentation metrics.   
 

DISCUSSION 

Fragmentation limits invasion 

Bothriochloa ischaemum presence was negatively related to the degree of 

fragmentation of the surrounding landscape, and to the overall gradients of fragmentation 
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represented by principal components.  (Recall that we are referring to the fragmentation 

of the herbaceous habitat, not the encroaching woody matrix.  Also, note that some 

fragmentation metrics increase as fragmentation decreases; we refer here and below to 

fragmentation itself, not to the signs of particular fragmentation metrics.)  These 

relationships support our hypothesis that fragmentation slows the spread of this invasive 

species, and by extension the spread of other species, particularly those with limited 

dispersal.  The negative relationships between B. ischaemum presence and fragmentation 

were more evident when habitat loss was removed from the measures of fragmentation, 

strengthening the conclusion that fragmentation per se had affected B. ischaemum 

distribution.  Studies of B. ischaemum dispersal and establishment may reveal the 

mechanisms underlying these relationships.   

Almost all of the separate measures of fragmentation revealed the expected 

negative relationship between fragmentation and B. ischaemum presence (Table 3.4).  We 

suspect that the effect of fragmentation on B. ischaemum is primarily due to its effects on 

colonization rates.  High patch cohesion, high clumpiness, low total edge, and low 

landscape shape index (all indicators of low fragmentation) are indicators of a landscape 

in which B. ischaemum seed has fewer barriers to dispersal.  Only two measures of 

fragmentation, nearest-neighbour distance and patch area, did not show a clear negative 

relationship between B. ischaemum presence and fragmentation of the surrounding 

landscape.  There was a positive relationship between B. ischaemum presence and the 

distance between patches (mean nearest-neighbour distance).  Fragmentation generally 

leads to increased patch isolation (Fahrig 2003), but the distance between patches may 

decrease as other aspects of fragmentation increase with habitat loss (Tischendorf 2001; 

Fahrig 2003), as it did in our system.  As woody plant encroachment proceeds and 

fragmentation increases, the break-up of large patches creates groups of new patches that 
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are close together.  Mean patch area, the only fragmentation metric never significantly 

related to B. ischaemum presence, may be more strongly related to extinction rates than 

colonization rates.  In our system, there is a highly irregular and interlaced arrangement 

of herbaceous and woody habitat; for example, a single ‘patch’, as defined by contiguous 

pixels of herbaceous habitat, can look like beads on a string (Figure. 3.1).  For this 

reason, the other fragmentation metrics better describe this landscape.     

Site-to-site variation 

Bothriochloa ischaemum presence was most closely related to fragmentation at 

site PF, probably because this species was so common at the other two sites that the 

relationship was obscured.  Together with the conclusion of Gabbard and Fowler (2007) 

that the potential distribution of B. ischaemum in this region is limited only by the 

availability of open (i.e. non-woody) upland area, this suggests that the invasion of B. 

ischaemum at sites BC and FR was much further advanced than it was at PF. As a 

working ranch, FR had the most off-road traffic and was the only site being grazed during 

this study; both vehicles and cattle may have dispersed B. ischaemum seed and thus 

weakened the effects of fragmentation there.  The extensive management of woody plant 

encroachment by prescribed fire and mechanical removal at BC may have obscured the 

relationship between B. ischaemum and fragmentation by changing habitat configuration 

and reducing the number of highly fragmented landscapes at BC in comparison to other 

sites.  

Relationship between invasion and habitat loss 

Because habitat fragmentation occurs with, and covaries with, habitat loss, we 

might expect that B. ischaemum would be rarer in landscapes with less herbaceous habitat 

(more woody cover).  However, at site PF B. ischaemum occurred more often in 
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landscapes with less herbaceous habitat.  A possible explanation is that habitat loss may 

have facilitated the invasion of the remaining habitat by altering the composition of the 

native herbaceous community (Shea and Chesson 2002).  In fact, plots in landscapes with 

less herbaceous habitat did have fewer native species (K. M. Alofs unpublished data).  

Species can be lost as the minimum amounts of habitat required for populations to persist 

in landscapes are reached and populations in more fragmented landscapes may require 

more habitat to persist (Fahrig 2002).  The negative relationship between the amount of 

suitable habitat in a landscape and B. ischaemum presence may have been detectable only 

at site PF because the other two sites had enough herbaceous habitat overall to maintain 

native species populations. 

Habitat fragmentation per se versus habitat loss 

Few other empirical studies have measured the effects of fragmentation per se or 

compared them to the effects of habitat loss (Simberloff 2000; McGarigal and Cushman 

2002; Fahrig 2003).  These studies have found that the relationship between 

fragmentation and native biodiversity can be positive or negative (Fahrig 2002, 2003), the 

effects of habitat fragmentation may be important only when habitat amount is low 

(Andrén 1994; Betts et al. 2006), and the effects of habitat loss tend to be stronger than 

those of habitat fragmentation (Fahrig 2002, 2003).  In contrast, B. ischaemum 

occurrence was more closely related to habitat fragmentation than it was to habitat 

amount (the former relationship was detected at all three sites, the latter only at one site).  

This may reflect the fact that the published studies are mostly of species or population 

persistence following habitat fragmentation, while the present study is of the spread of an 

invasive species through fragmented habitat.   
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Limitations of this study 

We detected a negative relationship between B. ischaemum presence and 

fragmentation despite the limited sample sizes of this observational study and despite 

several factors that would be expected to obscure or weaken the underlying relationship.  

We know very little about the history of B. ischaemum at these sites; the dates and 

locations of its introductions might help to explain some of the unexplained site-to-site 

and plot-to-plot variation in B. ischaemum distributions.  As mentioned above, a better 

understanding of B. ischaemum dispersal mechanisms and the size and shape of its 

dispersal kernel might help explain some of the observed variation.  Finally, as discussed 

above, fragmentation may have reduced native species richness, thus making 

communities more susceptible to invasion, and to some degree counter-acting the direct 

negative effects of fragmentation on B. ischaemum.   

Management implications 

The negative relationship between fragmentation and the presence of this invasive 

grass suggests that habitat fragmentation can limit the spread of invasive species, 

particularly those with limited dispersal.  Land managers should consider fragmentation 

as a tool.  For example, where woody plant encroachment is occurring, as it was in our 

sites, woody plant removal that creates small isolated open patches rather than corridors 

between patches or a single large open area may be effective in slowing the spread of B. 

ischaemum and similar invasive species.  Additionally, managers should consider 

maintaining strips of woody plants or other unsuitable habitat as potential barriers to the 

spread of invasive species (With 2002), particularly between infested and pristine sites.  

In our system, a strip of the width of one adult Q. fusiformis or J. ashei may be sufficient 

to slow the spread of B. ischaemum between patches.  Areas protected or encircled by 

such barriers may be good sites in which to invest resources for invasive plant eradication 
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and the restoration of native communities.  Although fragmentation is unlikely to 

permanently protect an area from invasion, it may slow down invasion sufficiently to 

make these management efforts worthwhile. 

Although our results show that increasing landscape connectivity or creating 

corridors may facilitate the spread of an invasive species with limited long-distance 

dispersal, this should not be interpreted as implying that corridors are not useful in many 

conservation scenarios.  In each case, it is important to examine whether the net effect of 

fragmentation is positive or negative (Levey et al. 2005).   
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Table 3.1. Management histories of three study sites and frequency of B. ischaemum 
observed in plots at each site. 

 
site   years since prescribed fire and  N plots  N plots   
   last grazed mechanical clearing   B. ischaemum 
     of woody plants    present 

 
Balcones   ~15   often, extensive  84  58 (69%) 
Canyonlands 
National Wildlife 
Refuge (BC) 
 
Freeman Ranch  grazed   some,  limited   80  57 (71%) 
(FR)   during study   
 
Pedernales Falls  30+  little   85  30 (35%) 
State Park (PF) 
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Table 3.2.  Description of habitat amount and 8 fragmentation metrics used to describe 
habitat configuration and their relationship to fragmentation (for further description and 
equations see McGarigal et al. 2002).  Metrics that are positively related to the degree of 
fragmentation are expected to be negatively related to B. ischaemum presence, and vice 
versa. 

 
metric   relationship to  description 
   fragmentation   

 
habitat amount  negative  percentage of the landscape comprised of the 
      herbaceous habitat  
 
mean patch area   negative  mean area (m2) of herbaceous habitat patches 
      converted to hectares 
 
clumpiness index negative  proportional deviation of joins between 
      herbaceous habitat cells from that expected from  

a spatially random distribution; ranges from -1 
(maximal disaggregation) to 1 (maximal 
aggregation) 
 

patch cohesion               negative physical connectedness of herbaceous habitat 
given as a percentage; calculated using all 
patches as (1 - ∑ p / ∑ (p √ a))(1 - 1 / √ N)-1 (100); 
where p is patch perimeter (m), a is patch area 
(m2), and N is the total landscape area (m2) 
      

mean    positive or negative  mean for all herbaceous patches of edge-to edge  
nearest-neighbour  (see discussion)  Euclidean distance (m) to the nearest  
distance neighbouring herbaceous habitat patch from cell 

centre to cell centre 
 
number of patches positive   number of patches of herbaceous habitat,  

adjacent cells (by the 8 neighbour rule) belong 
to the same patch 

 
total edge                       positive total length (m) of herbaceous habitat patch 

perimeter 
 
landscape shape  positive   total perimeter of herbaceous habitat patches  
index over minimum perimeter with maximal 

aggregation 
 
area-weighted mean positive   sum for all herbaceous patches of  
fractal dimension    (2 ln (.25 p) / ln a)(a / ∑ a); where p is patch  
      perimeter (m) and a is patch area (m2);  
 approaches 2 with increased patch shape 

complexity 
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Table 3.3. Pearson product-moment correlations between initial fragmentation metrics, 
habitat amount and PCA axes and between residual fragmentation metrics, habitat 
amount and PCA axis (in parentheses). 
 

 
fragmentation metric   habitat amount  1st          2nd  

principal                    principal 
component         component 

 
 
negatively related to fragmentation 
 
habitat amount    ---    0.39 (0.06)   0.76 
 
mean patch area     0.69 (0.19)   0.52 (0.21)   0.54 
 
clumpiness index    0.17 a    0.79 (0.93)  -0.01 
 
patch cohesion     0.71 (0.20)   0.22 (0.43)   0.86 
 
 
positive or negative relationship with fragmentation 
 
mean nearest-neighbour distance -0.40 (-0.05)   0.46 (0.74)  -0.64 
 
 
positively related to fragmentation 
 
number of patches   -0.44 (-0-)  -0.69 (-0.63)  -0.38 
 
total edge    -0.05 (-0-)  -0.88 (-0.95)   0.37 
 
landscape shape index   -0.55 (-0-)  -0.96 (-0.97)  -0.14 
 
area-weighted mean    -0.27 (-0-)  -0.81 (-0.73)   0.29 
fractal dimension 
 
 
a no residual calculated for clumpiness index, insignificant relationship with habitat amount 
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Table 3.4. Results of logistic regressions of B. ischaemum occurrence v. habitat area, 
fragmentation metric, or principal component in 56 m radius (1 ha) landscapes.  For some 
metrics, sites were pooled (see Methods).  Far right column indicates model support for a 
negative relationship between occurrence and fragmentation.  

 
fragmentation  metric    estimated metric value           supports 
     sites pooled BC FR PF          hypothesis 

 
 
negatively related to fragmentation 
 
habitat amount  initial    0.006 0.009 -0.03**  n/a 
  
 
mean patch area  initial   0.88      

residual   2.40 
 
clumpiness index a initial    0.22 1.60 10.90*  yes 
 
patch cohesion  initial    0.02 0.31* -0.14  yes 
   residual    0.07 0.64** -0.01  yes 
 
 
positive or negative relationship with fragmentation 
 
mean nearest-  initial    -0.04 0.06 0.39***  n/a 
neighbour distance residual   0.21*      n/a 
 
 
positively related to fragmentation 
 
number of patches initial  -0.01 

residual  -0.02*      yes 
 

total edge  initial    -0.0004 -0.0002 -0.002*** yes 
   residual    -0.0004 -0.0005 -0.002*** yes 
 
landscape shape  initial  -0.15**      yes 
index   residual  -0.27***     yes 
 
area-weighted mean  initial  -3.37*      yes 
fractal dimension residual  -3.96 
 
1st  principal component    0.23***     yes 
of initial metrics 
 
2nd principal component     0.03 0.58 -0.62**  n/a b 

of initial metrics 
 
1st  principal component   0.26***      yes 
of residual metrics 
 
* P <.05, ** P <.01, *** P < 0.005 
a no residual calculated for clumpiness index, insignificant relationship with habitat amount  

b this axis primarily represents habitat amount, not fragmentation
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Figure 3.1. Typical configuration of habitat in a 56 m radius landscape shown as A) an 
aerial photograph (orthophotoquad) and B) an herbaceous (black cells) and woody (white 
cells) vegetation binary layer created from the photograph. 

A 

B 
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Figure 3.2. Logistic regression models of the probability of B. ischaemum presence 
against initial and residual patch cohesion at FR and initial and residual total edge at PF.  
Fragmentation metrics measured in 56 m radius landscapes. 
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Figure 3.3  Plot of 1st principal component versus 2nd principal component at PF.  Open 
circles represent plots with B. ischaemum absent and solid circles represent plots with B. 
ischaemum present. 
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Chapter 4:  Loss of native herbaceous species due to woody plant 
encroachment facilitates the establishment of an invasive grass  

ABSTRACT 

At neighborhood or community scales, diversity (species richness) and 

invasibility have often been found to be negatively related, most likely due to biotic 

resistance.  However, realistic diversity gradients have rarely been studied at this scale.  

We examined the effects of realistic species losses on community invasibility by 

removing species which occurred less frequently as woody plant encroachment advanced.  

In particular, we examined effects on invasion by the non-native grass Bothriochloa 

ischaemum.  We were unable to distinguish the effects of an experimental reduction in 

species richness from those of a biomass removal treatment that left species richness 

unchanged.  However, reducing species richness significantly increased Bothriochloa 

ischaemum germination and transplant size over the unmanipulated control: reducing 

richness increased invasibility.  From other studies, we know that the landscape changes 

associated with woody plant encroachment are negatively related to native herbaceous 

species; combined with the results of the present study, this indicates that encroachment 

indirectly increases invasibility.  However, we also know that encroachment also directly 

slows the spread of B. ischaemum.  Thus the negative relationship between richness and 

invasibility causes encroachment to have both negative and positive effects on 

invasibility in this system and likely in others.  We suggest that whenever habitat 

fragmentation limits the dispersal of both natives and non-natives it can have 

simultaneous opposing effects on invasions.    
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INTRODUCTION 

Invasions by non-native species are recognized as a leading threat to global 

biodiversity and ecosystem functioning (Chapin et al. 2000, Sala et al. 2000, Clavero and 

García-Berthou 2005).  The impact of an introduced species is determined by both the 

invasiveness of that species and the invasibility of the community where it is introduced.  

Both ecologists and conservation biologists are interested in what makes some 

communities more susceptible to invasion than others as it relates to community 

assembly and has potential conservation applications (Levine et al. 2004).  Addressing 

this, the relationship between diversity and invasibility has been tested in a number of 

taxa and ecosystems with contrasting results (reviewed by Levine and D'Antonio 1999, 

Herben et al. 2004, Fridley et al. 2007).  Generally, at small scales, experiments have 

demonstrated that invasion is more likely in less diverse communities (reviewed in 

Levine et al. 2004).  At larger scales, however, the pattern is reversed: there are more 

invasive species in sites with higher species richness (e.g., Stohlgren et al. 2003).  This 

so-called ‘invasion paradox’ may be related to different factors acting at different spatial 

scales.   

Positive correlations between diversity and invasibility at large spatial scales have 

been attributed to factors that vary at large spatial scales and affect both native and exotic 

species in similar ways (Naeem et al. 2000).  Factors like this may include resource 

levels (Shea and Chesson 2002), propagule supply (Levine 2000), disturbances 

(Rejmánek 2003) and magnitude of within-site environmental heterogeneity (Davies et 

al. 2005).  Recent studies have found that both the slope and correlation of the 

relationship between native and exotic species richness increase with spatial scale 

(Fridley et al. 2004, Davies et al. 2005, Stohlgren et al. 2006).   
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Negative relationships between diversity and invasibility at neighbourhood or 

community levels are usually attributed to biotic resistance, especially competition.  

Niche theory suggests that diverse communities should be more efficient at exploiting 

resources leaving fewer resources available for arriving species (Elton 1958, Tilman 

1999).  However, as communities with higher species richness are more likely to include 

strongly competitive or invasion resistant species the negative relationships observed in 

experimental studies have also been attributed to sampling effects (Wardle 2001).  

Importantly, niche and sampling effects are not necessarily exclusive of one another 

(Hooper et al. 2005, Fridley et al. 2007).  In contrast, neutral theory suggests that all 

species are functionally equivalent and communities are not influenced by niche related 

processes (Hubbell 2001).  Accordingly, negative relationships between diversity and 

invasibility may be statistical artifacts of neutral competitive interactions as communities 

can only accommodate a limited number of individuals regardless of their identity or 

functional characteristics (Fridley et al. 2004). 

Early experiments examining the effects of biodiversity on invasiveness or other 

aspects of ecosystem function were criticized as confounding the effects of species 

richness with those of community composition (Huston 1997).  This led to experiments 

designed to test the effects of randomized species loss and also specific changes in 

functional diversity, evenness and productivity (reviewed in Hooper et al. 2005, 

Srivastava and Vellend 2005, Fridley et al. 2007).  These experiments demonstrated that 

the nature of the relationship between biodiversity and ecosystem function is often 

strongly related to choices in experimental design but the effects of functional diversity 

tend to outweigh those of species diversity (Srivastava and Vellend 2005). 

While carefully designed experiments can address the effects of community 

composition or richness per se by controlling for other factors (Fridley et al. 2007), the 
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applicability of their results to conservation efforts may be limited for several reasons.  

First, few experiments replicate natural patterns of environmental heterogeneity, 

disturbances, or community assembly (Fridley et al. 2007).  Second, many factors 

(habitat loss, climate change, nutrient cycling, etc.) cause changes in diversity or 

composition and patterns of species loss are likely to vary by the type and magnitude of 

the factor in question (Hooper et al. 2005).  Finally, extinction is often non-random and 

biased by individual traits (e.g. size, functional traits, rarity, competitiveness, trophic 

level) (Zavaleta and Hulvey 2004, Hooper et al. 2005, Srivastava and Vellend 2005).  

Few studies have compared the effects of realistic and random species losses on 

ecosystem function (Srivastava and Vellend 2005).  Zavaleta and Hulvey (2004 and 

2007) demonstrated that the effects of biodiversity loss can depend on both the functional 

identity of the individual species and the order in which they are lost.  They found that 

over time entire plant functional groups were lost from California grasslands faster than 

expected by chance and this led to declining resistance to invasion by Centaurea 

solstitialis (yellow star-thistle).  Losure et al. (2007) tested the effects of reduced 

diversity on the invasibility of tallgrass prairie in two extinction scenarios involving the 

loss of short and tall species.  Their results suggest that the effects of reduced diversity on 

invasibility can depend on the phenological traits of the species becoming rare. 

Here we examine the effects of woody plant encroachment on the invasibility of 

the native herbaceous community.  Alofs et al. (Chapter 2) found that woody plant 

encroachment on the eastern Edwards Plateau of central Texas leads to reduced local 

native species richness, primarily due to loss of habitat in the surrounding landscape.  

Here we used removal experiments to test whether this species loss facilitates the 

establishment of the invasive bunchgrass Bothriochloa ischaemum (King Ranch 

Bluestem) by examining its germination, survival and growth.    
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METHODS 

Study area and study organism 

During the last century, the density and cover of woody plants has rapidly 

increased in savannas and grasslands around the world (Van Auken 2000, 2009).  On the 

eastern Edwards Plateau of central Texas, this woody plant encroachment, primarily by 

Juniperus ashei, leads to habitat loss and habitat fragmentation for the native plant 

communities that occur in open herbaceous habitat (as pictured in Figure 2.1).  

Observational studies have demonstrated that this habitat loss and habitat fragmentation 

is related to decreased native species diversity (Chapter 2), but also to decreased presence 

of the invasive Eurasian perennial bunchgrass, Bothriochloa ischaemum (King Ranch 

Bluestem) (Alofs and Fowler 2010).  B. ischaemum was planted for erosion control and 

rangeland improvement, and it is the only common non-native invasive plant in central 

Texas savannas (Gabbard and Fowler 2007).  The distribution of this grass is unrelated to 

slope, fire history, and grazing history, but like most native herbaceous species in this 

system it will not grow under the cover of woody plants (Gabbard and Fowler 2007).  

Finally, high B. ischaemum cover is correlated with low native species richness (Gabbard 

and Fowler 2007).   

Experimental design 

In August 2007, 111 1 m radius circular plots were established in herbaceous 

patches across three sites in Pedernales Falls State Park.  No B. ischaemum was present in 

any of the plots.  Plots also had less than 25% cactus cover.  The edges of plots were at 

least 1 m apart.  Site A was composed of two patches separated by J. ashei with tight red 

clay soil (rhodustalf).  Site B had sandier soil and more cacti than the others, and site C 

had the most rocky soil.  All three sites overlie limestone bedrock.  In each site, plots 
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were assigned to triplets with similar composition and proximity.  Dominant grass 

species in these plots included Nasella leucotricha, Bothriochloa laguroides, 

Dicanthelium oligosanthes, Paspalum setaceum, Digitaria cognata and species of 

Aristida and Bouteloua and Sporobolus.  Common forbs included Galium virgatum, 

Oxalis drummondii, Sida abutifolia, Gaura brachycarpa, Croton monanthogynus, 

Evolvulus sericeus, Chaetopappa asteroides, Lygodesma texana, Ratibida columnaris 

and species of Plantago, Medicago, and Tragia.  The dominant woody species near these 

plots were Ashe juniper (Juniperus ashei) and Plateau live oak (Quercus fusiformis).  

Within each triplet, plots were randomly assigned to one of three levels of the 

vegetation treatment: (1) unmanipulated (2) biomass removal, and (3) species removal 

(species richness reduction).  There were 12 or 13 replicate triplets per treatment per site.  

We re-analyzed data from an earlier study (Chapter 2) to select the species to be removed 

in the species removal treatment.  We selected the species which were most frequently 

absent where woody plant encroachment had reduced the amount of herbaceous habitat in 

the surrounding landscape.  In that study, we had collected field data on the occurrence of 

native species and the relative cover of B. ischaemum in plots located in open herbaceous 

patches, and had combined these data with measures of the amount of herbaceous habitat 

(i.e., without woody cover) around each plot based on aerial photographs.  For the 

analysis for this study, we eliminated plots on rocky hillsides and plots with >5% B. 

ischaemum from the data set, so as to  limit the effects of variation in community 

composition due to edaphic differences (Fowler and Dunlap 1986) and the invasive grass 

B. ischaemum (Gabbard and Fowler 2007).  Twenty-seven 1m-radius circular plots 

remained.  The plots with more than 70% herbaceous cover in the surrounding 10m-

radius circular landscapes were considered 'open' and the remaining plots were 

considered 'closed'.  The mean herbaceous species richness was 22.63 (SE 1.75) in open 
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plots and 17.26 (SE 1.35) in closed plots.  We chose the 14 species which occurred at 

least 20% more frequently in 'open' than 'closed' plots to be removed in the species 

removal treatment (Table 4.1).  These 14 species included 7 grass species and 7 forb 

species, and 8 perennials and 6 annuals.  To confirm that the species we removed 

occurred less frequently with woody plant encroachment, we also performed a logistic 

regression of the occurrence of each species in plots (across the 3 sites in our 

observational study) against the amount of herbaceous habitat in the surrounding 

landscape. 

In the biomass removal treatment, random plants were removed until the wet 

plant biomass removed matched that removed from the species removal plot in the same 

triplet.  Plants were not removed from the biomass effects control if they were the only 

individual of the species within the plot so that the species richness of these plots was 

unchanged.  Removal in both treatments was performed by cutting plants at the base to 

prevent soil disturbance.  There was little regrowth, which was removed in the same way, 

as were newly germinated plants, to maintain the treatments.  Whenever this was done to 

a richness removal plot, an equivalent wet biomass was removed from the biomass 

removal plot in the same triplet.  We measured the total wet and dry biomass of all 

vegetative material removed from each plot on each date. 

In fall 2007 and 2008, B. ischaemum seed was collected across Pedernales Falls 

State Park.  Approximately 10% of each year’s seed germinated in greenhouse 

conditions.  In November 2007 and October 2008, ~3000 B. ischaemum seeds (~300 

viable seeds) were added to each of 9 replicate plots per treatment at each site.  The 

remaining plots were used to measure the effects of any seed rain from the surrounding 

habitat.  In April 2008, 6 greenhouse-grown B. ischaemum plants were transplanted into 

each of 11 replicate plots per treatment across two of the sites (A and B), a total of 198 
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plants in 33 plots.  These one or two tiller plants were added to plots approximately 0.5 m 

from the center of each plot and 60o from each other.  Plants dying from transplant shock 

or removed by armadillos were replaced for 3 weeks.  Plants were watered every one to 

three days for 6 weeks following transplanting. 

Each August and May from the beginning of the experiment through October 

2009, we recorded B. ischaemum response and the relative cover of each species present 

in each plot.  We recorded B. ischaemum germination in a 0.5 m radius subplot at the 

center of each plot.  For each of these seedlings and for each transplant we recorded 

survival and size (as number of tillers).   

Data analysis 

For each census, we used nested ANOVA to test differences in native species 

richness between sites, triplets within sites and treatments.  We used a paired t-test to test 

the differences between removal treatments in the total amount of biomass removed from 

plots through the spring of 2009.  We also used ANOVA to test differences between 

treatments in B. ischaemum germination (# of germinants per plot).  We tested 

differences in germination among treatments, both by pooling all sites and by testing site 

C, where most germination occurred, separately.  Log and square root transformations 

were applied as necessary to meet the normality assumptions of these models.  When the 

normality assumptions of ANOVA could not be met with transformations, we tested 

differences between treatments with Wilcoxan signed-rank comparisons, which take into 

account the proportion of plots with no germination.  We also tested the significance of 

the effects of triplet and species richness on germination by adding these as covariates in 

the above models.  We examined the relationship between germination and species 

richness with linear regression and, where the normality assumptions of this test could 

not be met despite transformations, with Spearman rank correlation coefficients.  Finally, 
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we used ANOVA to test differences between treatments in B. ischaemum transplant 

survival (% survival per plot) and size (mean # of tillers per plant in each plot with 

surviving transplants) as measured in the spring of 2009.  All analyses were performed 

with SAS 9.1 (SAS 2003). 
 

RESULTS 

The number of species removed from each species richness reduction plots ranged 

from 3 to 8, with a mean of 4.92 (SE 0.23).  Before removals were performed, there were 

no significant differences in initial species richness between plots assigned to different 

treatments (Figure 4.1).  After removals, in every census except that made in the spring of 

2008, species richness was significantly lower in species removal treatments than control 

and biomass removal treatments, which did not differ significantly from each other 

(Figure 4.1).  The mean total biomass removed from species removal treatments was 

270.26 g when wet and 123.30 g when dry.  The mean total biomass removed from 

biomass removal treatments was 268.96 when wet and 135.72 when dry.  There was no 

significant difference in the total wet biomass removed from plots in the two removal 

treatments (paired t-test, t = 0.14, P = 0.89, df = 26).  There was more dry biomass 

removed from biomass than species removal plots (paired t-test, t = -2.27, P = 0.03, df = 

26).   

Shortly after experimental treatments were performed and B. ischaemum seed was 

added to plots, central Texas entered a period of drought (Figure 4.2).  No B. ischaemum 

germination was observed during the winter and spring of 2008 and the fall of 2009.  

Very little germination was observed in the spring of 2009: out of the 81 plots with seed 

added, germination was observed in only 33 plots (site A: 11 of 27 plots; site B: 3 of 27 

plots; site C: 19 out of 27 plots.  No germination was observed in unseeded plots.  We 
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therefore limited our analysis to the 27 replicate seeded triplets.  None of the B. 

ischaemum which germinated in the spring of 2009 survived until the fall of 2009.  Only 

transplants in one site (A) survived until the spring of 2009. 

Pooling all three sites, there was approximately three times as much germination 

in species removal plots as control plots and twice as much germination in biomass 

removal plots as control plots (Figure 4.3).  Germination was higher in species removal 

plots than control plots (n = 27 species; removal – control: P = 0.003), but the biomass 

removal was not significantly different from the other treatments (n = 27; biomass 

removal – species removal: P = 0.35, biomass removal – control: P = 0.12) (Wilcoxan 

signed-rank tests).  The differences between treatments observed across sites were 

reflected at site 3 where there was the most germination overall (Figure 4.3).  Because of 

the higher germination rates at this site we were able to use ANOVA, together with 

contrasts of pairs of treatments, to compare numbers of germinants among treatments 

(Figure 4.3, ANOVA, F(2, 24) = 3.95, P = 0.03).  Triplet did not significantly explain any 

further variation in germination when added to this model as a covariate (F(10, 16) = 1.60, 

P = 0.20); nor did native species richness (as measured in spring 2009; F(3, 23) = 3.28, P = 

0.08).  Regression of native species richness versus B. ischaemum germination across all 

sites violated normality assumptions.   

Nested ANOVA demonstrated significant differences in species richness 

measured in spring 2009 among sites and among triplets within sites, as well as between 

the experimentally-imposed differences among treatments.  The magnitudes of the 

differences in richness between sites (16.07, 19.04, and 24.04 species/plot on average in 

sites A, B, and C respectively, in spring 2009) were about the same as the differences 

created by the species removal treatment (~ 5 species removed; see above).  Average 

differences between triplets within a site were on average less than 1 species.  Sites also 
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differed in germination rate: Site C had both the greatest richness and the most 

germination; Sites A and B had the lower richness and less germination; these site-to-site 

differences, which are independent of treatment effects, created a significant positive 

correlation between germination and richness when all plots were pooled (Spearman's 

ρ = 0.25, P = 0.02, N= 81); the effects of the treatments on germination are obscured by 

the pooling of sites in this correlation.  

There were no significant differences between treatments in the number of B. 

ischaemum transplants per plot surviving until spring 20009 at Duck (Figure 4.4A, 

ANOVA, F(2, 12) = 0.76, P = 0.49).  Transplants were nearly twice as large in plots where 

species were removed than in unmanipulated controls; biomass removals were 

intermediate (Fig. 4.4B).  The overall effect of treatment on transplant size was not 

significant (Figure 4.4B, ANOVA, F(2, 12) = 3.56, P = 0.06).  Our two a priori contrasts 

were that transplants in the species removal treatment would be larger than in the controls 

and that transplants in the species removal treatment would be larger than transplants in 

the biomass removal; the latter comparison is a test of the effects of richness independent 

of changes in biomass.  The first contrast was significant (F(1, 12) = 7.05, P = 0.02) but the 

second was not (F(1, 12) = 2.38, P = 0.15), although the differences in mean size are in the 

were in the expected directions and were similar to the differences in germination we 

observed between treatments (Figures 4.3 and 4.4B).   
 

DISCUSSION 

The invasive non-native grass Bothriochloa ischaemum was significantly more 

likely to establish in plots with lower species richness than in unmanipulated control 

plots, implying that competition from native species reduces the invasibility of this 

herbaceous community.  This finding is compatible with observations that B. ischaemum 
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abundance is negatively correlated with native species richness (e.g. Figure 4.5 and 

Gabbard and Fowler 2007) and furthermore, implies that causality probably goes in both 

directions: competition from native species at least slows B. ischaemum invasion and 

competition from B. ischaemum reduces native diversity and biomass.    

We experimentally tested B. ischaemum establishment across a realistic diversity 

gradient.  Performing removals allowed us to test the effects of species losses in situ, with 

natural community composition and species interactions (e.g. Lyons and Schwartz 2001).  

However, the effects of changes in species richness and community composition were 

necessarily confounded, so that we cannot say whether invasibility is determined by 

reduced diversity, by the loss of a particular species, or both.  In the savanna community 

we studied, variation in native herbaceous diversity is negatively correlated with the 

degree of woody plant encroachment (Chapter 2).   The mean number of species removed 

in our species removal treatment (~5) is equal to the average number of species lost with 

a 40% decrease in the amount of herbaceous habitat due to woody plant encroachment 

(Figure 2.2).  Because encroachment reduces native species richness, and native species 

richness slows B. ischaemum invasion, woody plant encroachment indirectly facilitates 

the establishment of this invasive species.   

In both B. ischaemum germination and size, the biomass removal treatment was 

intermediate between the species removal treatment and the unmanipulated control and 

not statistically different from either. However, sample sizes were small due to a drought.  

If there was a real difference between the biomass removal treatment (leaving species 

richness unchanged) and the control, it would be evidence for neutral competitive 

dynamics limiting invasion.  A real difference between the biomass removal treatment 

and the species removal treatment (reducing species richness and biomass) would be 

evidence for an effect of community composition above and beyond any effects of 
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neutral competitive dynamics.  None of the effects are likely to have been due to soil 

disturbance: our removal technique minimized soil disturbance, and removals were 

performed well before B. ischaemum germination occurred.  

Importantly, germination was observed in all treatments, which suggests that 

while biotic resistance appears to reduce establishment of B. ischaemum, it does not 

completely prevent it.  Unfortunately, none of the B. ischaemum which germinated in our 

plots survived through the summer of 2009, limiting the conclusions that we can draw 

about the effects on B. ischaemum at stages beyond germination.  It has been suggested 

that biotic filters may be more likely to affect survival, growth and reproduction than 

germination (Theoharides and Dukes 2007).  While we saw no difference among 

treatments in survival, this may be due to the limited sample size of our transplants or the 

strong effects of drought obscuring any differences among treatments.  We did, however, 

observe differences between treatments (p < 0.06) in transplant size after one year of 

growth which were in the same direction as the differences we observed among 

treatments in germination.  These results suggest, but do not definitively prove, that 

native species richness rather than neutral competitive dynamics limits B. ischaemum 

growth.  Levine et al. (2004) suggest that while biotic resistance may play some role in 

reducing the establishment of invasive species, it likely plays a more important role in 

regulating the growth, spread, and impacts of invader populations.   

While the differences we observed between treatments suggest that species 

richness is negatively related to invasibility, we found that germination was positively 

related to species richness when all plots were pooled.  These results illustrate the 

paradox found in the literature (Levine and D'Antonio 1999, Herben et al. 2004, Fridley 

et al. 2007).  This positive correlation appears to be the result of site-to-site differences in 

germination and species richness.  Because our experimental design incorporated 
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variation at different scales, we have demonstrated that relationship between diversity 

and invasibility in this system is negative over approximately 2 - 10 m (the distance 

between plots within triplets) but becomes positive relationship over ~ 0.35 - 2 km (the 

distance between sites).  Harrison (2008) suggests that at broad scales the strength of 

competition may remain unchanged while its effect on invasion may be masked by the 

effects of environmental variation.  Regardless of any positive relationship between 

native species richness and invasibility at large scales, species extinctions at 

neighborhood or community scales appear to facilitate invasion by exotic species (Fridley 

et al. 2007).  

Our results support the assertion that in a given location species richness can 

contribute to invasion resistance and therefore should be maintained or restored whenever 

possible.  Fridley et al. (2007) suggest this may be particularly relevant in fluctuating 

environments where single or few species cannot exploit all available resources through 

time.  This may be important in our study system as the precipitation of the eastern 

Edwards Plateau is highly variable and unpredictable.  Understanding the role of biotic 

resistance in limiting species invasions across realistic diversity gradients is one 

important step in demonstrating to the importance of conserving native biodiversity to 

maintain ecosystem function (Srivastava and Vellend 2005).  Next, we should consider 

how this knowledge might be applied in building or restoring more invasion resistant 

communities (e.g. Funk et al. 2008).  How B. ischaemum invasion proceeds given the 

rapid woody plant encroachment in this system, may be determined by invasibility of the 

native herbaceous community that appears at a site (from the seed bank or through 

restoration) after J. ashei has been cleared.
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Table 4.1. The 14 species which were removed from species removal treatment plots, their frequency in open and closed sites 
at Pedernales Falls, results of logistic regression of each species presence/absence against habitat herbaceous habitat amount in 
plots at three sites in a previous observational study and the frequency with which each species occurred and was removed in 
species removal plots. 
________________________________________________________________________________________________ 
Species   freq open freq closed logistic regression   freq in species    
        estimate Pr>ChiSq removal treatment 
________________________________________________________________________________________________ 
 
annual grasses 
Limnodea arkansana  3/8  2/19  0.0120  0.1056    4/27 
Vulpia octoflora  3/8  3/19  0.0166  0.0779    1/27 
 
perennial grasses 
Buchloe dactyloides  2/8  0/19  0.0492  0.0001    2/27 
Hillaria belangeri  4/8  2/19  0.0226  0.0249    2/27 
Nasella leucotricha  6/8  5/19  0.0279  0.0002    8/27 
Digitaria cognata  5/8  6/19  0.0113  0.1094  18/27 
Paspalum setaceum  5/8  7/19  0.0176  0.0264  27/27 
 
annual forbs 
Phyllanthus polygonoides 3/8  2/19            -0.0093  0.2937    9/27 
Linaria texana   3/8  3/19  0.0226  0.0368    5/27 
Chaerophyllum tainturieri 4/8  4/19  0.0054  0.4815    7/27 
Lepidium virginicum  4/8  5/19  0.0180  0.0220  10/27 
 
perennial forbs 
Dalea nana   4/8  0/19  0.0170  0.4919*   6/27 
Verbena halii   4/8  1/19  0.0519  0.0002  22/27 
Gaura brachycarpa  5/8  3/19  0.0320  0.0004  14/27 
 
*Dalea nana was only observed 5 times across all sites 
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Figure 4.1.  Mean species richness across treatments from before treatments were 
imposed through the fall of 2009; Control  , biomass removal  , species removal  .   
Bars represent 1 SE.  Nested ANOVA, including site and triplet within site, found no 
significant differences before treatments initially or in spring 2008 (initial F(2, 52) = 0.40, 
P = 0.6704; spring 2008: F(2, 52) = 1.18, P = 0.3143) but significant differences between 
treatments in every other census (fall 2007: F(2, 52) = 14.69, P < 0.0001; fall 2008: F(2, 52) 
= 3.40, P = 0.0410; spring 2009: F(2, 52) = 10.79, P = 0.0001; fall 2009 F(2, 52) = 14.72, P < 
0.0001).   
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Figure 4.2.  Total monthly precipitation recorded in Johnson City, TX from January 2007 
- August 2009.  Dotted line represents mean monthly precipitation for 1958-2008.  
Arrows indicate when B. ischaemum seed was added to plots. 
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Figure 4.3. Mean number of germinants observed per treatment at Site C  and at all sites 
combined .  Bars represent 1 SE.  At Site C, there were significant differences among 
treatments (ANOVA F(2, 24) = 3.95, P = 0.0329).  Treatments with shared letters were not 
significantly different.  When all sites were combined, germination was higher in species 
removal plots than control plots (n = 27 species removal versus control P = 0.0027), but 
biomass removal was not significantly different from the other treatments (n = 27, 
biomass removal versus species removal: P = 0.3496, biomass removal versus control: P 
= 0.1213) (Wilcoxan signed-rank tests).   
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Figure 4.4.  Mean responses of transplants to treatments, measured in spring 2009.  Bars 
represent 1 SE.  (A) There were no significant differences in survival among treatments 
(ANOVA, F(2, 12) = 0.76, P = 0.49). (B) The overall effect of treatment on transplant size 
was not significant (ANOVA, F(2, 12) = 3.56, P = 0.06).  A priori contrasts showed 
significant differences in growth between species removal and control treatments (F(1, 12) 
= 7.05, P = 0.02) but not between species removal and biomass removal treatments (F(1, 

12) = 2.38, P = 0.15). 
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Figure 4.5.  Mean native species richness for five categories of B. ischaemum cover at the 
three sites included in the observational study.  Bars represent 1 SE.  ANOVA, F (5,243) = 
7.95, P < 0.0001.  Different letters indicate significant differences between cover 
categories. 
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Chapter 5: Conclusion 

 

In the three previous chapters, I have demonstrated both direct and indirect effects 

of woody plant encroachment, and consequent habitat loss and habitat fragmentation, on 

native herbaceous species and an invasive grass, Bothriochloa ischaemum.  These effects 

are illustrated in Figure 5.1.  I have used a series of aerial photographs to examine habitat 

loss and fragmentation between 1951 and 2008 as woody plant encroachment has 

proceeded in three sites on the eastern Edwards Plateau.  I have shown that native species 

richness declines with habitat loss and fragmentation and that the effects of the former are 

stronger and occur more quickly than those of the later (Chapter 2).  I have also 

demonstrated that habitat fragmentation slows B. ischaemum invasion by fragmenting 

available herbaceous habitat (Chapter 3, Alofs and Fowler 2010).  The most likely 

mechanism for this direct effect is via negative effects on B. ischaemum seed dispersal.    

Fewer native species are found in areas where B. ischaemum is abundant (Figure 

4.5, Gabbard and Fowler 2007).  This correlation is often attributed to the invasive grass 

outcompeting native species.  However my experimental study suggests that competition 

from native species can also directly limit establishment of the invasive grass (Chapter 4).  

This experiment also demonstrated that woody plant encroachment can indirectly 

promote B. ischaemum invasion through its negative effects on species richness.  

However, without quantifying or observe the negative effects of increasing B. ischaemum 

abundance on native species richness, it remains difficult compare the positive and 

negative effects of woody plant encroachment on native biodiversity.  As woody plant 

encroachment proceeds, habitat fragmentation reduces the likelihood of B. ischaemum 

spreading between patches.  However, in the event that seed spreads to a new location, 
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reduced native species richness will likely facilitate establishment of the invasive grass.  

The high frequency of B. ischaemum occurrence across these sites (Table 3.1) and the 

increase in B. ischaemum occurrence and abundance between 2002 (Gabbard and Fowler 

2007) and 2007 (Table 5.1) suggests that B. ischaemum invasion is proceeding rapidly 

and that active management is needed to limit its impacts on native biodiversity.  Results 

from Chapter 3 suggest that habitat fragmentation can be used as a tool to slow the spread 

of B. ischaemum.  The experimental data presented in Chapter 4 suggests that, after 

removing woody plants, supplementing native species diversity with seed additions may 

hinder B. ischaemum establishment. 

Whether woody plant encroachment has a net positive or negative effect on B. 

ischaemum invasion and native plant diversity overall remains to be determined.  In 

either case, the multiple and opposing effects of concurrent habitat fragmentation and 

loss may be common in other systems.  Fragmentation creates barriers to dispersal which 

should directly limit the spread of both native and non-native species with limited 

dispersal.  Given that fragmentation and habitat loss usually occur together and both can 

contribute to the loss of native species, the indirect effects on invasibility that I have 

experimentally demonstrated are likely with any habitat fragmentation. 
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Table 5.1. Frequency of B. ischaemum occurrence and relative abundance in plots in 
herbaceous habitat visited at Pedernales Falls State Park and on three management tracts 
at Balcones Canyonlands National Wildlife Refuge (BC) in 2002 (Gabbard and Fowler 
2007) and 2007 (Chapter 3).  Different plots were visited in each study. 

 
site/tract  year  N plots   N plots   N plots  > 50% 
     visited  B. ischaemum   B. ischaemum 
       present   cover 

 
Pedernales Falls  2002  48    4 (8%)     0 (0%) 
State Park   2007  85  30 (35%)    7 (8%) 
 
BC Doeskin   2002     8    1 (13%)    0 (0%) 
   2007  21  14 (67%)    5 (24%) 
 
BC Eckhardt   2002      9     5 (56%)    3 (33%)  
   2007  21  16 (76%)    9 (43%)  
 
BC Nagel  2002  10    1 (10%)    1(10%) 
   2007    8    6 (75%)    1 (13%) 
 
BC overall  2002  27  14 (52%)    4 (15%) 
   2007  50  36 (72%)  15 (30%) 
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Figure 5.1. Possible direct (solid arrows) and indirect effects (dashed arrows).  The 
relationships between woody plant encroachment and habitat loss and fragmentation were 
quantified by analyzing aerial photographs (black arrows).  Chapter 2 demonstrated the 
negative effects of habitat loss and habitat fragmentation on native plant biodiversity 
(blue arrows).  Chapter 3 demonstrated the negative relationship between habitat 
fragmentation and the spread an invasive grass, B. ischaemum (red arrow).  Chapter 4 
showed the negative relationship between native plant biodiversity and invasibility and 
the indirect positive effect of woody plant encroachment on invasion (green arrows).  
Gray arrows represent effects not directly studied. 
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Appendix A: Models of initial fragmentation metrics versus habitat amount  

 

Table A.1. Models (metrics v habitat amount) used to derive residual fragmentation metrics in 
Chapter 3. 
 
linear model: metric value i = β̂ 0 + β̂ 1 habitat amount i + ε̂ i 

quadratic model: metric value i = β̂ 0 + β̂ 1 habitat amount i + β̂ 2 (habitat amount i)2 + ε̂ i 

hyperbolic: metric value i = β̂ 0 habitat amount i / (1+ β̂ 1 habitat amount i) + ε̂ i 

 
metric transformation model r2 P > F 

number of patches  quadratic 0.21 <.0001 

total edge  quadratic 0.36 <.0001 

landscape shape index  quadratic 0.41 <.0001 

mean patch area log linear 0.71 <.0001 

area-weighted mean fractal dimension  quadratic 0.36 <.0001 

mean nearest-neighbour distance reciprocal linear 0.29 <.0001 

patch cohesion  hyperbolic N/A <.0001 
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Figure A.1. Plot of the quadratic regression model of total edge v habitat amount used to 
derive the residual total edge metric used in Chapter 3.    
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Appendix B:  The effects of spatial scale on fragmentation metrics and on the 
relationship between fragmentation metrics and the occurrence of 

Bothriochloa ischaemum 



 

 82

 
 
Fig. B.1. Box plots representing the distribution of habitat amount and each initial fragmentation metric at 3 sites and 5 spatial scales.  
Boxes represent 25th and 75th percentiles.  Whiskers represent 10th and 90th percentiles.  Bold lines represent means.  Bars above site 
labels represent significant relationships from logistic regression between occurrence and metrics.  Arrows represent direction of 
relationship, * p<0.05, ** p<0.01.  Bars extending above all three sites represent models with no metric*site interaction.

82 
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Table B.1. Results of logistic regressions of B. ischaemum occurrence v. habitat amount or 
fragmentation metric in landscapes of 5 scales.  Sites were pooled if the interaction with site was 
NS.  Rightmost column indicates model support for a negative relationship between occurrence 
and fragmentation.  * p <0.05, ** p<0.01, *** p < 0.005 
 

estimated metric value  
 metric scale  

(m radius) 3 sites pooled BC FR PF 
supports 

hypothesis 
10 0.005       
25 -0.002   
56 0.006 0.009 -0.03 ** n/a
75 0.01 0.01 -0.04 *** n/a

habitat 
amount 

100  0.01  0.01  -0.05 *** n/a 
10 6.45   
25 3.42   
56 0.88   
75 1.29   

mean patch 
area 

100 0.41       
10  6.36 ** 0.60  11.09 *** yes 
25 -0.55 2.88 13.68 *** yes
56  0.22  1.60  10.90 * yes 
75 0.38   

clumpiness 
index 

100  -1.15  6.01  8.58   
10 0.02   
25 -0.01 0.10 * -0.12  yes
56 0.02 0.31 * -0.14  yes
75 0.08 0.37 * -0.14  yes

ne
ga

tiv
el

y 
re

la
te

d 
to

 fr
ag

m
en

ta
tio

n 

patch 
cohesion 

100  0.08  0.52 ** -0.19 * yes/no 
25 0.24   
56 -0.04 0.06 0.39 *** n/a
75 -0.18 -0.33 0.30 ** n/a

positive 
or 

negative 

mean 
nearest-
neighbour 
distance 100  -0.26  -0.41  0.40 *** n/a 

10 -0.29 *   yes
25 -0.06   
56 -0.01   
75 -0.01   

number of 
patches 

100 -0.003       
10 -0.01 **   yes
25 -0.004 **   yes
56 -0.0004 -0.0002 -0.002 *** yes
75 -0.0002 -0.00006 -0.001 *** yes

total edge 

100  -0.00001  -0.00004  -0.001 *** yes 
10 -0.99 **   yes
25 -0.37 **   yes
56 -0.15 **   yes
75 -0.14 **   yes

landscape 
shape index 

100 -0.11 **     yes 
10 -4.29 **   yes
25 -3.87 *   yes
56 -3.37 *   yes
75 -3.73 3.04 -13.89 *** yes

po
si

tiv
el

y 
re

la
te

d 
to

 fr
ag

m
en

ta
tio

n 

area-
weighted 
mean 
fractal 
dimension 100  -2.08 2.90  -17.41 *** yes 
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Appendix C: Correlations between fragmentation metrics 

 

Many correlations among fragmentation metrics were relatively large (|r| > 0.40; 

Table S3).   In general, correlations were positive between pairs of metrics that both 

increase as fragmentation increases (e.g., number of patches and total edge), or that both 

decrease as fragmentation decreases (e.g., patch cohesion and clumpiness index), and 

correlations were negative between metrics whose relationships with fragmentation are in 

the opposite direction (e.g., between number of patches and patch cohesion).  

Correlations between residual fragmentation metrics were quite similar to patterns of 

correlations between initial fragmentation metrics.  

 Mean nearest-neighbour distance is known to have a complex relationship with 

fragmentation (see Discussion).  In this study, initial mean nearest-neighbour distance 

was negatively correlated with habitat amount (Table S3), suggesting a positive 

relationship with fragmentation.  However it was negatively correlated with every 

fragmentation metric except the clumpiness index.
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Table C.1. Pearson product-moment correlations between each pair of initial fragmentation metrics, habitat amount and PCA axes 

(top-right half) and between each pair of residual fragmentation metrics, habitat amount and PCA axis (bottom left half, bold). 

a no residual calculated for clumpiness index, insignificant relationship with habitat amount 

 

 

  
habitat 
amount 

mean 
patch 
area 

clumpiness 
index 

patch 
cohesion 

mean 
nearest-

neighbour 
distance 

number 
of 

patches 

total 
edge 

landscape 
shape 
index 

area-
weighted 

mean fractal 
dimension 

1st 
principal 

component 

2nd 
principal 

component 

habitat 
amount  0.69 0.17 0.71 -0.40 -0.44 -0.05 -0.55 -0.27 0.39 0.76 

mean 
patch area 0.19  0.13 0.39 -0.13 -0.48 -0.30 -0.55 -0.37 0.52 0.54 

clumpiness 
index a 0.17 0.14  0.37 0.43 -0.46 -0.62 -0.72 -0.55 0.79 -0.01 

ne
ga

tiv
el

y 
re

la
te

d 
to

 fr
ag

m
en

ta
tio

n 

patch 
cohesion 0.20 0.12 0.35  -0.32 -0.38 0.18 -0.32 0.13 0.22 0.86 

positive 
or 

negative 

mean 
nearest-

neighbour 
distance 

-0.05 0.17 0.56 0.41  -0.21 -0.52 -0.29 -0.34 0.46 -0.64 

number of 
patches -0- -0.29 -0.46 -0.45 -0.44  0.43 0.69 0.26 -0.69 -0.38 

total edge -0- -0.13 -0.91 -0.25 -0.59 0.48  0.81 0.84 -0.88 0.37 

landscape 
shape 
index 

-0- -0.13 -0.89 -0.41 -0.63 0.60 0.96  0.76 -0.96 -0.14 

po
si

tiv
el

y 
re

la
te

d 
to

 
fr

ag
m

en
ta

tio
n 

area-
weighted 

mean 
fractal 

dimension 

-0- 0.01 -0.75 0.14 -0.47 0.12 0.79 0.70  -0.81 0.29 

 1st 
principal 

component 
0.06 0.21 0.93 0.43 0.74 -0.63 -0.95 -0.97 -0.73  -- 

85 



 

 86

References 

Adriaens D., O. Honnay, and M. Hermy. 2006. No evidence of a plant extinction debt in 
highly fragmented calcareous grasslands in Belgium. Biological Conservation 
133:212-224. 

Alofs, K. M., and N. L. Fowler. 2010. Habitat fragmentation caused by woody plant 
encroachment inhibits the spread of an invasive grass. Journal of Applied Ecology 
47:338-347. 

Andersen, M.C., H. Adams, B. Hope, and M. Powell. 2004. Risk analysis for invasive 
species: general framework and research needs. Risk Analysis 24:893-900. 

Andrén, H. 1994. Effects of habitat fragmentation on birds and mammals in landscapes 
with different proportions of suitable habitat - a review. Oikos 71, 355-66. 

Bartuszevige, A. M., D. L. Gorchov, and L. Raab. 2006. The relative importance of 
landscape and community features in the invasion of an exotic shrub in a 
fragmented landscape. Ecography 29:213-222. 

Betts, M.G., G. J. Forbes, A. W. Diamond, and P. D. Taylor. 2006. Independent effects of 
fragmentation on forest songbirds: An organism-based approach. Ecological 
Applications 16:1076-89. 

Burnham, K.P. and D. R. Anderson. 2002. Model Selection and Multimodel Inference: a 
practical information-theoretic approach. 2nd edn. Springer-Verlag, New York. 

Chabrerie, O., F. Roulier, H. Hoeblich, E. Sebert-Cuvillier, D. Closset-Kopp, I. Leblanc, 
J. Jaminon, and G. Decocq. 2007. Defining patch mosaic functional types to 
predict invasion patterns in a forest landscape. Ecological Applications 17: 464-
81. 

Chapin III, F. S., E. S. Zavaleta, V. T. Eviner, R. L. Naylor, P. M. Vitousek, H. L. 
Reynolds, D. U. Hooper, S. Lavorel, O. E. Sala, S. E. Hobbie, M. C. Mack, and S. 
Diaz. 2000. Consequences of changing biodiverscity. Nature 405:234. 

Clavero, M., and E. García-Berthou. 2005. Invasive species are a leading cause of animal 
extinctions. Trends in Ecology & Evolution 20:110. 

Cushman, S.A., K. McGarigal, and M. C. Neel. 2008. Parsimony in landscape metrics: 
Strength, universality, and consistency. Ecological Indicators 8:691-703. 

Cousins S.A.O. 2009. Extinction debt in fragmented grasslands: paid or not? Journal of 
Vegetation Science 20:3-7. 



 

 87

Davies, K. F., P. Chesson, S. Harrison, B. D. Inouye, B. A. Melbourne, and K. J. Rice. 
2005. Spatial heterogeneity explains the scale dependence of the native-exotic 
diversity relationship. Ecology 86:1602-1610. 

Damschen, E. I., N. M. Haddad, J. L. Orrock, J. J. Tewksbury, and D. J. Levey. 2006. 
Corridors increase plant species richness at large scales. Science 313:1284-1286. 

Diamond J. M. 1972. Biogeographic kinetics: estimation of relaxation times for avifaunas 
of southwest Pacific islands. Proceedings of the National Academy of Sciences of 
the United States of America 69: 3199-3203. 

Didham, R. K., J. M. Tylianakis, N. J. Gernmell, T. A. Rand, and R. M. Ewers. 2007. 
Interactive effects of habitat modification and species invasion on native species 
decline. Trends in Ecology & Evolution 22:489-96. 

Drake J.M. and B. D. Griffen. 2009. Speed of expansion and extinction in experimental 
populations. Ecology Letters 12:772-778 

Elton, C. S. 1958. The ecology of invasions by animals and plants. The University of 
Chicago Press, Chicago. 

Ewers, R.M. & Didham, R.K. (2006) Confounding factors in the detection of species 
responses to habitat fragmentation. Biological Reviews 81, 117-42. 

Elton, C. S. 1958. The ecology of invasions by animals and plants. The University of 
Chicago Press, Chicago. 

Ewers, R. M., and R. K. Didham. 2006. Confounding factors in the detection of species 
responses to habitat fragmentation. Biological Reviews 81:117-142. 

Fahrig L. 2002. Effect of habitat fragmentation on the extinction threshold: a synthesis. 
Ecological Applications 12: 346-353. 

Fahrig L. 2003. Effects of habitat fragmentation on biodiversity. Annual Review of 
Ecology, Evolution, and Systematics 34: 487-515. 

Forman, R. T. T., and M. Godron. 1986. Landscape Ecology. John Wiley & Sons, New 
York. 

Fowler N.L., and D.W. Dunlap. 1986. Grassland Vegetation of the Eastern Edwards 
Plateau. American Midland Naturalist 115: 146-155. 

Fridley, J. D., R. L. Brown, and J. F. Bruno. 2004. Null models of exotic invasion and 
scale-dependent patterns of native and exotic species richness. Ecology 85:3215-
3222. 



 

 88

Fridley, J. D., J. J. Stachowicz, S. Naeem, D. F. Sax, E. W. Seabloom, M. D. Smith, T. J. 
Stohlgren, D. Tilman, and B. Von Holle. 2007. The invasion paradox: 
Reconciling pattern and process in species invasions. Ecology 88:3-17. 

Fuhlendorf, S. D., and F. E. Smeins. 1997. Long-term vegetation dynamics mediated by 
herbivores, weather and fire in a Juniperus-Quercus Savanna. Journal of 
Vegetation Science 8:819-828. 

Funk, J. L., E. E. Cleland, K. N. Suding, and E. S. Zavaleta. 2008. Restoration through 
reassembly: plant traits and invasion resistance. Trends in Ecology & Evolution 
23:695. 

Gabbard, B. L., and N. L. Fowler. 2007. Wide ecological amplitude of a diversity-
reducing invasive grass. Biological Invasions 9:149-160. 

Goldberg, D. E., and A. Novoplansky. 1997. On the relative importance of competition in 
unproductive environments. Journal of Ecology 85:409-418. 

Grime, J. P. 1977. Evidence for the existence of three primary strategies in plants and its 
relevance to ecological and evolutionary theory. American Naturalist 111:1169-
1194. 

Grime, J. P. 2001. Plant Strategies, Vegetation Processes, and Ecosystem Properties, 
second edition. John Wiley and Sons, New York, NY. 

Gustafson, E.J. and G.R. Parker. 1992. Relationships between landcover proportion and 
indexes of landscape spatial pattern. Landscape Ecology 7:101-10. 

Hanski I. 2005. The Shrinking World: Ecological Consequences of Habitat Loss. 
International Ecology Institute, Oldendorf/Luhe, Germany. 

Hanski I. and O. Ovaskainen. 2002. Extinction debt at extinction threshold. Conservation 
Biology 16:666-673 

Harrison, S. 2008. Commentary on Stohlgren et al. (2008): The myth of plant species 
saturation. Ecology Letters 11:322-324. 

Helm, A., I. Hanski, and M. Partel. 2006. Slow response of plant species richness to 
habitat loss and fragmentation. Ecology Letters 9:72-77. 

Herben, T., B. Mandak, K. Bimova, and Z. Munzbergova. 2004. Invasibility and species 
richness of a community: a neutral model and a survey of published data. Ecology 
85:3223-3233. 

Hooper, D. U., F. S. Chapin, J. J. Ewel, A. Hector, P. Inchausti, S. Lavorel, J. H. Lawton, 
D. M. Lodge, M. Loreau, S. Naeem, B. Schmid, H. Setala, A. J. Symstad, J. 



 

 89

Vandermeer, and D. A. Wardle. 2005. Effects of biodiversity on ecosystem 
functioning: A consensus of current knowledge. Ecological Monographs 75:3-35. 

Houlahan, J. E., D. J. Currie, K. Cottenie, G. S. Cumming, S. K. M. Ernest, C. S. Findlay, 
S. D. Fuhlendorf, U. Gaedke, P. Legendre, J. J. Magnuson, B. H. McArdle, E. H. 
Muldavin, D. Noble, R. Russell, R. D. Stevens, T. J. Willis, I. P. Woiwod, and S. 
M. Wondzell. 2007. Compensatory dynamics are rare in natural ecological 
communities. Proceedings of The National Academy of Sciences of The United 
States of America 104:3273-3277. 

Hubbell, S. P. 2001. The unified neutral theory of biodiversity and biogeography. 
Princeton University Press, Princeton, NJ. 

Huston, M. A. 1997. Hidden treatments in ecological experiments: Re-evaluating the 
ecosystem function of biodiversity. Oecologia 110:449-460. 

Jackson, D.A. 1993. Stopping rules in principal components analysis - a comparison of 
heuristic and statistical approaches. Ecology 74:2204-14. 

Jackson S. T. and D. F. Sax. 2010. Balancing biodiversity in a changing environment: 
extinction debt, immigration credit and species turnover. Trends in Ecology & 
Evolution 25: 153-160. 

Jaeger, J.A.G. 2000. Landscape division, splitting index, effective mesh size: new 
measures of landscape fragmentation. Landscape Ecology 15:115-30. 

Koper, N., F. K. A. Schmiegelow, and E. H. Merrill. 2007. Residuals cannot distinguish 
between ecological effects of habitat amount and fragmentation: implications for 
the debate. Landscape Ecology 22:811-20. 

Korner K. and F. Jeltsch. 2008. Detecting general plant functional type responses in 
fragmented landscapes using spatially-explicit simulations. Ecological Modelling 
210:287-300 

Kuussaari M., R. Bommarco, R. K. Heikkinen, A. Helm, J. Krauss, R. Lindborg, E. 
Ockinger, M. Partel, J. Pino, F. Roda, C. Stefanescu, T. Teder, M. Zobel, and I. 
Steffan-Dewenter. 2009. Extinction debt: a challenge for biodiversity 
conservation. Trends in Ecology & Evolution 24:564-571 

Lande R. 1987. Extinction thresholds in demographic models of territorial populations. 
The American Naturalist 103:624-635. 

Lande R., S. Engen, and B. E. Saether. 2003. Stochastic Population Dynamics in Ecology 
and Conservation. Oxford University Press, New York. 



 

 90

Levey, D.J., B. M. Bolker, J. J. Tewksbury, S. Sargent, and N.M. Haddad. 2005. 
Landscape corridors: Possible dangers? Response. Science 310:782-3. 

Levine, J. M. 2000. Species diversity and biological invasions: relating local process to 
community pattern. Science 288:852-854. 

Levine, J. M., P. B. Adler, and S. G. Yelenik. 2004. A meta-analysis of biotic resistance 
to exotic plant invasions. Ecology Letters 7:975-989. 

Levine, J. M., and C. M. D'Antonio. 1999. Elton revisited: a review of evidence linking 
diversity and invasibility. Oikos 87:15-26. 

Lindborg, R., and O. Eriksson. 2004. Historical landscape connectivity affects present 
plant species diversity. Ecology 85:1840-1845. 

Lindenmayer, D., R. J. Hobbs, R. Montague-Drake, J. Alexandra, A. Bennett, M. 
Burgman, P. Cale, A. Calhoun, V. Cramer, P. Cullen, D. Driscoll, L. Fahrig, J. 
Fischer, J. Franklin, Y. Haila, M. Hunter, P. Gibbons, S. Lake, G. Luck, C. 
MacGregor, S. McIntyre, R. Mac Nally, A. Manning, J. Miller, H. Mooney, R. 
Noss, H. Possingham, D. Saunders, F. Schmiegelow, M. Scott, D. Simberloff, T. 
Sisk, G. Tabor, B. Walker, J. Wiens, J. Woinarski, and E. Zavaleta. 2008. A 
checklist for ecological management of landscapes for conservation. Ecology 
Letters 11:78-91. 

Losure, D. A., B. J. Wilsey, and K. A. Moloney. 2007. Evenness-invasibility 
relationships differ between two extinction scenarios in tallgrass prairie. Oikos 
116:87-98. 

Lyons, K. G., and M. W. Schwartz. 2001. Rare species loss alters ecosystem function - 
invasion resistance. Ecology Letters 4:358-365. 

MacArthur R.H. and E. O. Wilson. 1967. The Theory of Island Biogeography. Princeton 
University Press, Princeton, New Jersey, USA. 

Malanson G.P. 2008. Extinction debt: origins, developments, and applications of a 
biogeographical trope. Progress in Physical Geography 32:277-291. 

McCarthy M.A., D. B. Lindenmayer D.B., and M. Drechsler. 1997. Extinction debts and 
risks faced by abundant species. Conservation Biology 11:221-226. 

McCune, B. and M. J. Mefford. 1999. PC-ORD. Multivariate Analysis of Ecological 
Data, Version 4.14. Mjm Software Design, Gleneden Beach, Oregon. 

McGarigal, K., S. Cushman, M. Neel, and E. Ene. 2002. FRAGSTATS: Spatial Pattern 
Analysis Program for Categorical Maps. Computer software program produced by 



 

 91

the authors at the University of Massachusetts, Amherst.  Available at the 
following web site: www.umass.edu/landeco/research/fragstats/fragstats.html.  

McGarigal, K. and S. A. Cushman. 2002. Comparative evaluation of experimental 
approaches to the study of habitat fragmentation effects. Ecological Applications 
12:335-345. 

McGarigal, K., and W. C. McComb. 1995. Relationships between landscape structure 
and breeding birds in the Oregon Coast Range. Ecological Monographs 65:235-
260. 

Naeem, S., J. M. H. Knops, D. Tilman, K. M. Howe, T. Kennedy, and S. Gale. 2000. 
Plant diversity increases resistance to invasion in the absence of covarying 
extrinsic factors. Oikos 91:97-108. 

Neel, M., K. McGarigal, and S. A. Cushman. 2004. Behavior of class-level landscape 
metrics across gradients of class aggregation and area. Landscape Ecology 
19:435-55. 

Paltto H., B. Norden, F. Gotmark, and N. Franc. 2006. At which spatial and temporal 
scales does landscape context affect local density of Red Data Book and Indicator 
species? Biological Conservation 133:442-454. 

Pearson, R. G., and T. P. Dawson. 2005. Long-distance plant dispersal and habitat 
fragmentation: identifying conservation targets for spatial landscape planning 
under climate change. Biological Conservation 123:389-401. 

Proches, S., J. R. U. Wilson, R. Veldtman, J. M. Kalwij, D. M. Richardson, and S. L. 
Chown. 2005. Landscape corridors: Possible dangers? Science 310:779. 

Rejmánek, M. 2003. The rich get richer- responses. Frontiers in Ecology and the 
Environment 1:122-123. 

Sala, O. E., F. S. Chapin, J. J. Armesto, E. Berlow, J. Bloomfield, R. Dirzo, E. Huber-
Sanwald, L. F. Huenneke, R. B. Jackson, A. Kinzig, R. Leemans, D. M. Lodge, 
H. A. Mooney, M. Oesterheld, N. L. Poff, M. T. Sykes, B. H. Walker, M. Walker, 
and D. H. Wall. 2000. Biodiversity - Global biodiversity scenarios for the year 
2100. Science 287:1770-1774. 

SAS. 2003. SAS 9.1. The SAS Institute, Cary, NC. 

Schumaker, N.H. 1996. Using landscape indices to predict habitat connectivity. Ecology 
77:1210-25. 

Shea, K., and P. Chesson. 2002. Community ecology as a framework for biological 
invasions. Trends in Ecology & Evolution 17:170-176. 



 

 92

Shen, W.G., D. Jenerette, J. Wu, and R. H. Gardner. 2004. Evaluating empirical scaling 
relations of pattern metrics with simulated landscapes. Ecography 27:459-69. 

Simberloff, D. 1988. The contribution of population and community biology to 
conservation science. Annual Review of Ecology and Systematics 19:473-511. 

Simberloff, D. 2000. What do we really know about habitat fragmentation? Texas Journal 
of Science 52: 5-22. 

Simberloff, D., J. A. Farr, J. Cox, and D. W. Mehlman. 1992. Movement corridors - 
conservation bargains or poor investments. Conservation Biology 6:493-504. 

Sleeman, J. C., G. A. Kendrick, G. S. Boggs, and B. J. Hegge. 2005. Measuring 
fragmentation of seagrass landscapes: which indices are most appropriate for 
detecting change? Marine and Freshwater Research 56:851-864. 

Smeins, F. E., S. D. Fuhlendorf, and C. A. Taylor. 1997. Environmental and land use 
change: A long-term perspective. Pages 1.3 - 1.21 in C. A. Taylor, editor. 
Proceedings of Juniper Symposium. Texas Agricultural Experiment Station, 
College Station, TX. 

Smith A.C., N. Koper, C. M. Francis, and L. Fahrig. 2009. Confronting collinearity: 
comparing methods for disentangling the effects of habitat loss and 
fragmentation. Landscape Ecology 24:1271-1285. 

Srivastava, D. S., and M. Vellend. 2005. Biodiversity-ecosystem function research: Is it 
relevant to conservation? Annual Review of Ecology, Evolution and Systematics 
36:267-294. 

Stohlgren, T. J., D. T. Barnett, and J. T. Kartesz. 2003. The rich get richer: patterns of 
plant invasion in the United States. Frontiers in Ecology and the Environment 
1:11-14. 

Stohlgren, T. J., C. Jarnevich, G. W. Chong, and P. H. Evangelista. 2006. Scale and plant 
invasions: a theory of biotic acceptance. Preslia 78:405-426. 

Theoharides, K. A., and J. S. Dukes. 2007. Plant invasion across space and time: factors 
affecting nonindigenous species success during four stages of invasion. New 
Phytologist 176:256-273. 

Thiele, J., U. Schuckert, and A. Otte. 2008. Cultural landscapes of Germany are patch-
corridor-matrix mosaics for an invasive megaforb. Landscape Ecology 23:453-
465. 

Tilman, D. 1999. The ecological consequences of changes in biodiversity: A search for 
general principles. Ecology 80:1455-1474. 



 

 93

Tilman D., R. M. May, C. L. Lehman and M. A. Nowak. 1994. Habitat destruction and 
the extinction debt. Nature 371:65-66. 

Tischendorf, L. 2001. Can landscape indices predict ecological processes consistently? 
Landscape Ecology 16:235-54. 

Trzcinski, M. K., L. Fahrig, and G. Merriam. 1999. Independent effects of forest cover 
and fragmentation on the distribution of forest breeding birds. Ecological 
Applications 9:586-593. 

Turner, B.L., H. Nichols, G. Denny, and O. Doron. 2003. Atlas of the vascular plants of 
Texas. Brit Press Botanical Research Institute of Texas, Fort Worth, TX. 

Van Auken, O. W. 2000. Shrub invasions of North American semiarid grasslands. 
Annual Review of Ecology and Systematics 31:197-215. 

Van Auken, O. W. 2009. Causes and consequences of woody plant encroachment into 
western North American grasslands. Journal of Environmental Management 
90:2931. 

Vellend M., K. Verheyen, H. Jacquemyn, A. Kolb, H. Van Calster, G. Peterken, and M. 
Hermy. 2006. Extinction debt of forest plants persists for more than a century 
following habitat fragmentation. Ecology 87:542-548. 

Villard, M. A., M. K. Trzcinski, and G. Merriam. 1999. Fragmentation effects on forest 
birds: Relative influence of woodland cover and configuration on landscape 
occupancy. Conservation Biology 13:774-783. 

Wardle, D. A. 2001. Experimental demonstration that plant diversity reduces invasibility 
- evidence of a biological mechanism or a consequence of sampling effect? Oikos 
95:161-170. 

Whittaker, R. J. 1998. Island Biogeography: Ecology, Evolution and Conservation. 
Oxford University Press, Oxford. 

Wilcove, D. S., D. Rothstein, J. Dubow, A. Phillips, and E. Losos. 1998. Quantifying 
threats to imperiled species in the United States. BioScience 48:607-615. 

With, K. A. 2002. The landscape ecology of invasive species spread. Conservation 
Biology 16:1192-203. 

With, K. A. 2004. Assessing the risk of invasive spread in fragmented landscapes. Risk 
Analysis 24:803-815. 



 

 94

Yamaura, Y., K. Katoh, and T. Takahashi. 2006. Reversing habitat loss: deciduous 
habitat fragmentation matters to birds in a larch plantation matrix. Ecography 
29:827-834. 

Zavaleta, E. S., and K. B. Hulvey. 2004. Realistic species losses disproportionately 
reduce grassland resistance to biological invaders. Science 306:1175-1177. 

Zavaleta, E. S., and K. B. Hulvey. 2007. Realistic variation in species composition affects 
grassland production, resource use and invasion resistance. Plant Ecology 188:39-
51. 

 



 

 95

Vita 

 

Karen Marie Alofs attended high school at Kenwood Academy, Chicago, IL.  In 

1998, she entered the University of Chicago in Chicago, IL.  In June, 2002, she received 

the degree Bachelor of Arts in Biology with honors specializing in Ecology and 

Evolution from the University of Chicago.  During the following years she surveyed rare 

and invasive plants for the Student Conservation Association and National Parks Service.  

In August, 2004, she entered the Graduate Program in Ecology, Evolution and Behavior 

at The University of Texas at Austin. 

 

 

 

Permanent email: kmalofs@yahoo.com 

This dissertation was typed by the author 

 

 
 
 


	Alofs_Dissertation1.pdf
	Alofs_dissertation2.pdf

